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Abstract 
 
In the restoration of tidal wetland ecosystems, potential drivers of plant 
community development range from biotic controls (e.g. plant competition, seed 
dispersal) to abiotic controls (e.g. tidal flooding, salinity levels).  How these controls 
influence the success of tidal wetland restoration are only partly understood, but have 
important implications for wetland habitat recovery. Specifically, the extent to which the 
existing native and non-native seed banks in tidally reconnected wetlands interact with 
these controls is not clear, yet the potential success of passive restoration methods 
depends upon this understanding.   
For a 54-year chronosequence of eleven tidal wetland restoration sites in the 
Lower Columbia River of western Oregon, USA, it was hypothesized that native plant 
species and soil properties would show trends approaching reference levels within 3 to 20 
years post-restoration and that lower elevation wetland areas within restored sites would 
exhibit a greater native species abundance and similarity to reference sites, compared 
with restored high elevation wetland areas. Results indicated that plant species richness, 
soil organic matter, bulk density, pH, and salinity conditions among the restoration sites 
reached reference wetland ranges within 3-6 years post-tidal reconnection. The mid-low 
marsh elevation zones (<2.5 m) recovered native plant cover within 3-6 years post-tidal 
reconnection, while high marsh elevation zones (>2.5 m) remained dominated by non-
native species Phalaris arundinacea and Juncus effusus subsp. effusus.   
 To investigate the mechanisms driving these non-native plant invasions, it was 
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hypothesized that native and non-native wetland plant community distributions would be 
reflective both of their abundance in the seed bank and of their germination tolerance to 
wetland tidal flooding and salinity conditions. Using a factorial study design of three tidal 
conditions by three salinity levels, these hypotheses were tested in the greenhouse. 
Overall, non-native seeds were found to significantly outnumber native seeds in both 
seed banks. In the greenhouse, P. arundinacea and J. effusus were found to germinate 
more readily out of the seed bank under freshwater high-marsh flooding (1 hour a day) 
treatments as compared to oligohaline (3 ppt) mid-low marsh flooding (3-6 hours twice a 
day) treatments and to brackish salinity (10 ppt) treatments. Dominant native wetland 
species, Carex lyngbyei and Schoenoplectus lacustris, germination were not found to 
vary significantly among the treatments (p > 0.10).  
These results indicate that the salinity and flooding gradients within these restored 
marshes suppress germination of the non-native species in the low-mid marsh but not in 
the high marsh, where they are likely able to outcompete the native species due to their 
dominance in the seed bank.  The implications of these results for passive tidal wetland 
restoration efforts are that both seed bank composition and species-specific tolerances to 
restored tidal flooding and salinity gradients are key mechanisms driving native and non-
native plant community development and resilience.  
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1 Chapter 1: Introduction to Restoration of Tidal Wetlands in the Columbia 
River Estuary 
1.1  Research Context   
 Wetlands and floodplains have been extensively diked and drained for agricultural 
development in delta regions throughout the world (Christy 2004, Gedan et al. 2009, 
Spencer and Harvey 2012). In the Columbia River Estuary (CRE; 46.2442° N, 124.0581° 
W, Figure 1.1) the current extent of tidal wetland loss is uncertain; however, historic 
accounts estimate losses to be greater than 70% (Thomas 1983, Marcoe and Pilson 2013). 
Global and local loss of tidal wetland ecosystems have resulted in severe declines in 
aquatic ecosystem services1 including water quality regulation, climate regulation, fish 
and wildlife habitat provisioning, and cultural heritage (e.g., Keddy 2004, Peterson et al. 
2008, Gedan et al. 2009, Howe et al. 2009, Watanabe and Ortega 2011, Yeakley et al. 
2016). In reaction to the loss of ecosystem services, a movement to restore tidal wetlands 
through hydrologic reconnection of diked and reclaimed lands has been active since the 
early 1990’s (Garbutt and Wolters 2008). Hydrologic reconnection is the process of re-
introducing tidal flooding2 to areas that have been previously disconnected from this 
hydrology and maintained in a drained state for (primarily) agricultural uses. While the 
                                                 
1 Ecosystem services are defined as the direct and indirect benefits humans receive from ecosystem 
functions and processes (MEA 2005).  
2 Tidal flooding is referring to wetland inundation, specifically to the frequency and duration of flooding to 
which an area is exposed. 
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number of these restoration projects is increasing at a rapid rate, critical ecological 
research is needed to underpin these restoration efforts; additionally, extensive 
monitoring is needed to validate the success of these restoration activities.  
 
Figure 1.1: Map of the location and extent of the Lower Columbia River Estuary in reference to the 
Columbia River Basin.  
 The science of restoring tidal wetlands, especially oligohaline tidal wetlands, 
characterized by brackish to freshwater conditions with average salinity ranges from 0.5-
5 ppt, is still relatively new. Much of how and at what rates wetland ecosystem structures 
and functions recover in these transitional tidal systems remains unclear (Tanner et al. 
2002, Roegner et al. 2010, Callaway et al. 2012, Moreno-Mateos et al. 2012, Spencer and 
Harvey 2012). The literature thus far on tidal oligohaline wetland restoration in the region 
is primarily focused on salmonid utilization (Tanner et al. 2002, Roegner et al. 2010, 
Thom et al. 2012). These studies have provided evidence that endangered salmonid 
species occupy tidally reconnected wetlands within the first year of restoration (Gray et 
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al. 2002, Roegner et al. 2010). More research is needed, however, to identify the 
restoration timeline for the ecosystem structures and functions that define tidal wetland 
habitat quality and ecosystem service provisioning including native plant assemblages, 
biodiversity, soil development, and carbon sequestration. Understanding the mechanisms 
and timelines driving the development and recovery of tidal wetland ecosystems is 
especially salient in this time of global change and critical for anticipating the ecological 
impacts of coastal sea-level rise and ongoing estuary restoration throughout the world 
(Zedler and Callaway 1999, Spencer and Harvey 2012).   
 The overall objective of this dissertation was to evaluate the rates and drivers of 
ecosystem recovery in tidally reconnected oligohaline wetlands of the CRE and to test the 
theoretical ecological assumptions implicit to this passive restoration approach. The goal 
of this introduction chapter is to provide general background information about the CRE, 
wetland restoration, and wetland ecology. The aim of including this background 
information is to both provide rational for the following chapters, this dissertation’s 
scientific studies (Chapters 2 and 3), and to make this work accessible and replicable to a 
general audience.   
1.2 Columbia River Estuary 
1.2.1 Geography: Tides, Salinity 
The Columbia River is the fourth largest river, by volume of discharge, in the 
United States and has a drainage basin encompassing a total area of 660,480 km2 
(Simenstad et al. 1990). The discharge of the Columbia River and the upriver extent of 
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the CRE have been modified by the construction and operation of eleven hydroelectric 
dams on the main stem of the river (Simenstad et al. 1990). The Bonneville Dam located 
at River Kilometer (RKm) 235, acts as a barrier to tidal influence further up river and 
marks the current head of tide (from the Pacific Ocean) in the main stem of the estuary 
(Figure 1.1). The CRE experiences mixed semidiurnal tides, with two high and two low 
tides of different amplitudes each day (Johnson 2010). The degree of tidal influence in 
the estuary varies depending on river flow conditions and local geomorphology. 
Generally, the lower estuary from the mouth of the river to RKm 21 - 56 (depending on 
river flow) is dominated by tidal influences, while the remaining upper estuary conditions 
are dominated by river discharge (Johnson 2010). Tidal amplitude decreases 
progressively upriver, with the maximum tidal amplitude occurring near Astoria, Oregon 
at the mouth of Young’s Bay ranging from 1.7 to 4.0 meters (Johnson 2010). Tidal and 
river flow conditions in the estuary also affect saltwater intrusion from the Pacific Ocean. 
Saltwater intrusion, the movement of ocean water (32-36 ppt) into the estuary, is 
generally restricted to the lower (~50 RKm) estuary (Hamilton 1990). The Columbia 
River’s abundant discharge minimizes the magnitude of the saltwater intrusion, with a 
primarily oligohaline (0.5-5ppt) to freshwater (<0.5 ppt) gradient existing from Young’s 
Bay and moving upriver. The exact degree and extent of intrusion can, however, be 
extremely dynamic depending on the tidal cycle and river flow conditions (Hamilton 
1990). The highest salinity intrusion occurs during coupled low flow and spring tide 
cycles and the lowest occurs during coupled high flow and neap tide cycles (Lutz et al. 
1975, Johnson 2010).  The seasonal and tidal driven fluctuation in estuary salinities 
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results in salinity peaks during the dry late summer months, with Columbia River 
salinities measuring between 10-20 ppt in September (river mile 17.5) near the mouth3 of 
Youngs Bay (Lutz et al. 1975). 
1.2.2 Geography: Oligohaline Wetlands and Sea level Rise 
 In the CRE, oligohaline wetlands are prime habitat for many aquatic organisms 
including endangered salmonids. They provide critical physiological transitional and 
rearing habitat for juvenile salmonids (fry and fingerling migrants) traveling through the 
estuary on their way to the ocean and for adults upon their return journey through the 
estuary to spawn (Wissar and Simenstad 1988, Hood 2000, Simenstad and Cordell 2000, 
Tanner et al. 2002, Bottom et al. 2011). Young's Bay represents one of the only 
oligohaline tidal wetland complexes in the estuary (Bottom et al. 2011), where an 
estimated 97% of the historic tidal wetland habitats have been lost since the early 1900's 
(Thomas 1983, Marcoe and Pilson 2013). Tidal wetland areas in the Young's Bay 
watershed were diked and drained for agriculture during the turn of the 20th century and 
into the 1930's (Johnson and Zudel 1936). Today these diked wetlands are primarily used 
as cattle/dairy pastures, hay fields, and increasingly for tidal wetland restoration. As of 
2015, a large percent of the current CRE tidal wetland restoration efforts have taken place 
in the watershed (Figure 1.2).  
                                                 
3 At the time of this investigation there were no historic or current continuous salinity monitoring data 
available for Youngs Bay or any of its tributaries.  
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Figure 1.2: Overview map of Young’s Bay, Oregon and the location of tidal reconnection wetland 
restoration sites. Labeled by years since tidal reconnection at the time of surveying (2013-2014), more 
information about each site can be found in Table 2.1.  
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The lower reach of the estuary will likely become increasingly important in the 
future as the climate changes and sea level rise alters the estuary's salinity and tidal 
flooding regimes. Current sea level rise models show up to a 2.5-fold increase in CRE 
oligohaline transitional wetland extent due to increases in salinity intrusion and flooding 
alone (Glick et al. 2007). When paired with continued dike removal restoration efforts the 
extent of these transitional wetlands could be expanded to as much as 5 times their 
current area by the year 2100 (Glick et al. 2007).  Given the current restoration focus and 
the future restoration potential of these oligohaline tidal ecosystems, it is fundamental 
that we develop a better understanding of the factors controlling the ecological functions 
and processes associated with the ecosystem services they provide (Callaway et al. 2007). 
Scientifically rigorous studies of these systems are needed to evaluate restoration 
trajectories and drivers of ecosystem service recovery in these tidal oligohaline wetland 
systems (Spencer and Harvey 2012).  
1.2.3 Drivers of Restoration: Dikes, Dams, and Salmon 
 Since the time of early Euro-American settlement in the CRE (early 1800’s), there 
has been a culmination of ecological impacts including extensive loss of tidal wetland 
habitat from dike and levee development, overfishing, pollution, and restricted river 
access/habitat from the development of hydroelectric dams (Lichatowich 1999). Over the 
years, these ecological changes and impacts have resulted in a dramatic decline in 
Columbia River salmon fisheries (Lichatowich 1999). In the 1990's twelve species of 
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Columbia River salmonids were listed under the endangered species act (ESA) (Harris 
2011, Molina 2014). These ESA listings have spurred a large movement by the 
Bonneville Power Administration (BPA) in partnership with the Northwest Power and 
Conservation Council (NPCC) to mitigate for salmonid losses resulting from hydropower 
dam operations throughout the Columbia River basin. Through this partnership, BPA has 
spent over $1.9 billion on fish and wildlife enhancement projects in the basin since 2003 
(BPA 2014).  
Beginning in the early 2000’s, many of the BPA enhancement-mitigation efforts 
have taken the form of tidal wetland restoration projects in the lower CRE. The primary 
motivation for choosing locations and funding these tidal reconnection restoration 
projects is an evaluation of potential restoration benefits (primarily for salmon) a given 
site is anticipated to provide (ERTG 2011). Once potential benefits are assessed and the 
project receives approval, very little research or monitoring of restoration outcomes 
actually takes place. This lack of monitoring and research appears to be justified by the 
general assumption that after initial restoration work has been conducted, the ecosystem 
will follow a natural (restored) successional trajectory, resulting in a self-maintaining 
tidal ecosystem that no longer requires active restoration or management (ERTG 2011). 
BPA does acknowledge these mitigation practices involve great uncertainty, highlighting 
that the science and understanding of tidal wetland development is not well established 
(ERTG 2012). Recent external reviews of BPA's mitigation efforts highlight the need for 
statistically and scientifically rigorous monitoring of restoration projects to ensure 
potential benefits are being realized (ISRP 2007, IMST 2011, ISRP 2016). These reviews 
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have resulted in improvements to BPA's current regional Research, Management and 
Evaluation (RME) plan (Thom et al. 2012, ISRP 2013); however, the program still lacks 
funding for basin-wide scientifically-robust project-level monitoring and research to 
evaluate the outcomes of past and future projects. With more than 10 years of restoration 
project activity having been conducted in the estuary, a review of past project 
effectiveness provides valuable information for improving future restoration efforts and 
reducing mitigation uncertainty (Peterson et al. 2008).  
1.3 Tidal Wetlands: Restoration and Science 
1.3.1 What is Restoration? 
 Restoration is commonly defined as the act of restoring self-maintaining structure 
and function to a degraded ecosystem (e.g., SER 2004, Apostol et al. 2006, Simenstad et 
al. 2006, Palmer and Rulh 2015). Restoration is conducted through the removal of 
disturbance(s) and/or recreation of the environmental conditions considered necessary for 
an ecosystem to recover natural structure and function over time (e.g., SER 2004, 
Apostol et al. 2006, Simenstad et al. 2006, Palmer and Rulh 2015). In other words, 
restoration actions are intended to reset an ecosystem’s successional trajectory, the 
process of ecological development over time, towards those of the system pre-
disturbance. Tidal reconnection is one of the most common passive restoration 
approaches used to recover lost tidal wetland ecosystems. The term passive in this 
context indicates that no continued management or manipulation of the sites occur after 
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the initial restoration actions have taken place. Tidal reconnection restoration projects 
occur in areas that were historically tidal wetlands but have been disconnected from 
tidally-influenced hydrology through the building of dikes and drainage ditches. This 
disconnection from tidal flooding is considered the degrading/missing ecological factor 
that needs to be reversed for restoration back into a tidal wetland to occur. It is assumed 
that through the reintroduction of tidal flooding the appropriate environmental conditions 
will be restored, allowing the site to follow a natural successional trajectory towards a 
fully functioning, self-maintaining, tidal wetland ecosystem, without further human 
intervention (Zedler and Callaway 1999, Warren et al. 2002, Simenstad et al. 2006). In 
restoration, ecological development and recovery of ecosystem structure and function is 
commonly tracked through monitoring plant community characteristics such as species 
diversity and abundance (Zelder and Kercher 2005). Full functionality of these 
ecosystems is determined by the similarity of plant community characteristics to nearby 
or adjacent natural wetlands, called reference wetlands. Reference wetlands are areas that 
have not been historically degraded and/or drained (i.e. what the degraded areas are 
assumed to have resembled before being diked and drained) representing the goal of 
ecosystem structure and function restoration (Zedler and Callaway 1999, Warren et al. 
2002).  
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1.3.2 Theory of Ecological Restoration-Recovery: Restoration and 
Ecological Succession 
The science underpinning the theory of ecological restoration-recovery, i.e., that 
an ecosystem will revert to its historic state or reference condition after restorative action 
has taken place, is rooted in the Clementsian theory of plant succession (Clements 1916, 
1936, Hilderbrand et al. 2005).  Clementsian theory proposes that ecosystems develop in 
predictable fashion over time: a single successional trajectory of sequential plant 
community development (with one plant community paving the way for the next and so 
on), towards a specific ecological end point or climax condition (Clements 1916, 1936, 
Hilderbrand et al. 2005). An end point or climax community is self-maintaining into 
perpetuity, until a significant disturbance resets the system to an earlier successional state 
(Clements 1916, 1936, Hilderbrand et al. 2005). In support of the restoration-recovery 
theory, the theory of wetland self-design stipulates creation or recovery of wetland 
hydrological conditions (i.e. saturated soil conditions) will result in reference plant 
community assemblages naturally developing over time (Mitsch and Gosselink 2007). 
Underlying these ecological theories is the idea that, with the removal of the disturbance 
(i.e. removal of dikes to restore tidal flooding) and enough time to recover, an ecosystem 
will develop the goal of historic/reference conditions. These successional theories 
provide the scientific justification for current passive wetland restoration practices; 
however, the actual recreation of a single successional trajectory (towards reference 
conditions) is highly debated, with sparse evidence to support the theory that tidal 
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restoration sites will naturally revert back to reference conditions after initial restoration 
actions have taken place (e.g., Zedler 2000, Hilderbrand et al. 2005, Borja et al. 2010, 
Mossman et al. 2012, Smith and Warren 2012).  
 Gleasonian (1917) theory of plant succession, in contrast to the Clementsian 
theory, stipulates that plant community development is determined by individual species’ 
responses to shifts in the physical/environmental conditions they are exposed to (Gleason 
1917, van der Valk 1981, Wilcox 2004). The plant species that establish and persist, 
being best suited to survive the environmental conditions present, may or may not result 
in a particular trajectory of plant assemblage development over time (Keddy 1992).  A 
more nuanced view of ecological successional development thus includes both a 
consideration of ecological changes brought about by the plants themselves (i.e. internal 
forces, Clementsian theory) and those brought about by shifts in local environmental and 
climatic conditions (i.e. external forces, Gleasonian theory). Ecological changes brought 
about through the internal forces of plant development and new species introduction are 
considered autogenic succession and include processes such as accumulation of organic 
matter through plant litter, increase in sedimentation from an increase in soil surface 
roughness (from plant growth), shifts in soil chemistry and nutrients from plant uptake, 
decay, allelopathy, and changes in light availability from the development of canopy 
cover (Wilcox 2004). Ecological changes caused by external forces are considered 
allogenic succession and include changes brought about by a declining plant density from 
grazing and shifts in climate that can result in flooding and/or drought that can in turn 
result in changes in site soil conditions, sedimentation, and erosion (Wilcox 2004). Both 
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autogenic and allogenic succession can be tied to shifts in plant development and 
competition, working in tandem over time and space resulting in varying tidal wetland 
successional trajectories, ecological conditions, and plant community characteristics.  
Given the myriad of factors, both internal and external, influencing tidal wetland 
development, it seems reasonable that a restoration site could seemingly follow any 
number of successional trajectories resulting in different ecological outcomes over 
varying time scales. The simple theory of ecological restoration-recovery appears to lack 
recognition or understanding of these complex internal and external ecological 
interactions that may result in different ecological outcomes than those of a reference 
system. With limited data on PNW tidal wetland restoration progress or outcomes 
however, it is difficult to identify the current successional trajectories of restoration sites 
and/or identify whether ongoing restoration practices are resulting in the recovery of 
reference ecosystem structure and function (Zedler and Callaway 1999, Spencer and 
Harvey 2012).  
Knowledge gaps and uncertainty surrounding tidal wetland restoration outcomes 
can be tied to a lack of scientifically rigorous restoration project monitoring, analysis, and 
data publication/sharing (Konisky et al. 2006, Simenstad et al. 2006, Kennish 2012, 
Spencer and Harvey 2012, Thom et al. 2012). The absence of monitoring in the 
restoration process is a serious issue. Researchers and practitioners have identified this as 
an international issue and criticized the current restoration process for its lack of essential 
ecological monitoring and evaluation (Bash and Ryan 2002, Windham et al. 2004, Ryder 
and Miller 2005, Konisky et al. 2006, Bunn et al. 2010, Bernhardt and Palmer 2011, 
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Lennox et al. 2011, Kennish 2012). Without information regarding the outcomes of these 
projects, practitioners are prevented from adapting restoration strategies and little 
ecological scientific advancement can be made to better guide future restoration 
processes (Bernhardt et al. 2005, Konisky et al. 2006, Kennish 2012).   
 
1.3.3 Tidal Wetland Ecology: Soil and Plant Community Development 
Depending on the goal of a tidal wetland restoration project, one wetland plant 
community may be more desirable than another. In the PNW, native oligohaline tidal 
wetland sedge (Carex lyngbyei Hornem.) communities have been identified as valuable 
contributors to salmonid prey production (Hood 2000) and bulrush (Schoenoplectus 
lacustris (L.) Palla) communities hold significant cultural value to Native American 
Tribes (Deur and Turner 2005). Native wetland plant species are commonly used as 
indicators of ecosystem recovery because their presence represents a recovery of wetland 
habitat structure which is a necessary component of ecosystem function in these 
environments. In natural and restoration wetlands variations in wetland, indicator plant 
species dominance and diversity have been linked to differences in wetland ecosystem 
service provisioning including differences in water quality, primary production, habitat 
quality for salmonids, birds, and other wildlife (Engelhardt and Ritchie 2001, Keddy 
2004, Mitsch and Gosselink 2007, Roman and Burdick 2012).   
Ecologists are generally criticized for depending on plant species or plant 
community response as all-encompassing indicators of ecological or environmental 
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change (Tiner 1991). This criticism is primarily driven by the fact that plant community 
development is complex, depending on both autogenic and allogenic factors (Figure 1.3), 
and cannot often be easily tied to one isolatable variable (Tiner 1991). In tidal wetland 
restoration, however, allogenic dynamics of reintroduced tidal flooding have been 
established as the strongest influential factor driving changes in soil conditions and plant 
community development (e.g., van der Valk 1981, Zedler 2000, Montalto and Steenhuis 
2004, Wilcox 2004, Zedler and Kercher 2005, Davy et al. 2011, Roman and Burdick 
2012). During restoration, sites are transitioned from agricultural fields into tidal 
wetlands, bringing about dramatic changes in growing conditions including a shift from 
oxic (oxygen rich) to anoxic (oxygen poor), changes in salinity, organic matter 
accumulation, and nutrient availability in the soil (Davy et al. 2011, Roman and Burdick 
2012). Very few plants are adapted to survive in sustained anoxic conditions, making the 
transition from agricultural to tidal wetland plant communities seemingly swift (Davy et 
al. 2011). This swift plant community transition is due to the natural process of upland 
plant die-off and adapted wetland plant recruitment upon tidal reconnection. Clear 
mechanistic relationships have been observed driving the transition from upland to tidal 
wetland soil conditions and wetland plant community development. A detailed summary 
of these relationships has been provided below.   
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Figure 1.3: Conceptual diagram outlining the major environmental factors controlling and/or influencing 
tidal wetland plant community and ecosystem development. 
 
1.3.3.1 TIDAL FLOODING AND SOIL CONDITIONS 
 Prior to tidal reconnection, agricultural fields typically host well drained soils 
with high oxygen concentration (Portnoy 1999). Once tidal flooding is reintroduced, soils 
become saturated with water and oxygen levels drop because oxygen diffusion is 
dramatically reduced between the soil/water interfaces (Armstrong 1979, Portnoy 1999). 
Additionally, respiration from plants and soil organisms use up oxygen faster than it can 
be replenished under saturated conditions. Low oxygen levels in the saturated soil can 
17 
 
lead to a shift in soil biota and respiration pathways from aerobic (where oxygen is the 
primary electron acceptor) to anaerobic (in which other ions such as nitrate, iron, 
magnesium, sulfate, and carbon are used as electron acceptors in the place of oxygen and 
each other) (Schlesinger and Bernhardt 2013). The shift from oxygen to other electron 
acceptors in the respiration pathway can be measured in the soil through the assessment 
of the oxygen reduction potential4 (commonly refer to as either Redox or ORP) 
(Schlesinger and Bernhardt 2013). High positive ORP soil levels indicate aerobic soil 
conditions while low ORP indicate anaerobic conditions (Schlesinger and Bernhardt 
2013). By re-introducing tidal flooding in these previously drained systems, the soil 
conditions are expected to shift from aerobic to anaerobic, and result in a decline in the 
soil's ORP levels. In anoxic soil conditions, soil microbes first reduce nitrate (i.e. 
denitrification), then oxides of magnesium and iron, and finally sulfate and carbon 
(Laanbroek 1990, Schlesinger and Bernhardt 2013). The soil’s ORP levels decrease with 
each anaerobic pathway transition, providing a measure of how reduced the soil 
conditions have become.  
Anaerobic respiration pathways are less efficient than aerobic and consequently 
the soil decomposition process is slowed, which results in a buildup of organic matter in 
wetland soils over time (Portnoy 1999). The salinity of the reintroduced tidal flood waters 
                                                 
4 Oxygen rich environments have higher redox conditions because of oxygen’s high capacity to attract 
electrons; alternatively environments low in oxygen have low redox conditions because in these conditions 
there is an abundance of reduced compounds with less electron attraction potential (Schlesinger and 
Bernhardt 2013). 
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can, however, alter these soil processes.  Salt water contains higher levels of sulfate than 
freshwater, which can shift the anaerobic metabolism towards sulfate reduction (Weston 
et al. 2011).  Sulfate reduction is more efficient than other anaerobic respiration 
pathways, resulting in less overall soil organic matter accumulation (Weston et al. 2011). 
If soil conditions are anaerobic but primarily from fresh water saturation, an introduction 
of saltwater can increase respiration through sulfate reduction and cause a decline in 
existing soil organic matter levels (Portnoy 1999). Additionally sulfate reduction 
increases soil hydrogen sulfide and iron sulfide concentrations, which can create acidic 
soil conditions (i.e. pH < 4) when the soils are re-exposed to oxygen (Joye and 
Hollibaugh 1995, Portnoy 1999).  
Reintroduced water salinity can also influence the availability of soil nutrients for 
plant uptake and export. In freshwater systems, the low ORP and high organic carbon 
conditions created by tidal reconnection promote denitrification (nitrate reduction into 
gaseous N2) which may result in lower overall soil N levels over time (Schlesinger and 
Bernhardt 2013). With increased salinity levels, nitrogen is released from the soil as 
ammonium from saltwater ion exchange (Osborne 2014). This also results in a lower rate 
of ammonium to nitrate conversion, resulting in a decrease of available nitrate for nitrate 
reduction (Osborne 2014). When these reactions are combined with an increase in sulfate 
reduction (instead of denitrification), which also results from the introduction of 
saltwater, the resulting soil nitrogen levels may increase over time (Osborne 2014).  
Phosphorus levels are also influenced by saltwater introduction (Williams et al. 2014). 
Phosphorus availability is tightly coupled to pH levels and ionic conditions resulting from 
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aerobic sulfur reduction (Williams et al. 2014). Under the most common freshwater pH 
levels (neutral to slightly acidic), phosphorus tends to be bound to cations and not 
biologically available (e.g., Baldwin and Mitchell 2000, Schlesinger and Bernhardt 2013, 
Williams et al. 2014). Saltwater introduction causes a rise in pH levels and sulfate 
reduction, which in turn results in increased phosphorus availability (e.g., Baldwin and 
Mitchell 2000, Schlesinger and Bernhardt 2013, Williams et. al. 2014).   
More research is needed to define the impacts of these biogeochemical processes 
on tidal wetland development. In oligohaline tidal wetlands, salinity can fluctuate on a 
daily, sometimes hourly, basis depending on seasonal variations in fluvial (i.e. fresh) and 
tidal (i.e. salty) inputs. The dynamic nature of oligohaline wetlands makes determining 
the biogeochemical outcomes of tidal reconnection and its influence on ecosystem 
recovery a complex task. Existing oligohaline tidal wetland restoration sites could 
provide an opportunity for observing and studying the influence of these shifting 
biogeochemical conditions on ecological development and, as a proxy, the ecological 
impacts of sea level rise including saltwater intrusion and tidal wetland creation. 
1.3.3.2 WETLAND PLANT COMMUNITY DEVELOPMENT: GROWING 
CONDITIONS AND ADAPTATIONS  
 Very few plants are adapted to survive in sustained anaerobic (low ORP) wetland 
conditions (Vartapetian and Jackson 1997, Schlesinger and Bernhardt 2013). Anaerobic 
conditions cut off oxygen supply to plant roots causing a severe reduction in metabolic 
activity (such as nutrient uptake and growth). This facilitates a switch to anaerobic 
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glycolysis (also called aerobic respiration or fermentation) which does not supply 
adequate energy to sustain the plant and results in a buildup of toxic end products, rapidly 
resulting in plant death (Vartapetian and Jackson 1997). Depending on the duration of 
anaerobic conditions and the activity of reducing microbes, inhospitable soil conditions 
can develop, limiting plant survival (Setter and Belford 1990, Vartapetian and Jackson 
1997). This is because over time, the products of reduced oxides of magnesium, iron, and 
sulfate build up in the soil and kill exposed root systems (Setter and Belford 1990, 
Vartapetian and Jackson 1997). Only wetland and aquatic plant species, known as 
hydrophytes5, which are adapted to live in low oxygen environments, can survive these 
seemingly inhospitable soil conditions.  Because of this, reintroduction of tidal flooding 
during the restoration process is intended to reset the ecosystem, killing off the 
agricultural plant community dominated by non-native field grasses and herbs creating 
conditions suited to desired hydrophyte plant species.  
Not all hydrophyte plant species are equally capable of surviving in wetland 
conditions (i.e. saturated, anoxic soil). The presence or absence of different hydrophyte 
plant species is commonly used as a measure of wetland ecological conditions, such as 
the degree or extent of anoxia.  The United State Fish and Wildlife Service has developed 
a set of categories referred to as Wetland Indictor Status (WIS), within which upland and 
hydrophyte plant species are classified based on the probability of their occurrence in 
                                                 
5 Hydrophyte plant species are defined as "any plant growing in water or on a substrate that is at least 
periodically deficient in oxygen as a result of excessive water content" (Cowardin et al. 1979).  
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anoxic wetland conditions (Tiner 1991). Obligate wetland (OBL), facultative wetland 
(FACW), and facultative (FAC) species are all considered hydrophytes, ranging 
consecutively from > 99%, 99-67%, and 66-34% estimated probability of occurrence in 
wetlands, respectively (Tiner 1991).  OBL species are best adapted to anoxic conditions, 
followed by FACW and FAC species. Facultative upland (FACU) and upland (UPL) 
species are not considered hydrophytes, being generally not well adapted to anoxic soil 
conditions, with estimated probabilities of occurrence at 1-33% and < 1% in wetlands 
(Tiner 1991). These classifications are most frequently used for legal wetland delineation; 
50% or more of the dominant vegetation typically needs listing under the hydrophyte 
classifications (OBL, FACW, FAC) for a wetland designation to be considered. 
 Hydrophytes are able to survive anoxic wetland soil conditions through a variety 
of mechanisms. This includes adaptations such as aerenchyma tissue and shallow, 
elongated, and/or adventitious roots that allow the plant to oxygenate the root zone 
through increased internal gas transport from leaf to root (Tiner 1991, Vartapetian and 
Jackson 1997). Oxygenation of the root zone protects the plant from the harsh reduced 
soil conditions by oxidizing potentially harmful ions such as Mn2+ and Fe2+ (Laanbroek, 
1990) before they can enter the root and cause damage (Setter and Belford 1990, 
Vartapetian and Jackson 1997, Schlesinger and Bernhardt 2013). Some species have also 
developed metabolic mechanisms that allow plant dormancy during prolonged periods of 
anaerobic stress (Tiner, 1991, Vartapetian and Jackson 1997). The salinity of the water 
reintroduced to the wetland can also influence hydrophyte species establishment (Davy et 
al. 2011). Increased salinity of soil water can cause a state of dehydration in plants and 
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seeds, making it hard to maintain osmotic balance while avoiding the uptake of sodium 
(Ungar 1978). Sodium uptake injures plants through the disruption of cellular enzyme 
activity (Ungar 1978). Some hydrophyte species, those common to saltmarsh habitats, are 
capable of surviving in high salinity conditions (Ungar 1978). These salt tolerant species 
have adaptations allowing them to retain osmotic pressure, and avoid/excreting excessive 
sodium uptake (Ungar 1978). Additionally, hydrophyte species generally have 
reproductive adaptations such as floating seeds, long-term seed survival, and germination 
under flooded, anaerobic, and saline soil conditions that allow them to survive in these 
wet and sometimes salty tidal environments (Ungar 1978, Setter and Belford 1990, 
Vartapetian and Jackson 1997).  
1.3.3.3 WETLAND PLANT COMMUNITY DEVELOPMENT: SEED BANKS AND 
GERMINATION  
 Hydrophyte species present in soil seed banks allow for a quicker vegetative 
response to shifts in the restored wetland growing conditions (McCormick and Gibble 
2014). A seed bank is the collection of seeds found in the soil that are viable for future 
germination (McCormick and Gibble 2014). A seed bank can be composed of both seeds 
of plant species currently and historically found on the site as well as seeds of plant 
species not found on the site but newly dispersed to the area (McCormick and Gibble 
2014). A succession of different environmental cues such as seasonal changes in 
temperature, light, salinity, and soil moisture are needed to release seeds from dormancy 
in the seed bank and to activate germination mechanisms (Finch-Savage and Leubner-
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Metzger 2006, McCormick and Gibble 2014). The exact environmental conditions 
controlling germination from the seed bank are genetically defined for each species 
(Finch-Savage and Leubner-Metzger 2006). This is an adaptation of the species to its 
environment with germination only taking place when the environmental conditions 
present are likely to provide a suitable opportunity for the species to grow and become 
established (Finch-Savage and Leubner-Metzger 2006). In oligohaline tidal wetland 
environments, germinating seedlings must be adapted to the continued (or sometimes 
fluctuating) anaerobic and saline soil conditions that persist in these tidally saturated soils 
(Tiner et al. 1991, Deberry and Perry 2000). In restored oligohaline wetlands, soils shift 
from primarily aerobic to anaerobic conditions from the reintroduction of flooding. This 
re-introduction of flooding also causes an increase in the soil salinity, with saline 
estuarine water infiltrating the soil during high tide events. These newly restored/created 
soil conditions are responsible for stimulating the germination, growth, and establishment 
of the hydrophyte plant species stored in these seed banks.  
The initial germination and establishment of hydrophyte species in a tidal 
wetland’s seed bank may be fundamental to the successional trajectory of the restoration 
site (van der Valk's 1981). van der Valk's (1981) model for succession in wetlands 
proposed that hydrologic conditions6 and seed bank response are the determining factors 
of plant community persistence and change over time. The life history traits (life span, 
                                                 
6 Hydrologic conditions refer to the timing and duration of wetland flooding. 
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propagule longevity, and propagule establishment requirements) and the environmental 
tolerances of the plant species in the seed bank determine which species persist or parish 
under shifting hydrologic conditions (van der Valk 1981, Wilcox 2004). A tidal wetland 
restoration site's seed bank harbors newly dispersed seeds from nearby tidal wetland 
habitats, in addition to legacy seeds/propagules from recent agricultural and historical 
wetland statuses. Neff et al. (2008) found that newly created tidal wetlands developed 
diverse native seed banks rapidly, within the first 1-3 yrs after tidal reconnection, and 
these seed banks became an important component of vegetation dynamics. Given the 
importance of the seed bank in tidal wetland plant community establishment and 
persistence, understanding the germination requirements of common, widely dispersed, 
tidal wetland plant species may help further inform our understanding of the biological 
mechanisms driving plant community development among and within restored tidal 
wetland environments.  
 Many of the plant species common to oligohaline emergent tidal wetlands in the 
Pacific Northwest (PNW) are known to establish in new areas primarily through seed 
dispersal and most require full light7 conditions for successful germination (Kellogg et al. 
2003, Bakker 2014, Appendix A). Many of these species have also been found to require 
a gradient of different soil moisture and salinity requirements for seed germination 
                                                 
7 Requiring exposure to full light means that the germination of these species is suppressed when light is 
blocked, such as by the canopy of an existing plant community, and/or murky water conditions (Kellogg et 
al. 2003).  
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(Kellogg et al. 2003, Bakker 2014, Appendix A). This may indicate, in support of van der 
Valk’s (1981) theory, that variations in restored soil conditions could potentially 
influence which species are capable of germinating and establishing on the site from the 
seed bank. Common OBL species including spike rush (Eleocharis palustris, native), 
bulrush (Schoenoplectus lacustris (L.) Palla, native), smallfruit bulrush (Scirpus 
microcarpus, native), broadleaf cattail (Typha latifolia, native) and narrowleaf cattail 
(Typha angustifolia, non-native invasive) have been found to require saturated/flooded 
soil conditions for successful germination (Sifton 1959, Kellogg et al. 2003, McIninch 
and Garbisch 2003, Bakker 2014). In contrast, OBL species silverweed (Potentilla 
anserina, native) and Carex Lyngbyei (Carex lyngbyei Hornem., native) seed 
germination have been found to be suppressed in continually saturated/flooded soil 
conditions, requiring moist soil conditions for best germination response (McIninch and 
Garbisch 2003, Bakker 2014). Common FACW tidal wetland species including soft rush 
(Juncus effusus subsp. effusus, non-native invasive) and velvet grass (Holcus spp, non-
native invasive) are known to have seed germination requirements for moist-drained soil 
conditions (McIninch and Garbisch 2003, Bakker 2014), while FACW classified reed 
canarygrass (Phalaris arundinacea, non-native invasive) has been found to germinate 
best in moist-saturated soil conditions (Kellogg et al. 2003, Bakker 2014).  Generally, it 
appears FACW species require less saturated soil conditions than OBL species for 
successful germination, which may have major implications for plant community 
development depending on a restoration site’s restored tidal flooding regime and seed 
bank composition (Appendix A, Table A.1).  
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Restored tidal wetland salinity may also be an important factor influencing local 
seed bank response. Exposure to increased salinity levels generally suppresses seed 
germination, including species know to be salt tolerant as adults (Ungar 1978). Wetland 
species such as Typha latifolia and Phalaris arundinacea require freshwater conditions 
for germination and have severely suppressed germination rates under saline conditions 
(Bakker 2014). Some species, however, are uniquely adapted for germination under 
saline conditions, with germination success being higher in saline conditions than in fresh 
water (Ungar 1978, Katembe et al. 1998). For example, Carex lyngbyei has been found to 
exhibit enhanced seed germination when exposed to low to moderate salinity 
levels(<20ppt) (Hutchinson and Smythe 1986, Bakker 2014). Based on varying degrees 
of plant species germination salinity tolerances, the soil salinity gradient produced 
through tidal reconnection may be a main driver of plant community establishment.  
 This collection of basic germination requirements (Table A.1), mostly developed 
for establishing simple green house propagation protocols, shows that nuanced 
differences in soil moisture (e.g., flooded, saturated, and drained), and salinity may have 
dramatic impacts on which species are successful germinating from the seed bank in 
newly exposed wetland soils. The first species in the seed bank to respond favorably 
through germination may become locally dominant and suppress further seed bank 
response and/or seedling establishment (Leck 2003). In turn these newly established 
species would fill the local seed bank with their own seeds/propagules thus enhancing the 
likelihood of their continued existence (Leck 2003). For example, tidal wetland plant 
species P. arundinacea (FACW), J. effusus (FACW), C. lyngbyei (OBL), and S. lacustris 
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(OBL), all colonize wetland areas primarily through seed dispersal, but after initial 
establishment become dominant by expanding rapidly into adjacent areas though 
vegetative propagation (Boutin and Keddy 1993, Appendix A, Table A.1). If enough 
viable seeds are present, such as those of invasive species J. effusus and P. arundinacea, 
and germination conditions are favorable, these species may establish first, suppressing 
further seed bank response.  Once established, these invasive species may shift the 
successional trajectory away from the development of native plant communities 
dominated by C. lyngbyei and S. lacustris, which are regionally associated with ideal 
reference tidal wetland conditions (Leck 2003, Borde et al. 2012b). Similarly, if pre-
restoration, existing agricultural plant species (commonly including P. arundinacea and 
J. effusus) are tolerant of the restored tidal wetland conditions, the anticipated die-off of 
these species may not take place and the plant community in the restored wetland may 
remain similar to those pre-restoration.  
 These examples highlight the potential importance of both local seed dispersal 
and restored wetland tidal flooding-soil conditions to the successional trajectory of a 
restoration site.  Shifts towards P. arundinacea and J. effuses dominant plant 
communities within and among tidal wetlands have been observed throughout the CRE 
(Christy 2004, Borde et al. 2012a); however, without monitoring or research on these 
processes, there is no way to identify the primary drivers of this trajectory – be it seed 
bank limitation, soil condition, and/or time since tidal reconnection. More research is 
needed to identify what successional trajectories are currently being achieved through 
tidal reconnection practices and to inform whether unwanted trajectories could be 
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avoided through further manipulation of soil-wetland inundation conditions. This 
research is also needed to inform how changes in wetland tidal flooding and salinity from 
sea level rise will impact the ecological condition of existing tidal wetlands throughout 
the region.  
  Given the myriad of factors influencing oligohaline tidal wetland plant 
community development, including seed bank development, invasive species presence, 
and restored wetland soil conditions, a restoration site could follow any number of 
successional trajectories resulting in different ecological outcomes over varying time 
scales. Understanding the mechanisms of plant community development and how 
existing plant communities and seed banks will respond to changes in environmental 
conditions brought about by alterations in wetland tidal flooding and salinity is critical to 
further developing our understanding of the mechanisms of wetland ecological 
succession. This investigation is especially salient in the face of coastal sea-level rise and 
continued tidal wetland restoration, both of which are expected to result in continued 
alteration of tidal flooding and salinity regimes in these sensitive estuary habitats.  
1.4 Dissertation Objectives  
 The overall objective of this dissertation was to evaluate the rates and drivers of 
ecosystem recovery in tidally reconnected oligohaline wetlands of the Columbia River 
Estuary (CRE) and to test the theoretical ecological assumptions implicit to such a 
passive restoration approach. This objective was achieved by 1) identifying whether 
restoration trajectories towards reference wetland conditions could be detected among 
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oligohaline restoration tidal wetlands of different ages (time since tidal reconnection), 2) 
investigating the importance of tidal flooding regimes and salinity on seed bank 
germination and plant community development in tidally restored wetlands, and 3) using 
these data to anticipate the impacts of salinity intrusion and changes in tidal flooding 
from sea level rise on existing tidal wetland seed bank emergence and plant community 
development. This research aimed to enhance our understanding of oligohaline tidal 
wetland restoration ecology and provide data that would improve tidal wetland 
restoration, monitoring, and evaluation. Results from these studies are essential for 
restoration managers anticipating the ecological consequences of climate change. Data 
from these studies also provide a foundation for future tidal wetland research and 
improve restoration practitioners' ability to develop attainable restoration goals and 
expectations.  
 Chapter 2 (Study 1) investigates patterns in plant community composition, soil 
conditions, site elevation, and tidal flooding among a chronosequence of 11 restored 
oligohaline tidal wetlands ranging in age from 1-54 years since tidal reconnection located 
in Young’s Bay, Oregon (Figure 1.2). This study evaluated whether successional patterns 
(a.k.a. trajectories) of plant community and soil recovery could be detected among 11 
restoration sites of different ages in comparison to four reference sites and two diked 
pastures (pre-restoration). Site elevations, plant community, and soil data were evaluated 
to define the potential drivers of the restoration outcomes observed. The following 
hypotheses, based on restoration outcomes reported from other tidal reconnection 
projects, were evaluated in this study: H1) plant community native species abundance 
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and biodiversity levels would show trends toward  becoming similar to reference 
conditions within the first 5-10 years after restoration, H2) plant biomass would show 
trends of increasing with site age, reaching reference levels in 4-14 years after 
restoration, H3) soil bulk density and organic matter levels would remain below reference 
levels for the first 20 years after restoration,  H4) soil total N and P would show trends of  
declining over time (assuming pre-restoration conditions are higher than reference levels) 
reaching reference soil nutrient levels in the first 3-15 years after restoration, and, 
H5)  lower elevation wetland areas within restored sites, those exposed to greater 
duration and frequency of tidal flooding, would exhibit a greater native species 
abundance and similarity to reference sites, compared with restored high elevation 
wetland areas. 
Chapter 3 (Study 2) examines the composition of seed banks and seed bank 
emergence among native (Carex lyngbyei, Lyngbye's sedge, and Schoenoplectus 
lacustris, bulrush) and non-native (Phalaris arundinacea, reed canarygrass, and Juncus 
effusus subsp. effusus, common rush) dominant plant communities from two tidally 
reconnected oligohaline wetlands in Young’s Bay, Oregon (Figure 1.2). Seed bank 
composition and seed density were determined through manual seed ID. Seed bank 
emergence was examined under a gradient of tidal flooding and salinity conditions, in a 
greenhouse setting, to identify how seed bank viability changed in response to differences 
in these abiotic conditions. In-situ observations of the daily tidal flooding and soil 
conditions of the dominant plant communities were used to determine the greenhouse 
experimental tidal flooding and salinity gradient. The following hypotheses were 
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evaluated in this study: H1) native and non-native seed densities would be significantly 
higher in their own respective seed banks, indicating self-seeding by these species and the 
promotion of long-term plant community resilience, and H2) that non-native plant 
species, P. arundinacea and J. effusus, would germinate more successfully out of the 
seed bank when treated with fresh water high marsh tidal flooding conditions as 
compared to the native plant species, C. lyngbyei and S. lacustris, which would 
comparatively germinate more successfully out of the seed bank when treated with 
oligohaline and brackish low marsh tidal flooding conditions, germination fequencies 
mirroring in-situ standing plant community distribitions.  
Chapter 4 summarizes the overall findings of this dissertation and highlights the 
important theoretical and management implications of  this work. These include the need 
to consider the development of alternate restoration trajectories, the need to manage for 
non-native species invasisions, and the importance of seed bank composition and restoed 
environmental gradients to native wetland plant community recovery.  
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2 Chapter 2: Evaluating Trajectories and Drivers of Oligohaline Tidal 
Wetland Ecosystem Recovery 
2.1 Abstract 
  The objective of this study is to identify rates and drivers of ecological 
development in tidally reconnected oligohaline (salinity 0.5-5 ppt) wetlands, specifically 
focusing on the recovery of native plant communities and wetland soil conditions. 
Understanding the mechanisms and timelines driving the development and recovery of 
tidal wetland ecosystems is especially relevant in this time of global climate change and 
critical for anticipating the ecological impacts of coastal sea-level rise and ongoing 
estuary restoration efforts. To identify whether tidal reconnection results in the recovery 
of reference oligohaline tidal wetland conditions over time, a 54-year chronosequence of 
tidal wetland restoration sites were evaluated. The chronosequence was composed of 11 
sites varying in age from 1 to 54 years after tidal reconnection at the time of surveying, in 
addition to two diked pastures (pre-restoration condition) and four natural reference 
wetlands, in the Youngs Bay watershed in Oregon near the mouth of the Columbia River. 
Measurements included plant community (species abundance, diversity) and soil (bulk 
density, organic matter, salinity, pH, and total N and total P nutrient concentrations) 
surveys in addition to ground elevation.  
 Results indicated that generally overall site native plant species richness, soil 
organic matter, bulk density, pH, and salinity conditions among the restoration sites 
showed signs of recovery, and were not significantly different (p > 0.05) than reference 
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wetlands, within 3-6 years post-tidal reconnection. No significant trends in soil N and P 
levels were detected across the chronosequence. Native plant community recovery within 
the sites was found to vary depending on wetland elevation, with the mid-low marsh 
zones (<2.5 m) recovering within in 3-6 years post-tidal reconnection, while high marsh 
zones (>2.5 m) remained dominated by non-native plant cover. This was due to the 
ubiquitous presence of common non-native wet pasture species, P. arundinacea, and J. 
effusus in high marsh zones. These invaded high marsh zones also retained significantly 
(p<0.05) lower soil pH and salinity levels similar to pre-restoration soil conditions, while 
the mid-low restored marsh soil pH and salinity levels within these sites developed to 
reference levels by 3 years post-tidal reconnection. These results highlight the importance 
of restored wetland elevations and associated tidal flooding and salinity regimes to the 
overall recovery of native obligate plant communities and wetland soil conditions within 
these sites, especially in the presence of invasive species such as P. arundinacea, and J. 
effusus. Planning for, monitoring, and adaptively managing these conditions will allow 
for more informed, targeted, and successful restoration efforts.  
2.2 Introduction 
 Over the past century, humans have extensively diked and drained tidal wetlands 
for agricultural development in delta regions throughout the world. In the Columbia 
River Estuary (CRE: 46.2442° N, 124.0581° W) the current extent of tidal wetland loss 
has been estimated at over 75% (Figure 1.1). The loss of these tidal wetland ecosystems 
has resulted in severe declines in aquatic ecosystem services including water quality 
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regulation, climate regulation, fish and wildlife habitat provisioning, and cultural 
heritage. In an effort to recover these ecosystems, many large-scale tidal reconnection 
restoration efforts have been undertaken. Restoration of tidal wetland habitats requires 
the reclamation of lands that have been diked and drained and have often been put into 
agricultural production for many years. Tidal reconnection, the reintroduction of tidal 
flooding, is one of the most common restoration approaches used to recover these lost 
wetlands. Through the tidal reconnection process it is assumed that the necessary 
environmental conditions will be created, through tidal flooding, to reset the ecosystem of 
a given site and to create a natural successional trajectory towards a fully functioning and 
self-maintaining tidal wetland ecosystem, without further human intervention (Mitsch et 
al. 1998, Thom 1997, Thom et al. 2005, Roegner et al. 2009, Matthew et al. 2009, Borja 
et al. 2010, Thom et al. 2010, ERTG 2011). Although this conventional understanding is 
broadly applied to restoration projects and wetland mitigation policies, very little 
consistent restoration monitoring and research exists to support these claims, especially 
for oligohaline (0.5-5 ppt) wetlands of the Pacific Northwest (PNW) (Zedler et al. 2001, 
Matthew et al. 2009, et al. 2010, Toth 2010, Moreno-Mateos et al. 2012). The assumption 
that general and predictable restoration trajectories exist for wetland structures and 
functions has been brought into question, with researchers finding variable restoration 
outcomes, especially in tidal wetland recovery (Zedler and Callaway 1999, Moreno-
Mateos et al. 2012, Spencer and Harvey 2012). Developing a more nuanced 
understanding of tidal wetland recovery is key to informing and improving ecological 
restoration theory and practice. The objective of this study was to identify if recovery of 
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natural reference conditions of wetland soil and plant community composition could be 
detected over time, along a 54 year chronosequence of restored oligohaline tidal wetlands 
in the lower CRE. 
 During tidal wetland restoration, sites are transitioned from agricultural fields into 
tidal wetlands, bringing about dramatic changes in growing conditions including a shift 
from oxic (oxygen rich) to anoxic (oxygen poor) soil and changes in salinity, organic 
matter accumulation, and nutrient availability in the soil (Davy et al. 2011, Roman and 
Burdick 2012, Figure 1.3). Very few plants are adapted to survive in sustained anoxic 
conditions, making the transition from agricultural to tidal wetland plant communities 
seemingly swift (Davy et al. 2011). This is due to the natural process of upland plant die-
off and adapted wetland plant recruitment upon tidal reconnection.  
 Some researchers have observed swift wetland plant community recovery post-
tidal reconnection, with recovery of reference plant community conditions observed 
within the first few years after tidal reconnection and wetland creation (Simenstad and 
Thom 1997, Gray et al. 2002, Thom et al. 2002, Appendix A). In a study of tidally 
reconnected salt marshes in the Salmon River estuary, in Oregon, Gray et al. (2002) 
observed plant community recovery within the first 3 years after tidal reconnection. 
Thom et al. (2002) also observed a quick recovery of salt marsh plant abundance and 
diversity on a tidally reconnected marsh in Grays Harbor, Washington, with freshwater 
species such as Phalaris arundinacea, reed canarygrass, being replaced by desired salt 
marsh species within the first 4 years and reference levels of species richness observed 5 
years after restoration. Simenstad and Thom (1997) observed similar rates (4-5yrs) of 
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plant community development on a created brackish wetland in Puyallup estuary, 
Washington. These restoration outcomes provide evidence that the theory of ecological 
restoration recovery may be supported in the PNW.   
 Not all tidal wetland restoration studies, however, have shown clear trends of 
recovery. In a study of freshwater tidal wetland restoration in Washington (in Everett), 
Tanner et al. (2002) observed P. arundinacea dominance on 25% of a restored tidal 
wetland and the establishment of invasive Lythrum salicaria, purple loosestrife, 4 years 
after tidal reconnection. In a New England based study of 6 created and 26 reference salt 
marshes, Morgan and Short (2002) found a great amount of variability in the rates of 
wetland plant recovery among the restoration sites, with only the oldest sites, 14 and 31 
years after restoration, showing similarity to reference conditions. In the same study 
Morgan and Short (2002) also found variability in the recovery of aboveground biomass 
among the restored sites, with reference levels taking 4 to 14 years to develop on restored 
sites. In a separate study of east coast salt marsh restoration, Warren et al. (2002) found 
highly variable rates of plant community recovery in tidal reconnected salt marshes of 
Long Island Sound, Connecticut. Of the 6 tidal restoration sites monitored, only half 
showed significant trends of plant community recovery over the 5-11 year monitoring 
period (Warren et al. 2002). Additionally, Craft et al. (2002) also found variable rates of 
plant community recovery within a created brackish tidal wetland in Pamlico River 
estuary, North Carolina. Craft et al. (2002) observed lower elevation, more frequently 
flooded, marsh areas developed reference plant community compositions and biomass 
levels within 3 years of restoration, while mid-level marsh areas took 9 years to recover 
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and upper marsh areas did not show trends of recovery in the 15-year monitoring period. 
Lastly, no trends towards salt marsh plant community recovery were observed by Zedler 
and Callaway (1999) during 2-12 years post-restoration monitoring in a study of salt 
marsh island restoration in San Diego Bay, California. Among these studies, variability 
and lack of recovery of desired reference plant community composition, abundance, and 
biomass were commonly attributed to differences in wetland soil nutrient levels and 
organic matter content (Zedler and Callaway 1999, Morgan and Short 2002), salinity 
levels (Tanner et al. 2002, Warren et al. 2002), frequency and duration of tidal flooding 
(Warren et al. 2002, Craft et al. 2002), and non-native species invasion and persistence 
(Tanner et al. 2002,Warren et al. 2002).  
 The variability in plant biomass recovery may have been due to differences in 
restored nutrient levels among the sites, with higher nutrient levels (P and N) potentially 
increasing the rate of biomass recovery (Morgan and Short 2002). Zedler and Callaway 
(2002) concluded that the restored soil nutrient and organic matter levels of their study 
marshes were too low to support the recovery of the desired reference plant community 
characteristics. Low soil nutrient content and slow organic accumulation rates appear to 
be an especially common trend among created wetlands (Zedler and Callaway 2002, 
Moreno-Mateos et al. 2012), likely due to the removal of the organic soil layer during 
construction and/or the use of fill material to create elevational differences within the 
restoration sites. It is, however, also possible for restored sites to have lower organic 
matter and nutrient levels and rates of recovery post-tidal reconnection due to leaching 
and other biochemical reactions caused by the reintroduction of flooding to previously 
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drained soils (Portnoy 1999). This is especially a concern with the reintroduction of salt 
water. Salt water contains significantly higher levels of sulfate than freshwater, which can 
shift the anaerobic metabolism towards sulfate reduction (Weston et al. 2011).  Sulfate 
reduction is more efficient than other anaerobic respiration pathways, resulting in less 
overall soil organic matter accumulation (Weston et al. 2011). If soil conditions are 
anaerobic but primarily from fresh water saturation, an introduction of salt water can 
increase respiration through sulfate reduction and cause a decline in existing soil organic 
matter levels (Portnoy 1999). Additionally, sulfate reduction increases soil hydrogen 
sulfide and iron sulfide concentrations, which can create acidic soil conditions (pH < 4) 
when the soils are re-exposed to oxygen (Joye and Hollibaugh 1995, Portnoy 1999).  
 Reintroduced salt water can also influence the availability of soil nutrients for 
plant uptake and export. In freshwater systems, the low oxygen and high organic carbon 
conditions created by tidal reconnection promote denitrification (nitrate reduction into 
gaseous N2) which may result in lower overall soil N levels over time (Schlesinger and 
Bernhardt 2013). With increased salinity levels, nitrogen is released from the soil as 
ammonium from saltwater ion exchange (Osborne 2014). This also results in a lower rate 
of ammonium to nitrate conversion, resulting in a decrease of available nitrate for nitrate 
reduction (Osborne 2014). When these reactions are combined with an increase in sulfate 
reduction (instead of nitrate denitrification), which also results from the introduction of 
salt water, the resulting soil nitrogen levels may increase over time (Osborne 2014).   
 Phosphorus levels are also influenced by salt water introduction (Williams et al. 
2014). Phosphorus availability is tightly coupled to pH levels and ionic conditions 
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resulting from aerobic sulfur reduction (Williams et al. 2014). Under the most common 
freshwater pH levels (neutral to slightly acidic) in tidal wetlands, phosphorus tends to be 
bound to cations and not biologically available (Baldwin and Mitchell 2000, Schlesinger 
and Bernhardt 2013, Williams et al. 2014). Saltwater introduction causes a rise in pH 
levels and sulfate reduction, which in turn results in increased phosphorus availability 
(Baldwin and Mitchell 2000, Schlesinger and Bernhardt 2013, Williams et. al. 2014). 
These soil nutrient retention and organic matter accumulation dynamics are important 
components of wetland functionality and plant community recovery; however, they are 
rarely monitored during the restoration process (Ruiz-Jaen and Aide 2005, Roegner et al. 
2009).   
 Restored salinity levels also appear to be a key factor in controlling non-native 
wetland species invasions, especially in systems where invasive species are abundant. 
Tanner et al. (2002) observed that restored site salinity levels were too low to 
successfully eradicate and/or prevent the continued invasion of P. arundinacea and L. 
salicaria on the restoration site, potentially stalling further native plant community 
recovery. Warren et al. (2002) found both salinity and tidal flooding important factors in 
predicting the recovery of native marsh vegetation and the concurrent suppression of 
invasive wetland dominant Phragmites australis, common reed. Higher salinity levels 
and greater flooding frequency increased the rate of observed site recovery and P. 
australis suppression, as compared to sites subjected to less frequent tidal flooding and 
lower salinity conditions where P. australis remained dominant (Warren et al. 2002). 
Craft et al. (2002) observed similar relationships between the frequency and duration of 
40 
 
tidal flooding and the rate of wetland plant community recovery, with areas subjected to 
more frequent and longer durations of tidal flooding recovering more rapidly than higher 
elevation areas. The degree of flooding and salinity exposure appears to be key in shifting 
the environmental conditions past the threshold of non-native species resistance 
necessary for successful native plant community recovery (Suding 2004).  
 These findings highlight the importance of restored wetland soil conditions (e.g., 
saturation, salinity, organic matter and nutrient content) to plant community recovery. 
Initial soil conditions of restored tidal wetlands are also important factors of the recovery 
process. Prior to tidal wetland restoration, the soils of these wetlands were drained to 
create agricultural fields, exposing previously anoxic soils to oxygen. Oxygen exposure 
can increase the rate of organic matter decomposition, reducing overall soil organic 
matter content; when coupled with a disconnection from tidal flooding, sediment 
deposition can lead to land subsidence and soil compaction (Roman and Burdick 2012). 
Additionally, land uses such as grazing and agriculture can further increase soil 
compaction. Compacted and low organic matter soil conditions are characterized by high 
bulk density, which can adversely affect plant growth and productivity (Wisheu and 
Keddy 1991). Long-term exposure to fertilizers from past agricultural land practices may 
also lead to elevated soil nutrient levels. All these factors generally cause pre-restoration 
soil to be much more compacted, with lower soil organic matter content, and either 
higher (if actively fertilized) or lower (if not used for agriculture and/or had fill placed 
over soil) soil nutrient levels. It is commonly assumed that tidal reconnection will reverse 
these impacts and recover reference tidal wetland soil characteristics, but very little data 
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have been collected to support these assumptions (Ardón et al. 2010, Callaway et al. 
2012, Spencer and Harvey 2012).  
 Mixed rates of recovery have been reported among the few studies that have 
monitored soil development post-tidal reconnection (Appendix B, Table B.1). In New 
England, Simenstad and Thom (1996) observed reference level recovery of soil organic 
matter content within the first 6-7 years after tidal reconnection, while Morgan and Short 
(2002), also in New England, found soil organic matter content remained below reference 
levels even 15 years after restoration. In comparison Zedler and Callaway (1999) 
estimated it would take 22 (or more) years for soil organic matter levels to reach 
reference levels in their California salt marsh restoration sites. Zedler and Callaway 
(1999) also monitored soil nitrogen (N) levels and estimated these would remain below 
reference salt marsh conditions for more than 40 years post-restoration. Craft et al. (2002) 
also monitored soil N and organic carbon (C) content and bulk density post-restoration in 
a created brackish marsh, and observed varying levels of recovery corresponding to 
differences in tidal flooding within the wetland. Craft et al. (2002) found some low marsh 
areas, frequently flooded, showed trends of developing reference soil levels of N, C, and 
bulk density more quickly than mid- and upper-marsh elevations. For less frequently 
flooded areas, however, it was estimated that it would take 30 to 150 years post-
restoration for reference levels to develop for all parameters monitored (Craft et al. 
2002). All the restored wetlands described above could be classified as having soil 
conditions that were initially low in organic matter content and nutrients, with high bulk 
density. The overall rate of soil development for each site appears to be highly dependent 
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on the relative difference between these initial conditions and those of the reference 
wetlands being compared, making conclusions on rates of soil development from these 
tidal wetland restoration outcomes difficult to generalize.   
 Less work has been done to document the rates of soil development in restored 
tidal wetland sites known to have potentially nutrient-enriched soil conditions higher than 
reference wetlands prior to restoration (Ardón et al. 2010, Spencer and Harvey 2012). 
When tidal restoration is conducted in areas where these legacy nutrient conditions exist, 
restoration projects may act as nutrient sources rather than nutrient sinks (Baldwin and 
Mitchell 2000, Rickey and Anderson 2004, Vitousek et al. 2007, Ardόn et al. 2010). 
Some researchers document an initial release/increase of nutrients (N and P) in soil pore 
water immediately following the reintroduction of flooding in nutrient rich wetland 
restoration sites (Portnoy and Giblin 1997, Portnoy 1999, Blackwell et al. 2004, Ardón et 
al. 2010). In a study of salt marsh restoration on a previously farmed and fertilized land in 
Tollesbury, Essex, UK, Burden et al. (2013) observed initial (pre-restoration) soil total N 
levels were 2.5 times higher than reference soil conditions; also, they found that soils had 
reached reference N levels when monitored again 15 years after restoration. Without 
consistent long term monitoring however, it is hard to assess at what point during the 15 
years post-restoration that reference soil nutrient levels were achieved and how long the 
site was a potential source of nutrient enrichment to surrounding waterways while these 
nutrient levels were recovering.  
 With agriculture and grazing land uses characterizing a large portion of potential 
and current tidal restoration sites globally, it is important for restoration practitioners to 
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understand the ecological influence this agricultural land use history has on restoration 
efforts and long-term restoration success. This is particularly salient when considering 
how agricultural sites with elevated soil nutrient levels will respond to tidal reconnection. 
The biogeochemical responses to the reintroduction of tidal flooding can vary depending 
mainly on changes to the wetland's salinity, pH, and oxidation-reduction (redox) potential 
in the soil-water interface. Phosphorus tends to desorb (i.e. is released) when introduced 
to salt water (which increases the soil water pH) and both nitrogen and phosphorus 
mineralization can increase with the onset of high organic carbon levels created by the 
reintroduction of tidal flooding (from initial plant die-off) (Portnoy 1999, Schlesinger and 
Bernhardt 2013). The shifting redox and high organic carbon conditions created by tidal 
reconnection can also promote denitrification in these newly restored wetlands, which 
may result in lower soil N levels over time (Schlesinger and Bernhardt 2013). In sites 
with initially elevated nutrient levels, these biogeochemical pathways may be responsible 
for an initial release of nutrients post-tidal reconnection. In addition to potentially 
leaching into local waterways, legacy soil nutrient levels may make restored wetlands 
more susceptible to the establishment and spread of invasive species, influencing the 
trajectory of tidal wetland plant community development (Baldwin and Mitchell 2000, 
Tanner et al. 2002, Williams and Orr 2002, Chambers et al. 2012).  
 The overall goal of this study was to test the theory of ecological restoration-
recovery in the oligohaline tidally reconnected wetlands of the Columbia River Estuary 
(CRE) by evaluating the recovery both of the plant community composition and of the 
soil conditions. Tracking wetland recovery is key to enhancing our understanding of the 
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mechanisms driving tidal wetland ecological development and improving the restoration 
process.  
2.3 Objectives and Hypotheses 
 The objective of this study was to identify whether ecosystem recovery can be 
detected among tidally reconnected oligohaline wetlands on historically diked 
agricultural lands in the Columbia River Estuary (CRE). A "space-for-time" 
chronosequence of tidal wetland restoration sites in Young’s Bay Watershed, Astoria, 
Oregon was used to evaluate whether restoration trajectories and rates of ecosystem 
recovery could be detected (Simenstad and Thom 1996, Gray et al. 2002, Morgan and 
Short 2002, Warren et al. 2002, Williams and Orr 2002, Craft et al. 2003). This space-
for-time approach uses restoration sites of different ages to estimate general trends of 
change over time as compared to reference wetland conditions in the study area. This 
research was focused on the restoration of 1) plant community (i.e. biodiversity, native 
and non-native abundance) and 2) soil development (i.e. soil bulk density, organic matter, 
total N and P).  If the prevailing theory of ecological restoration-recovery holds true for 
this system, then given the similar land use histories, restoration strategies, and 
restoration goals of these tidal restoration sites, it was expected that the ecological 
development among the sites would show progress toward mature reference conditions 
over the trajectory (Hilderbrand et al. 2005). This should be detectable with older 
restoration sites being more ecologically similar to reference wetland conditions than 
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younger restoration sites, with restoration site age being a good predictor of site recovery 
over time.  
 Based on the summary of successful restoration trajectories observed in other 
similar systems (Appendix B, Table B.1) it was hypothesized (Figure 2.1) that: H1) plant 
community native species abundance and biodiversity levels would show trends of  
becoming similar to reference conditions within the first 5-10 years after restoration, H2) 
plant biomass would show trends of increasing with site age, reaching reference levels in 
4-14 years after restoration, H3) soil bulk density and organic matter levels would remain 
below reference levels for the first 20 (or more) years after restoration, H4) soil total N 
and P would show trends of declining over time (assuming pre-restoration conditions are 
higher than reference levels) reaching reference soil nutrient levels in the first 3-15 years 
after restoration. 
  Additionally, based on the alternate restoration trajectories observed in less 
successful tidal wetland restoration projects (Tanner et al. 2002, Warren et al. 2002, and 
Craft et al. 2002) and the observed ubiquity of P. arundinacea and other non-natives 
throughout the CRE (Christy 2004, Borde et al. 2012), it was expected that non-native 
species invasions would impede reference plant community assemblage development in 
higher marsh elevations. This lack of recovery in the high marsh was expected due to 
their pre-existing abundance in the watershed and a lack of significant change (to prevent 
invasion) in the abiotic conditions of the high marsh zones post-restoration (Suding et al. 
2004) (the high marsh being exposed to lower frequencies and durations of tidal flooding 
than the low marsh zones). Specifically, it was hypothesized H5) that lower elevation 
46 
 
areas within restored sites, those exposed to greater duration and frequency of tidal 
flooding, would exhibit a greater native species abundance and plant community 
similarity to reference sites, when compared with restored higher elevation marsh areas 
(Figure 2.2). 
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Figure 2.1: Conceptual diagram of hypothesized time scales for tidal wetland development based on results 
of studies primarily outside of the region. Years since tidal reconnection are highlighted (x-axis) to reflect 
age of sites included in this study. In addition to restored sites, 2 sites pre-breach (age 0) and 4 reference 
wetlands were surveyed, see Figure 1.2, Table 2.1, Appendix B, Table B.1 for more information. Relative 
equivalency (y-axis) indicates similarity to reference site conditions.  
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Figure 2.2: Conceptual diagram of hypothesized 
restoration outcomes with and without non-native 
plant species invasion. In the absence of non-native 
species invasion and with ample native species 
propagules a natural plant community transition will 
occur over time. Sediment accretion and plant 
organic matter accumulation will slowly increase the 
tidal wetland elevation. This increase in wetland 
elevation over time will facilitate a shift in wetland 
plant communities from low marsh species to high 
marsh species establishment. Common non-native, 
invasive species in PNW oligohaline wetlands, reed 
canarygrass, Phalaris arundinacea, and common 
rush, Juncus effusus, are predisposed to occupy 
higher wetland elevations and may preclude the 
establishment of native high marsh plant communities.  
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2.4 Methods 
2.4.1 Approach 
To identify rates of ecosystem recovery, a 54-year chronosequence of tidal 
wetland restoration sites were evaluated. Projects to be evaluated included sites breached 
in 1959, 1980, 1988, 2005, 2006, 2007, 2008, 2010, 2011, and 2012 (two sites breached 
this year) all within the Young's Bay Watershed, located in the lower CRE (Figure 1.1 
and 1.2). These sites were monitored in conjunction with two diked pastures, one that 
was an actively grazed pasture and typically hosted 200 head of dairy cows on 200 acres 
for 6 months of the year (14.8 AUM/ha/yr, heavy grazing8) (personal communication 
with land owner) and one left un-grazed since 2004 (nine years at the time of surveying) 
and four natural reference wetlands (Figure 1.2). Given that these systems are 
hypothesized to respond to restoration efforts dramatically within the first 10 years, the 
selection of sites has provided a unique opportunity to observe whether trajectories 
towards reference wetland conditions can be detected within this 10 year time horizon.  
These data collection efforts took place over a two year period with the sites 
breached in 1959, 1988, 2006, 2008, 2012, a reference wetland, and the two diked 
                                                 
8 AUM/ha/yr is a grazing intensity metric: Animal Unit Months (AUM), is equivalent to the amount of 
forage consume by 1 AU (animal unit) in 1 month and equivalent to 780 lbs per hectare per year. This 
AUM/ha/yr metric is an estimate of the amount of forage removed from 1 hectare of rangeland over a 1 
year period of time and was calculated by multiplying the AUM/ha (or AU/ha) reported by the duration of 
grazing (number of months grazing occurred per year) (Kidd & Yeakley 2015). The 14.8 AUM/ha/yr 
calculated for the pasture site is considered heavy grazing relative to grazing intensities reported in other 
similar pasture settings (Kidd & Yeakley 2015).  
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pastures monitored during the summer of 2013 and the 1980, 2005, 2008, 2010, 2011, 
2012 and three additional reference wetlands monitored during the summer of 2014. This 
resulted in a chronosequence composed of sites 1, 2, 3, 4, 5, 6 (two sites this age), 9, 25, 
34, and 54 years after tidal reconnection to compare to two diked pastures (pre-
restoration conditions) and four reference wetlands (goal conditions) for a total of 17 sites 
(Figure 1.2 and Table 2.1). Plant community and soil data were collected on all the sites 
to evaluate whether patterns of ecological recovery could be observed along the 
chronosequence of restored sites as compared to both pre-restoration (pasture) and 
reference site conditions. Additionally, elevation, soil texture, Na content, and pH data 
were collected to evaluate potential drivers of the soil and plant community conditions 
observed among and within the sites (Table 2.1). 
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Table 2.1:  Youngs Bay tidal wetland study site information.*Sites restored on the same year but surveyed a 
year apart accounting for the differences in age reported. ~Number of paired vegetation and elevation 
quadrats (1 m2) sampled and number of paired plant biomass and soil samples collected at each site.  
Youngs Bay Tidal Wetland Data Collection  
Age at 
time of 
Survey 
Year 
Restored 
Year  of 
Survey Land Owner 
 River Distance 
from the  
Columbia River 
Number of Samples 
Collected~ 
Vegetation & 
Elevation 
Soil & 
Biomass 
Un-grazed 
Pasture  
(9 yrs) 
N/A 2013 Columbia Land Trust (CLT) 11.0 km (6.9 mi) 108 quadrats 12 
Active 
Pasture N/A 2013 Cowlitz Tribe (CT) 5.8 km (3.6 mi) 78 quadrats 12 
1 2012* 2013 
Colewort Creek 
(Phase 2), 
National Park 
Service (NPS) 
6.3 km (3.9 mi) 104 quadrats 12 
2 2012* 2014 Otter Point, NPS 5.2 km (3.2 mi) 62 quadrats 17 
3 2011 2014 Steven Mansfield 7.1 km (4.4 mi) 63 quadrats 16 
4 2010 2014 Haven Island, CLT 10.2 km (6.4 mi)  66 quadrats 18 
6 (a - NPS) 2007 2013 Colewort Creek (Phase 1), NPS  6.6 km (4.1 mi) 65 quadrats 12 
6 (b - CLT) 2008 2014 CLT  9.9 km (6.2 mi) 61 quadrats 16 
7 2006 2013 CLT  10.4 km (6.5 mi)  97 quadrats 12 
9 2005 2014 City of Seaside 11.8 km (7.4 mi) 63 quadrats 21 
25 1988 2013 Port of Astoria 2.1 km (1.3 mi) 99 quadrats 13 
34 1980 2014 Private Landowner 10.7 km (6.6 mi)  70 quadrats 14 
54 1959 2013 Alder Creek, NPS 6.3 km (3.9 mi) 65 quadrats 11 
Reference 
(CS) N/A 2014 
Cooperage 
Slough, State of 
Oregon 
12.6 km (7.8 mi) 58 quadrats 17 
Reference 
(CT) N/A 2013 Cowlitz Tribe (CT) 5.9 km (3.6 mi) 47 quadrats 12 
Reference 
(DP) N/A 2014 
Daggett Point, 
State of Oregon 3.6 km (2.2 mi) 57 quadrats 17 
Reference 
(GI) N/A 2014 
Grant Island, 
Clatsop County 9.4 km (5.8 mi) 72 quadrats 21 
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2.4.2 Plant community and soil survey 
 Vegetation transects (n = 3-5, 100 m-long transects per site) were established and 
surveyed at each site in the summer (July-August) at the peak of the growing season 
(Table 2.1). Transects were randomly established within the sites parallel to the tidal 
wetland elevation gradient (Figure 2.3). Plant community species % cover, height, and 
species richness were assessed every 5 meters with 1 m2 quadrats (approximately n = 20-
22 quadrates per transect and a total of n = 60-120 quadrats per site) (Roegner et al. 
2009). Plant species were identified to species when possible and % cover was estimated 
for each species based on abundances within the quadrat (which could exceed 100% 
depending on the number of layers of vegetation present). The number of transects and 
quadrats established and surveyed on each site was based on the number of new species 
added by each consecutive transect. Once new species additions leveled off consistently, 
no new transects were added to the survey for a given site. Relative cover was calculated 
for each species in each quadrant by dividing the estimated cover of each species by the 
total cover recorded for all species in that quadrant and multiplying by 100. Shannon 
diversity and evenness indices were calculated from the relative plant cover data using 
the standard methods outlined by Magurran (1988).  
 Soil core samples (8.5-cm diameter by 30-cm deep) and species biomass samples 
were randomly stratified every 20-30 meters along each transect survey line and collected 
within locally dominant plant communities (n=12-16 per site) (Figure 2.4). Transect 
placement, soil sampling, and vegetation surveying were conducted following adapted 
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United State Geological Survey (USGS) tidal wetland monitoring and the Roegner et al. 
protocols (Roegner et al. 2009, USGS 2011). Above-ground biomass samples were 
collected at the same location of the soil samples (prior to soil sample extraction) by 
removing all living plant material rooted within a 0.1 m2 area. Soon after sampling, 
biomass samples were weighed (using wet weight) and then dried for 48 hours in an oven 
set at 105°C (Small et al. 1990) and then re-weighed to get a dry weight. Soil core 
samples (8.5-cm diameter by 30-cm deep) were analyzed for bulk density, organic matter 
content (loss on ignition), and texture following the standard methods described by Kalra 
and Maynard (1991). Total soil N and P were obtained by using Kjeldahl digestion as 
described by Bremmer (1995) and Taylor (2000). Dried soil pH, Cation Exchange 
Capacity (CEC), and sodium (Na) content (% CEC) were determined using the standard 
methods described by Gavlak et al. (1994). 
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Figure 2.3: Map of U.S. National Parks Service Lewis and Clark National Historical Park restoration sites 
– tidally reconnected in 2012, 2007, and 1959. These sites were originally surveyed in 2013 for Study 1 - 
Chapter 2 (years since restoration match Figure 1.2, Table 2.1). Site transects were resurveyed in 2014 for 
acquiring plant, soil, seed bank, and elevation data for Study 2 - Chapter 3. 
2.4.3 Elevation survey 
Real time kinematic (RTK) and handheld GPS surveying equipment was used to 
establish field benchmarks and collect high resolution positional data of vegetation 
quadrats at each site (USGS 2012a, 2012b). LiDAR (Light Detection and Ranging) data 
were also used to characterize the elevation ranges and overall topography for each site 
(for Figure 2.3). The LiDAR data were collected in 2009 by Watershed Sciences and are 
publically available through OpenTopography.com. Elevation extraction from the LiDAR 
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data was based on the ground point cloud processed into a high resolution TIN (1 ft., 0.33 
m) using the online data services of OpenTopography.com. All elevations are reported 
using the North American Vertical Datum of 1988 (NAVD88).  
High to low marsh elevation designations were determined through elevation and 
tidal flooding monitoring among the restoration sites and in comparison with the local 
NOAA tide gage (See Appendix C for details). High marsh was designated as any area of 
wetland greater than 2.5 m (NAVD88) in elevation, which was estimated receiving < 1 hr 
of tidal flooding a day among the restoration sites; this elevation also coincided with the 
NOAA Tongue Point tidal gage Mean High Water designation (NOAA 2015). Mid-
marsh was determined to be any wetland area ≤ 2.5 and ≥ 2.0 meters in elevation, 
averaging approximately ≤ 3 hours of flooding twice a day, and low marsh was 
determined to be any wetland area below 2 meters in elevation, averaging approximately 
≤ 6 hours of flooding twice a day. These elevation ranges were based on tidal flooding 
water level observations, which can be found in Appendix C.  
2.4.4 Data analysis 
Hypotheses 1-4: Regression analyses of vegetation and soil site summary data 
were conducted to evaluate whether site plant biodiversity (total, native, and non-native 
species richness, Shannon diversity and evenness indices), native vs. non-native species 
relative cover, height, plant community Bray-Curtis similarity Index (BCI),  plant 
biomass, soil bulk density, soil organic matter, total N, total P, soil texture, pH, CEC, and 
Na content followed significant trajectories towards reference levels over the study 
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chronosequence (Morgan and Short 2002, Matthews et al. 2009). BCI similarity was 
calculated between each site and each reference site and then averaged to develop an 
overall mean plant community similarity index with the four reference sites (Matthews 
and Spyreas 2010). Mean BCI similarities were also calculated and averaged among the 
reference sites (Matthews and Spyreas 2010). When necessary, these data were log 
transformed to meet normality assumptions and to improve the fit of the regression. Due 
to the natural variability commonly observed when evaluating field data, any regression 
and correlation p-values ≤ 0.1 were considered marginally significant and reported, those 
with significant p-values <0.05 were highlighted. To identify possible relationships 
between the plant and soil parameters among the sites, Spearman’s correlation analysis 
was also performed.  
To evaluate significant differences among pasture sites, restored sites, and 
reference sites, an ANOVA and Tukey’s HSD test were performed for each parameter 
evaluated (p<0.05). Restoration sites were then evaluated for their similarity to the 
reference sites based on how many of the four reference sites were or were not found to 
be significantly different from; so, for example, 0/4 indicates a site was found 
significantly different than all four of the reference sites and 4/4 indicates no significant 
differences were observed between the reference sites and the restoration site. This was 
also done among the reference sites to highlight the variability or similarity in conditions 
observed among them. High similarity among the four reference sites meant that they 
were not found significantly different from one another (e.g., 3/3), while low similarity 
(e.g., 0/3) indicated that a reference site was found significantly different from all the 
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others. This analysis was done to simplify the data and easily highlight recovery and 
variability among all the sites and parameters.    
 Hypothesis 5: To further explore the influence of elevation, and by proxy tidal 
flooding, on the restoration of native and non-native plant communities, each site’s plant 
community data were separated out by high (>2.5 m), mid (2 m-2.5 m), and low (<2.0 m) 
marsh elevation thresholds. High to low marsh elevation designations were selected 
based on the distribution of flooding conditions observed among several of the restoration 
sites (Appendix C). High marsh conditions were generally characterized by an average of 
flooding once a day or less while low marsh conditions were characterized by flooding 
twice a day (Appendix C). To be included in the analysis each within-site elevation class 
(high, mid, or low) had to have three or more quadrats of plant community and elevation 
data. Trajectory regression analysis was then conducted on the summarized mean high, 
mid, and low marsh elevation native and non-native plant cover data of the sites across 
the chronosequence.  
 Soil composition along the high to low marsh elevation zones within each site 
were also summarized and evaluated to see if there were corresponding differences in soil 
development along the elevation gradient and across the chronosequence. In addition to 
high, mid, and low marsh chronosequence comparisons among the sites (regression 
analysis), site soil data were grouped by elevation zone and age to allow for robust high 
to low marsh elevation comparisons to be made. Group and elevation comparisons were 
made due to overall low numbers of soil samples collected across each site’s elevation 
zones (n <20). Soil data were combined in the following groupings (based similarities 
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observed across the chronosequence): pasture sites, young restoration sites (1 and 2 yr), 
restored sites (3-54 yr), and reference sites. This allowed for statistical comparisons to be 
made among the elevation zones within and between the groups. ANOVA and Tukey’s 
HSD tests were performed for each parameter evaluated. Soil data were log transformed 
to improve normality.  
To evaluate trends in overall plant community composition similarity and soil 
conditions among the high to low marsh plant communities among the sites, species 
cover data for each site were used to calculate the Bray-Curtis Index (BCI) of similarity. 
The BCI data matrix was used to create a non-metric multidimensional scaling (NMDS) 
ordination plot of the high to low elevation plant communities among the sites, with 
distances between sites (on the NMDS plot) representing similarity/dissimilarity in site 
plant community composition. Linear vectors for site soil and environmental conditions 
were then fitted onto the NMDS plot to identify conditions significantly (p<0.1) 
associated with similarity/dissimilarity among sites (NMDS space). Complete linkage 
dendrogram cluster analysis was then conducted on the high to low marsh plant 
community BCI data among the sites to reveal groups of commonality in the plant 
community compositions among the reference, restored, and pasture sites (Boutin and 
Keddy 1993). Complete linkage cluster analysis defines cluster distance by the maximum 
dissimilarity (Bray-Curtis), with closely linked variables being more similar than those 
farther apart. An analysis of similarities (ANOSIM) was conducted with these data to 
evaluate significant differences among cluster BCI plant community data (Mossman et al. 
2012). Indicator species analysis was then conducted to identify the important plant 
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species for each cluster. This analysis uses both frequency and relative abundance to 
determine which plant species defines the composition of each cluster (Dufrene and 
Legendre 1997). To evaluate significant (p<0.05) differences in plant community and soil 
conditions among the clusters, ANOVA and Tukey’s HSD tests were performed for each 
parameter evaluated. Cluster data were log transformed to improve normality. All data 
analyses were conducted using R 2.15.3 statistical software and associated packages (R 
2015). 
2.5 Results 
2.5.1 Hypothesis 1: Plant Community Trajectories 
Distinct trajectories of overall site plant community recovery towards reference 
conditions were observed among the restoration sites within the hypothesized 5-10 year 
timeframe (Figures 2.4-2.5, Tables 2.2-2.3).  Native species richness showed recovery to 
reference levels within six years of reconnection, while native species cover showed 
recovery as early as three years post-tidal reconnection (Figures 2.4-2.5, Table 2.2-2.3). 
Non-native plant species richness and cover also showed declines to reference site levels 
as early as three years after tidal reconnection (Figures 2.4-2.5, Table 2.2-2.3). Overall 
mean plant community BCI similarity towards reference site conditions showed a 
significant trend over the chronosequence, with plant community composition recovering 
toward reference levels (i.e. not significantly different than one or more of the reference 
plant communities) within four years after tidal reconnection (Table 2.2-2.4). These plant 
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community and biomass recovery times were observed sooner than the hypothesized 5-10 
year time frame (Table 2.2, Appendix B, Table B.1).  
Non-native plant community cover did, however, appear to reach a plateau 
between approximately 11-40% mean total cover among the older, 9-54 yr restoration 
sites (Figure 2.5, Table 2.2-2.3). Non-native cover was also variable among the reference 
sites ranging from 26.6% to 2.9% in mean total cover (Table 2.4). No significant 
trajectories were observed in elevation, total species richness, Shannon diversity or 
evenness indices with each remaining generally similar among the restoration and 
reference sites along the chronosequence (Table 2.2-2.3).  
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Figure 2.4 Mean restored wetland native (green) and non-native (yellow) species richness by years after 
tidal reconnection (±SE). Regression curve shown with untransformed data points; linear regression was 
conducted by taking the natural log (ln) of the restoration site age: native species richness (R2= 0.74, 
p<0.000) and non-native species richness (R2= 0.60, p<0.003) regression lines shown. Green shading 
represents the range of mean native species richness observed among the reference sites, and yellow 
shading represents the range of mean non-native species richness observed among the reference sites. 
Squares = non-active pasture, diamonds = active pasture, circles = restoration sites, triangles = reference 
sites. See further site information in Tables 2.1-2.3. 
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Figure 2.5: Mean restored wetland native (green) and non-native (yellow) relative cover by years after 
tidal reconnection (±SE). Regression curve shown with untransformed data points; linear regression was 
conducted by taking the natural log (ln) of the restoration site age: native relative cover regression (R2= 
0.57, p<0.004) and non-native relative cover (R2= 0.55, p<0.005) regression lines shown. Green shading 
represents the range of mean native species cover observed among the reference sites, and yellow shading 
represents the range of mean non-native species cover observed among the reference sites. Squares = non-
active pasture, diamonds = active pasture, circles = restoration sites, triangles = reference sites. See 
further site information in Tables 2.1-2.3. 
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2.5.2 Hypothesis 2: Plant Abundance Trajectories 
Total biomass appeared to increase within the first year post-tidal reconnection 
and then was generally found to be within reference range along the entire 
chronosequence (Figure 2.6, Table 2.2 and 2.4). Due to an overall low number of 
biomass samples per site (n=11-21), native and non-native plant biomass could not be 
determined separately. Mean native and non-native plant height were used, however, as a 
proxy for their biomass recovery (Thursby et al. 2002, Westoby et al. 2002, Lou et al. 
2016). Significant increases in native plant height and declines in non-native plant height 
were observed as early as three years post-tidal reconnection (Figure 2.7, Table 2.2 and 
2.4). Overall, these plant biomass and height recovery times were observed sooner than 
the hypothesized 4-14 year time frames seen in other similar studies (Figures 2.6-2.7, 
Appendix B, Table B.1).  
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Figure 2.6: Mean restored wetland plant biomass (collected July-August) - dry weight (g/m2) by years after 
tidal reconnection (±SE, n=12-21 per site). Green shading represents the range of mean biomass observed 
among the reference sites Squares = non-active pasture, diamonds = active pasture, circles = restoration 
sites, triangles = reference sites. See further site information in Table 2.1, 2.2 and Table 2.4. 
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Figure 2.7: Mean restored wetland native (green) and non-native (yellow) plant height by years after tidal 
reconnection (±SE). Regression curve shown with untransformed data points; linear regression was 
conducted by taking the natural log (ln) of the restoration site age: native species richness regression (R2= 
0.54, p<0.006) and non-native species richness (R2= 0.31, p<0.062) regression lines shown. Green 
shading represents the range of mean native plant height observed among the reference sites, and yellow 
shading represents the range of mean non-native plant height observed among the reference sites. Squares 
= non-active pasture, diamonds = active pasture, circles = restoration sites, triangles = reference sites. 
See further site information in Table 2.1, 2.2 and Table 2.4. 
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Table 2.2: Trajectory regression analysis of the plant community survey data along the chronosequence. 
Sites aged 0 – active pasture to 54 years after tidal reconnection included in the regression analyses. Un-
grazed pasture data not included in the regression analyses. Significant (p < 0.05) trajectories in bold.  
Chronosequence Trajectory Analysis 
Plant Community Survey Recovery 
 Regression (0-54 yr) 
R2 P-value Equation 
Elevation (m) Variable 0.00 0.461 y = -0.005ln(x+1) + 2.2783 
BCI Reference Site Similarity (%) ≥4-25 yrs 0.64 0.002 y = 0.1174ln(x+1) + 0.0742 
Total species richness   -   0.01 0.698 y = 0.0451ln(x+1) + 4.6255 
Native species richness ≥6 yrs 0.74 0.000 y = 0.8751ln(x+1) + 1.0402 
Non-native species richness ≥3 yrs 0.60 0.003 y = -0.882ln(x+1) + 3.4357 
Shannon diversity (H)  -  0.01  0.568 y = 0.0099ln(x+1) + 0.9279  
Shannon evenness (He) Variable 0.01  0.452 y = 0.0048ln(x+1) + 0.6055 
Native relative cover (%) ≥3-25 yrs 0.57 0.004 y = 16.824ln(x+1) + 27.092 
Non-native relative cover (%) ≥3-25 yrs 0.55 0.005 y = -17.95ln(x+1) + 70.819 
Plant Biomass (Dry) ≥2 yrs 0.12  0.337  y = 2.3183ln(x+1) + 33.034 
Total plant height (cm) ≥2 yrs 0.34 0.046 ln(y) = 0.2184ln(x+1) + 4.2081 
Native plant height (cm) ≥3-7 yrs 0.54 0.006 ln(y) = 0.7547ln(x+1) + 2.0243 
Non-native plant height (cm) ≥3-25 yrs 0.31 0.062 ln(y) = -0.55ln(x+1) + 3.1661 
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Table 2.3: Plant community survey data (part 1): mean (SE), significant (p<0.05) differences between sites 
and reference conditions using Tukey’s HSD test. Significant differences among sites and reference 
wetlands are color coded, see key at bottom of table for further details.  
Plant Community Survey Data (Part 1) 
Age at 
Survey n 
Elevation 
(m) 
BCI 
Reference 
Similarity 
(%) 
Species Richness Shannon Indices 
Total Native Non-native 
Diversity 
(H) 
Evenness 
(He) 
Un-grazed 
Pasture 108 1.96 (0.1) 11.3 (7.2) 
4.2 
(0.2) 1.3 (0.1) 2.9 (0.2) 
0.73 
(0.05) 
0.49 
(0.03) 
Active 
Pasture  
(0 yr) 
78 1.79 (0.06) 0.4 (6.0) 
4.7 
(0.2) 0.2 (0.1) 4.4 (0.2) 
1.01 
(0.04) 
0.66 
(0.02) 
1 104 2.4 (0.05) 9.5 (2.9) 5.3 (0.2) 1.7 (0.1) 3.5 (0.2) 
1.02 
(0.04) 
0.62 
(0.02) 
2 62 2.69 (0.07) 11.7 (3.6) 
5.9 
(0.3) 2.5 (0.2) 3.5 (0.2) 
1.17 
(0.05) 
0.67 
(0.02) 
3 63 2.24 (0.04) 30.4 (3.4) 
3.5 
(0.2) 2.2 (0.2) 1.2 (0.1) 
0.58 
(0.05) 
0.45 
(0.04) 
4 66 2.22 (0.05) 48.4 (6.3) 
3.5 
(0.2) 2.3 (0.1) 0.7 (0.1) 
0.67 
(0.05) 
0.52 
(0.03) 
6 (a – NPS) 61 2.17 (0.04) 
38.3 
(12.8) 
4.8 
(0.2) 2.7 (0.2) 2.0 (0.2) 
0.96 
(0.06) 0.6 (0.03) 
6 (b – CLT) 65 1.63 (0.04) 32.1 (5.0) 
3.6 
(0.2) 2.8 (0.2) 0.6 (0.1) 
0.81 
(0.06) 
0.61 
(0.04) 
7 97 1.88 (0.1) 40.0 (4.4) 4.5 (0.2) 3.3 (0.1) 0.9 (0.1) 
0.98 
(0.04) 
0.67 
(0.02) 
9 63 2.66 (0.01) 34.5 (4.3) 
5.8 
(0.3) 4.2 (0.3) 1.4 (0.1) 
1.06 
(0.06) 0.6 (0.03) 
25 99 2.44 (0.05) 47.1 (8.2) 
4.0 
(0.2) 2.8 (0.2) 0.7 (0.1) 
0.83 
(0.05) 
0.61 
(0.03) 
34 70 2.18 (0.08) 56.5 (8.6) 
5.8 
(0.3) 4.7 (0.3) 0.7 (0.1) 
1.08 
(0.06) 
0.62 
(0.03) 
54 65 2.45 (0.04) 35.4 (9.7) 
5.1 
(0.2) 4 (0.2) 0.7 (0.1) 
1.16 
(0.05) 
0.73 
(0.02) 
Reference 
(CS) 58 
2.04 
(0.08) 
64.4 
(12.9) 
5.0 
(0.3) 3.5 (0.2) 1.1 (0.1) 
0.85 
(0.08) 
0.51 
(0.04) 
Reference 
(CT) 47 
2.18 
(0.11) 
57.2 
(10.9) 
4.4 
(0.4) 2.7 (0.2) 1.7 (0.3) 
0.84 
(0.09) 
0.53 
(0.05) 
Reference 
(DP) 57 
2.01 
(0.12) 
64.0 
(17.5) 
5.8 
(0.3) 4.6 (0.3) 0.9 (0.1) 
1.14 
(0.07) 
0.67 
(0.03) 
Reference 
(GI) 72 
2.31 
(0.05) 40.0 (4.8) 
5.2 
(0.4) 4.5 (0.4) 0.4 (0.1) 
0.92 
(0.08) 
0.53 
(0.04) 
Significantly (p<0.05) different than # of Reference Sites (out of 4)  
Pasture and Restored Sites 4 3 2 1 0 
 Reference Sites (to each other) 3 2 1 0  
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Table 2.4: Plant community survey data (part 2): mean (SE), significant (p<0.05) differences between sites 
and reference conditions using Tukey’s HSD test. Significant differences among sites and reference 
wetlands color coded, see key at bottom of table for further details.  
Plant Community Survey Data (Part 2) 
Age at 
Survey n 
Relative Cover (%) Plant Height (cm) Plant Biomass 
Native Non-native Overall Native 
Non-
native n 
Overall 
(Dry – 
g/m2) 
Un-grazed 
Pasture 108 
18.1 
(2.5) 79.5 (2.8) 
123.5 
(3.8) 15.7 (2.7) 
103.8 
(5.2) 12 62.4 (9.7) 
Active 
Pasture 
(0 yr) 
78 3.7 (1.3) 96.1 (1.3) 39.8 (4.3) 2.7 (1.0) 37.1 (3.9) 12 27 (7.6) 
1 104 30.7 (3.1) 69 (3.1) 45.3 (2.3) 20.6 (2.4) 24.4 (1.8) 12 13.4 (3.1) 
2 62 36.5 (3.9) 63.5 (3.9) 
103.2 
(5.6) 35.3 (4.4) 67.8 (6.4) 17 53.4 (6.5) 
3 63 72.9 (4.5) 18.9 (4.0) 
110.5 
(6.6) 70.7 (7.1) 21.7 (5.3) 16 41.8 (6.6) 
4 66 80.3 (3.4) 14.3 (3.1) 
163.1 
(8.4) 
128.9 
(9.8) 22.3 (5.5) 18 36.6 (4.1) 
6 (a – NPS) 61 45.1 (4.5) 49.3 (4.7) 
121.5 
(5.4) 51.8 (6.9) 58.6 (6.2) 12 
47.1 
(12.3) 
6 (b – CLT) 65 82.3 (4.0) 10.1 (3.3) 
145.7 
(5.1) 
118.8 
(7.6) 11.6 (5) 16 39.8 (5.4) 
7 97 78.5 (3.1) 15.2 (2.8) 
131.1 
(4.3) 99.5 (5.5) 18.5 (4.4) 12 33.4 (6.3) 
9 63 58.3 (4.0) 40.6 (3.9) 132 (4.3) 67.5 (5.5) 62.3 (6.7) 21 27.9 (3) 
25 99 69.3 (3.3) 18.3 (2.8) 
113.2 
(5.2) 76.8 (4.9) 12 (2.9) 13 49.8 (9) 
34 70 86.5 (2.8) 11.5 (2.9) 
130.9 
(6.7) 
117.7 
(7.1) 9 (3.1) 14 31.6 (5.1) 
54 65 82.8 (3.0) 14.4 (2.9) 
103.4 
(4.3) 82.1 (4.1) 16.4 (3.8) 11 40.3 (7.5) 
Reference 
(CS) 58 
79.4 
(4.0) 15.2 (3.2) 
131.3 
(8.3) 
113.7 
(9.5) 8 (2.7) 17 46.8 (5.4) 
Reference 
(CT) 47 
72.3 
(4.9) 26.6 (4.9) 
104.9 
(7.2) 74.6 (7.5) 30.2 (7.4) 12 
60.6 
(13.3) 
Reference 
(DP) 57 85 (2.8) 14.4 (2.8) 
121.8 
(6.2) 
107.6 
(6.6) 13.1 (3.5) 17 39.6 (5.7) 
Reference 
(GI) 72 
94.4 
(1.3) 2.9 (0.8) 
148.5 
(6.4) 
141.7 
(6.7) 1.8 (0.6) 21 
69.8 
(10.6) 
Significantly (p<0.05) different than # of Reference Sites (out of 4) 
Pasture and Restored Sites 4 3 2 1 0 
Reference Sites (to each other) 3 2 1 0   
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2.5.3 Hypotheses 3: Soil Bulk Density and Organic Matter Trajectories   
 Soil conditions showed significant changes along the chronosequence. Soil bulk 
density showed a decline towards reference levels along the chronosequence (Figure 2.8, 
Tables 2.5-2.6), while soil organic matter content showed a variable but significant 
increase towards reference levels (Figure 2.9, Tables 2.5-2.6). The high organic content 
of the pasture site soils are reflective of their overall low elevation palustrine wetland 
(non-tidal, seasonal wetlands) conditions pre-restoration (Figure 2.9). Site mean soil bulk 
density and soil organic matter showed a significant negative Spearman correlation  
(-0.84, p = 0.001), indicating the recovery of these two soil conditions maybe closely 
linked in the surface soils of these restored wetlands (Figure 2.10). Additionally, soil 
organic matter (0.67, p = 0.017) and bulk density (-0.58, p = 0.038) were both strongly 
correlated with mean elevation (Figures 2.11-2.12) among the 3-54 yr restored sites and 
reference sites. These soil organic matter, bulk density, and elevation correlations 
observed among the sites help explain the variability observed across the 
chronosequence, higher elevation sites potentially taking longer to recover than lower 
elevation sites (Figures 2.8-2.9, 2.11-2.12, Tables 2.5-2.6). Overall, soil bulk density and 
organic matter recovery occurred quicker, in 3-9 years, than the hypothesized 20 or 
greater years that has been observed in other similar studies (Appendix B, Table B.1).  
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Figure 2.8: Mean soil bulk density (g/cm3) by years after tidal reconnection (± SE). Regression curve 
shown with untransformed data points; linear regression was conducted by taking the natural log (ln) of 
the restoration site age: mean soil bulk density regression (R2= 0.47, p<0.014). Green shading represents 
the range of mean soil bulk density observed among the reference sites. Squares = non-active pasture, 
diamonds = active pasture, circles = restoration sites, triangles = reference sites. See further site 
information in Tables 2.1, 2.5, and 2.6. 
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Figure 2.9: Mean soil organic matter content (%) by years after tidal reconnection (± SE). Regression 
curve shown with untransformed data points; linear regression was conducted by taking the natural log 
(ln) of the restoration site age: mean soil organic matter content regression (R2= 0.37, p=0.044). Green 
shading represents the range of mean soil organic matter content observed among the reference sites. 
Squares = non-active pasture, diamonds = active pasture, circles = restoration sites, triangles = reference 
sites. See further site information in Tables 2.1, 2.5, and 2.6. 
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Figure 2.10: Wetland mean soil bulk density (g/cm3) vs. soil organic matter content (%). Restoration sites 
labeled by year of tidal reconnection (circles and diamonds) and pasture (squares) and reference 
(triangles) sites labeled by site code see Table 2.1 and 2.6 for more site specific details. Significant 
negative Spearman correlation, -0.84 and p = 0.001, observed between soil organic matter and bulk 
density among the restoration sites 1-54 years old (green circles and orange diamonds) and the reference 
sites (green triangles).  
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Figure 2.11: Wetland mean soil organic matter (%) vs. elevation (m, NADV88). Restoration sites labeled 
by year of tidal reconnection (circles and diamonds) and pasture (squares) and reference (triangles) sites 
labeled by site code see Table 2.1 and 2.6 for more site specific details. Significant positive Spearman 
correlation 0.67 and p = 0.017 identified among the restoration sites 3-54 years old (green circles) and the 
reference sites (green triangles).  
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Figure 2.12: Wetland mean soil bulk density (g/cm3) vs. elevation (m, NADV88). Restoration sites labeled 
by year of tidal reconnection (circles and diamonds) and pasture (squares) and reference (triangles) sites 
labeled by site code see Table 2.1 and 2.6 for more site specific details. Significant negative Spearman 
correlation -0.58 and p = 0.038 identified among the restoration sites 3-54 years old (green circles) and 
the reference sites (green triangles).  
 
2.5.4 Hypotheses 4: Soil Phosphorus and Nitrogen   
No significant trajectory was observed in soil total P, which was highly variable 
among both the restoration sites and the reference sites (Figure 2.13, Tables 2.5-2.6). 
Although not a significant trajectory, total N did appear to initially decrease post-tidal 
reconnection and then increase within the range of reference levels after three years post-
tidal reconnection (Figure 2.14, Tables 2.5-2.6). Mean site total soil N content was 
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strongly correlated with soil organic matter content (0.91, p<0.001), reasonably 
indicating that N retention in the restored wetlands is highly influenced by organic matter 
accumulation (Figure 2.15).  Soil N was also positively correlated (marginally significant, 
0.55, p= 0.076) with mean site elevation (Figure 2.16), which given the strong soil 
organic matter and nitrogen correlation is likely related to the observed positive 
correlation between site soil organic matter content and elevation (2.11). No significant 
trend of N and P abundance in the soil may be due to the overall low number of soil 
samples collected and the high variability observed within and among the sites (Table 
2.6). Without pre-restoration data on soil conditions among all of the sites it is difficult to 
identify if the variability in soil nutrients observed is representative of natural variability 
in soil conditions or in-part due to relatively low sample size.  
 
76 
 
 
 
 
Figure 2.13: Mean soil total P (mg/kg) by years after tidal reconnection (± SE). Green shading represents 
the range of mean soil P content observed among the reference sites. Squares = non-active pasture, 
diamonds = active pasture, circles = restoration sites, triangles = reference sites. See further site 
information in Tables 2.1, 2.5, and 2.6. 
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Figure 2.14: Mean soil total N (mg/kg) by years after tidal reconnection (± SE). Green shading represents 
the range of  mean soil P content observed among the reference sites. Squares = non-active pasture, 
diamonds = active pasture, circles = restoration sites, triangles = reference sites. See further site 
information in Tables 2.1, 2.5, and 2.6. 
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Figure 2.15: Wetland mean soil N (mg/kg) vs. soil organic matter content (%). Restoration sites labeled by 
year of tidal reconnection (circles and diamonds) and pasture (squares) and reference (triangles) sites 
labeled by site code see Table 2.1 and 2.6 for more site specific details. Significant positive Spearman 
correlation, 0.93 and p < 0.001 identified among the restoration sites 1-54 years old (green circles) and 
the reference sites (green triangles). 
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Figure 2.16: Wetland mean soil N (mg/kg) vs. elevation (m, NADV88). Restoration sites labeled by year of 
tidal reconnection (circles and diamonds) and pasture (squares) and reference (triangles) sites labeled by 
site code see Table 2.1 and 2.6 for more site specific details. Marginally significant positive Spearman 
correlation, 0.55 and p = 0.076 identified among the restoration sites 3-54 years old (green circles) and 
the reference sites (green triangles). 
 
2.5.5 Trends in Soil Texture, pH, CEC, and Salinity  
Soil texture composition showed significant changes along the chronosequence, 
with a general decline in the percent sand and an increase in clay and silt in the first 1-6 
years post-tidal reconnection (Figure 2.14, Table 2.5 and 2.7). Soil pH exhibited a 
significant increase along the chronosequence, reaching reference levels within 3 years 
after tidal reconnection (Figure 2.15, Table 2.5-2.6). No significant trajectory was 
observed in soil CEC and Na (Figures 2.16-2.17, Tables 2.5 and 2.7). Soil CEC and Na 
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content were also variable among the restored and reference sites but did correlate (CEC -
0.83, p = 0.001 and Na -0.49, p = 0.10) with river mile distance from the Columbia River 
(Figure 2.18, Table 2.1 and 2.7). Sites closer to the mouth of Youngs Bay and the 
Columbia are more closely exposed to the tidal and salinity influences of the Pacific 
Ocean, resulting in more saline soil conditions (Appendix C). Additionally, neither the 
overall site elevations nor the soil sample elevations followed a detectable trajectory over 
the chronosequence (Figure 2.19, Table 2.2-2.6), with a great amount of variability 
existing among the sites and mean elevations ranging from 1.63 to 2.69 meters 
(NAVD88). This variability in overall elevation among the sites, while not found to 
follow a trend across the chronosequence, was found to correlate with site mean soil 
organic matter, bulk density, and nitrogen content (Figures 2.11-12, 2.16). All significant 
soil trajectories were observed along a logarithmic time scale, with the changes observed 
occurring within the first 1-9 years before stabilizing to more gradual changes/differences 
among the sites ranging from 25-54 years post-tidal reconnection (Table 2.5). 
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Figure 2.17: Mean (± SE) soil 
texture, % sand, silt and clay 
by years after tidal 
reconnection. Regression 
curve shown with 
untransformed data points; 
linear regression was 
conducted by taking the 
natural log (ln) of the 
restoration site age: mean soil 
silt  content regression (R2= 
0.12, p=0.089), mean soil clay  
content regression (R2= 0.43, 
p=0.023), mean soil sand  
content regression (R2= 0.41, 
p=0.023). Shading represents 
the range of  mean soil texture 
observed among the reference 
sites. Squares = non-active 
pasture, diamonds = active 
pasture, circles = restoration 
sites, triangles = reference 
sites. See further site 
information in Tables 2.1, 2.5, 
and 2.7. 
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Figure 2.18: Mean soil pH by years after tidal reconnection (± SE). Regression curve shown with 
untransformed data points; linear regression was conducted by taking the natural log (ln) of the 
restoration site age: mean soil pH regression (R2= 0.30, p<0.089). Green shading represents the range of  
mean soil pH observed among the reference sites. Squares = non-active pasture, diamonds = active 
pasture, circles = restoration sites, triangles = reference sites. See further site information in Tables 2.1, 
2.5, and 2.6. 
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Figure 2.19: Mean soil CEC (meq/100g) by years after tidal reconnection (± SE). Green shading 
represents the range of mean soil CEC  observed among the reference sites. Squares = non-active pasture, 
diamonds = active pasture, circles = restoration sites, triangles = reference sites. See further site 
information in Tables 2.1, 2.5, and 2.7. 
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Figure 2.20: Mean soil sodium (Na) content (CEC %) by years after tidal reconnection (± SE). If soil Na is 
greater than 15% of the CEC then considered saline - Sodic soils. Green shading represents the range of  
mean soil Na (CEC %)  observed among the reference sites. Squares = non-active pasture, diamonds = 
active pasture, circles = restoration sites, triangles = reference sites. See further site information in Tables 
2.1, 2.5, and 2.7. 
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Figure 2.21: Wetland mean soil Na (% CEC, green) and total CEC (meq/100g, black) vs. river distance to 
the Columbia River (km), soil Na Spearman correlation -0.49, p-value=0.10 and total % CEC -0.83, 
p=0.001. Restoration sites labeled by year of tidal reconnection (circles) and reference (triangles) sites 
labeled by site code see Table 2.1, 2.5, and 2.7 for more details. 
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Figure 2.22: Mean site elevation (derived from plant community and soil samples) by years after tidal 
reconnection (± SE).  Green shading represents the range of mean elevation  observed among the reference 
sites. Squares = non-active pasture, diamonds = active pasture, circles = restoration sites, triangles = 
reference sites. See further site information in Tables 2.1-2.3, 2.5-2.6. 
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Table 2.5: Trajectory regression analysis of the soil survey data along the chronosequence. Sites aged 0 – 
active pasture to 54 years after tidal reconnection included in the regression analyses unless otherwise 
noted. Un-grazed pasture data not included in the regression analyses. * indicates that the active pasture 
(year 0) site was also excluded from the regression analysis. Significant (p < 0.05) trajectories in bold.  
Chronosequence Trajectory Analysis 
Plant Community Survey 
Recovery 
Regression (0-54 yr, *1-54 yr) 
Soil Survey R2 P-value Equation 
Elevation Variable 0.12  0.275    y = 0.0712ln(x+1) + 2.077 
Organic matter content ≥3 yrs 0.37 0.044  *ln(y)= 0.2027ln(x) + 2.4676 
Bulk density ≥3-9 yrs 0.47 0.014    y = -0.117ln(x+1) + 0.7123 
Total Nitrogen ≥3-9 yrs  0.11 0.319  *y = 595.1ln(x) + 3630.3 
Total Phosphorus Variable  0.05 0.506  *y = -60.96ln(x) + 1271.7 
pH ≥3-25 yrs 0.30 0.089    y = 0.0753ln(x+1) + 4.965 
CEC Variable 0.06  0.458    y = 1.0952ln(x+1) + 33.395 
Na (%) Variable  0.26 0.164    y = 1.839ln(x+1) + 11.063 
Soil Texture Recovery R2 P-value Equation 
Clay (%) ≥6 yrs 0.43 0.019    y = 4.0133ln(x+1) + 1.8924 
Silt (%) ≥1 yrs 0.12 0.089    y = 2.6217ln(x+1) + 46.882 
Sand (%) ≥1 yrs 0.41 0.023    y = -6.635ln(x+1) + 51.226 
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Table 2.6: Soil survey summary data (part 1): mean (SE), significant (p<0.05) differences between sites 
and reference conditions using Tukey’s HSD test. Significant differences among sites and reference 
wetlands color coded, see key at bottom of table for further details. 
Soil Survey Summary Data (Part 1) 
Age at 
Survey n Elevation (m) 
Organic 
Matter (%) 
Bulk Density 
(g/cm3) 
Total N 
(mg/kg) 
Total P 
(mg/kg) pH 
Un-grazed 
Pasture 12 1.92 (0.13) 23.9 (2.5) 0.43 (0.03) 6355 (876) 629 (66) 
4.5 
(0.1) 
Active 
Pasture 
(0 yr) 
12 1.58 (0.11) 18.2 (1.6) 0.91 (0.06) 4881 (428) 776 (68) 4.8 (0.1) 
1 12 2.47 (0.26) 9.9 (1.2) 0.72 (0.09) 2835 (374) 746 (103) 4.9 (0.1) 
2 17 2.66 (0.13) 9.6 (1.3) 0.72 (0.03) 1254 (186) 1248 (63) 4.8 (0.1) 
3 16 2.24 (0.06) 26.1 (1.8) 0.28 (0.03) 7689 (681) 1548 (247) 5.1 (0.1) 
4 18 2.32 (0.14) 16.8 (1.0) 0.38 (0.03) 4508 (289) 1276 (73) 5.3 (0.1) 
6  
(a – NPS) 12 2.11 (0.1) 16.7 (1.8) 0.47 (0.03) 4646 (523) 1684 (56) 
5.2 
(0.1) 
6  
(b – CLT) 16 1.72 (0.09) 13.2 (0.8) 0.38 (0.02) 3939 (297) 867 (42) 
5.3 
(0.1) 
7 12 1.83 (0.21) 14.8 (1.5) 0.52 (0.03) 3265 (541) 1122 (101) 5.1 (0.1) 
9 21 2.65 (0.02) 32.5 (2.8) 0.25 (0.03) 9102 (826) 1474 (127) 4.8 (0.1) 
25 13 2.11 (0.15) 24.2 (6.3) 0.38 (0.04) 5805 (1200) 743 (52) 5.3 (0.2) 
34 14 2.24 (0.13) 17.4 (1.1) 0.37 (0.03) 4899 (292) 1128 (74) 5.5 (0.1) 
54 11 2.5 (0.07) 26.5 (2.4) 0.38 (0.05) 4870 (622) 834 (150) 4.9 (0.1) 
Reference 
(CS) 17 2.29 (0.14) 21.2 (2.2) 0.32 (0.02) 5618 (474) 1429 (76) 
5.2 
(0.1) 
Reference 
(CT) 12 2.21 (0.14) 17.9 (2.6) 0.44 (0.04) 4380 (715) 872 (115) 
5.4 
(0.1) 
Reference 
(DP) 17 2.11 (0.17) 29.6 (5.1) 0.33 (0.05) 8519 (1185) 1472 (81) 
5.5 
(0.1) 
Reference 
(GI) 21 2.41 (0.05) 28.5 (2.9) 0.25 (0.02) 7870 (532) 1224 (41) 
5.3 
(0.1) 
Significantly (p<0.05) different than # of Reference Sites (out of 4)  
Pasture and Restored Sites 4 3 2 1 0 
Reference Sites (to each other) 3 2 1 0  
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Table 2.7: Soil survey summary data (part 2): mean (SE), significant (p<0.05) differences between sites 
and reference conditions using Tukey’s HSD test. Significant differences among sites and reference 
wetlands color coded, see key at bottom of table for further details. 
 
 
 
 
Soil Survey Summary Data (Part 2) 
Age at Survey n CEC Na (%) 
Soil Texture 
n Clay (%) Silt (%) Sand (%) 
Un-grazed Pasture 12 28.7 (2.4) 6.6 (1.5) 9 12.9 (1.9) 40.5 (2.8) 46.6 (3.7) 
Active Pasture 
(0 yr) 12 26.6 (1.6) 3.7 (1.4) 12 6.4 (1.3) 33.7 (2.0) 59.9 (2.1) 
1 12 43.4 (2.1) 12.2 (2) 12 4.3 (0.5) 41.9 (2.8) 53.7 (2.8) 
2 17 38.3 (3.4) 11.2 (1.3) 17 6.6 (0.8) 51.3 (4.3) 42.1 (4.8) 
3 16 36.7 (1.4) 18.2 (0.7) 9 2.3 (0.2) 64.5 (2.8) 33.1 (2.6) 
4 18 33.5 (0.9) 14.7 (1.3) 15 3.9 (1.0) 60.8 (3.4) 35.3 (2.6) 
6 (a – NPS) 12 42.5 (2.0) 22.6 (1.3) 11 7.1 (1.0) 51.7 (3.8) 41.2 (4.4) 
6 (b – CLT) 16 28.2 (1.2) 13.4 (0.7) 9 6.9 (1.0) 52.7 (3.0) 40.4 (2.7) 
7 12 33.4 (2.2) 15.0 (1.4) 11 7.9 (1.4) 58.5 (1.4) 33.6 (1.0) 
9 21 25.5 (1.4) 5.1 (0.4) 2 19.3 (0.7) 49.3 (0.1) 31.4 (0.5) 
25 13 38.6 (4.7) 24.3 (2.1) 5 21.0 (0.4) 61.9 (2.0) 17.2 (2.2) 
34 14 26.0 (0.9) 11.1 (0.6) 3 23.5 (5.2) 54.5 (2.3) 22.0 (3.6) 
54 11 49.7 (3.3) 16.9 (0.8) 3 9.3 (0.8) 44.3 (7.8) 46.4 (7.1) 
Reference (CS) 17 36.1 (1.9) 13.3 (0.5) 9 13.5 (1.1) 49.9 (3.7) 36.6 (4.3) 
Reference (CT) 12 34.6 (2.8) 20.8 (1.2) 8 9.2 (1.6) 49 (4.4) 41.8 (4.7) 
Reference (DP) 17 43.7 (3.8) 20.9 (1.3) 8 9.8 (0.9) 52.9 (4.1) 37.2 (3.7) 
Reference (GI) 21 44.4 (2.9) 16.5 (0.6) 6 7.5 (1.1) 58.4 (3.7) 34.0 (3.3) 
Significantly (p<0.05) different than # of Reference Sites (out of 4)   
Pasture and Restored Sites 4 3 2 1 0 
 Reference Sites (to each other) 3 2 1 0  
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2.5.6 Plant community and environmental data correlations  
 Among the restored and reference sites, BCI plant community similarity to 
reference sites was found negatively correlated (Spearman correlation, p-value) with non-
native species richness (-0.74, p = 0.01), cover (-0.71, p = 0.01), and plant height (-0.64, 
p = 0.03) and positively correlated with native species richness (0.70, p = 0.02), cover 
(0.70, p = 0.02), and plant height (0.74, p = 0.01) (Table 2.8). BCI plant community 
similarity to reference sites was also found to be positively correlated with soil pH (0.70, 
p = 0.02), clay content (0.65, p = 0.03), and negatively correlated with sand content  
(-0.67, p = 0.02) (Table 2.9). These correlations reflect the observed shift in soil 
conditions and plant community similarity from pasture conditions to reference 
conditions over the chronosequence, with the pasture sites and young restored sites 
having lower soil pH and sandier soil conditions than the older restored sites and the 
reference sites (Figure 2.17-2.18). Total species richness among the sites was found to be 
negatively correlated with soil Na levels (-0.63, p = 0.04), and soil silt levels (-0.68,  
p = 0.02) (Table 2.9). Non-native species richness was also found to be negatively 
correlated with soil pH (-0.76, p=0.01), soil silt content (-0.51, p = 0.10), native plant 
height (-0.95, p = 0.00), native plant cover (-0.85, p = 0.00), and positively correlated 
with non-native plant height (0.78, p < 0.01)and non-native plant cover (0.96, p < 
0.01)(Table 2.9). 
  Native species richness was found to be positively correlated with native relative 
cover (0.55, p = 0.08), soil clay content (0.91, p = 0.00), soil N levels (0.42, p = 0.10) and 
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soil OM levels (0.49 p = 0.10) (Table 2.9). Non-native relative plant cover was found to 
be negatively correlated with native plant height (-0.96, p < 0.01), native relative plant 
cover (-0.94, p = 0.00), soil pH (-0.70, p = 0.01), and positively correlated with site 
elevation (0.53, p = 0.04) and non-native plant height (0.81, p < 0.01)(Table 2.8-2.9). 
Native plant cover was also found to be negatively correlated with non-native plant 
height (-0.80, p = 0.00), and positively correlated with native plant height (0.88, p < 
0.01)and soil pH (0.60, p = 0.05) (Table 2.8-2.9).  
 Non-native plant height was found to be negatively correlated with soil pH (-0.70, 
p = 0.02), native plant height (-0.70, p = -0.70, 0.02), and positively correlated with 
elevation (0.60, p = 0.04) (Table 2.8-2.9). Native plant height was also found to be 
negatively correlated with site elevation (-0.55, p = 0.08) (Table 2.9). In summary, native 
plant community conditions (species richness, cover, plant height) and reference plant 
community similarity among the sites were found inversely related to non-native 
community conditions (species richness, cover, plant height) and positively associated 
with greater levels of finer soil particles such as clay and silt, higher pH levels, greater 
soil N levels, greater organic matter content, and lower wetland elevations (Table 2.8-
2.9). In turn, higher elevations, lower soil pH levels, and coarser soil conditions were 
associated with increases in non-native plant community metrics (Table 2.9, Figure 2.21-
2.22). 
 Environmental conditions among the sites were also found correlated with each 
other (Table 2.10); site elevation was found to be negatively correlated with soil pH  
(-0.64, p = 0.03), soil salinity (Na content) (-0.49, p = 0.10), and silt content (-0.54,  
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p = 0.08). Soil pH was also found positively correlated with soil silt content (0.63,  
p = 0.04) and soil silt content was found to be negatively correlated with soil sand content 
(-0.69, p = 0.02). Soil salinity (Na content) was found negatively correlated with site river 
mile distance from the Columbia River (-0.49, p = 0.10) and positively correlated with 
soil CEC levels (0.57, p = 0.07). Soil CEC was additionally found positively correlated 
with soil bulk density (0.54, p = 0.086), soil sand content (0.63, p=0.04), and negatively 
correlated with river mile distance from the Columbia River (-0.83, p = 0.00). Soil sand 
content was found to be negatively correlated with soil total N content (-0.69, p =0.02), 
soil OM content (-0.52, p = 0.10), and positively correlated with site bulk density (0.67, 
p=0.023). Soil N levels were also found positively correlated with soil organic matter 
content (0.93, p < 0.01)and negatively correlated with soil bulk density (-0.90, p = 0.00). 
Soil organic matter content was found negatively correlated with soil bulk density (-0.84, 
p < 0.01)and sand content (-0.52, p = 0.10). Soil P levels were not found significantly 
correlated with any of the other environmental metrics measured.   
 Putting these correlation results in context, lower elevations were associated with 
greater soil silt content, lower pH levels, and higher salinity levels (Figure 2.22). Higher 
salinity conditions closer to the Columbia River as well as lower in the elevation gradient 
make sense given lower elevations would receive more seawater exposure from the 
estuary’s salt wedge, especially approaching the mouth of the estuary where the 
Columbia River meets the Pacific Ocean (Figure 1.2, Odum 1988, Seliskar et al. 1983). 
The relationships among soil salinities, CEC levels, and proximity to the Columbia river 
and, in turn, the seawater of the Pacific Ocean (Figure 1.1-1.2) is also explained by 
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seawater contribution of Na+, Mg+, Ca2+, K+ cations to the system (Schlesinger and 
Bernhardt 2013). In lower elevations, higher salinities coupled with increases in flooding 
can also contribute to elevated soil pH levels through the reduction of sulfate and iron 
(Portnoy 1999). Lower elevations are also exposed to more frequent flooding and, in turn, 
result in greater exposure to fine particulate dropout from the water column leading to an 
accumulation of clay and silt, which accounts for the higher levels of these fine texture 
soils observed in the lower wetland elevations (Craft et al. 1993, Olff et al. 1997, Seliskar 
et al. 1983). In terms of the observed relationships between soil sand, organic matter and 
bulk density, higher levels of sand and lower levels of organic matter would contribute to 
higher bulk density levels, as sand has a much greater density than organic matter, and 
lower nitrogen content, as organic matter is an important source of soil organic nitrogen 
(Schlesinger and Bernhardt 2013). The lack of any detected trend or correlation among 
the environmental parameters and the total soil P levels could be due to the low overall 
number of soil samples collected per site or natural variability.  
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Table 2.8: Correlation matrix (part 1) of mean site plant community and environmental variables. Only 
Spearman correlations with p-values ≤ 0.10 are shown. 
 
 
 
 
 
 
 
 
 
 
 
 
 
Restored and Reference Wetland Plant Community and Environmental Metrics (n=15) 
Spearman Correlation (p-value) 
  
Correlation 
Matrix  
(Part 1) 
  
BCI 
Reference 
Similarity 
  
Total 
 Species 
Richness 
Native Non-native 
Species 
Richness 
Cover  
(%) 
Height 
(cm) 
Species 
Richness 
Cover 
(%) 
Height 
(cm) 
Total Species 
Richness  -         
N
at
iv
e 
Species 
Richness 
0.70 
(0.02)  -        
Cover (%) 0.70 (0.02)  -  
0.55 
(0.08)      
Height 
(cm) 
0.74 
(0.01)  -   -  
0.88 
(0.00)     
N
on
-n
at
iv
e 
Species 
Richness 
-0.74 
(0.01)  -   -  
-0.85 
(0.00) 
-0.95 
(0.00)    
Cover (%) 0.71 (0.02)  -   -  
-0.95 
(0.00) 
-0.96 
(0.00) 
0.96 
(0.00)   
Height 
(cm) 
-0.64 
(0.04)  -   -  
-0.80 
(0.00) 
-0.70 
(0.02) 
0.78 
(0.00) 
0.81 
(0.00)  
Elevation (m)  -   -   -   -  -0.55 (0.08)  -  
0.53 
(0.09)  -  
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Table 2.9: Correlation matrix (part 2) of mean site plant community and environmental variables. Only 
Spearman correlations with p-values ≤ 0.10 are shown.                                                               
 
 
 
 
 
 
  
 
 
 
 
 
Restored and Reference Wetland Plant Community and Environmental Metrics (n=15):  
Spearman Correlation (p-value) 
Correlation 
Matrix 
(Part 2) 
 BCI 
Reference 
Similarity 
 Total 
Species 
Richness 
Native Non-native 
Species 
Richness 
Cover 
(%) 
Height 
(cm) 
Species 
Richness 
Cover 
(%) 
Height 
(cm) 
pH 0.70 (0.02)  -   -  
0.60 
(0.05) 
0.73 
(0.01) 
-0.76 
(0.01) 
-0.70 
(0.02) 
0.73 
(0.01) 
Na (%)  -  -0.63 (0.04)  -   -   -   -   -   -  
CEC (%)  -   -   -   -   -   -   -   -  
Clay (%) 0.65 (0.03)  -  
0.91 
(0.00)  -   -   -   -   -  
Silt (%)  -  -0.68 (0.02)  -   -   -  
-0.51 
(0.10)  -   -  
Sand (%) -0.67 (0.02)  -   -   -   -   -   -   -  
N (mg/kg)  -   -  0.43 (0.10)  -   -   -   -   -  
Organic 
Matter (%)  -   -  
0.49 
(0.10)  -   -   -   -   -  
Bulk Density 
(g/cm3)  -   -   -   -   -   -   -   -  
River miles 
to Columbia  -   -   -   -   -   -   -   -  
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Table 2.10: Correlation matrix (part 3) of mean site environmental variables.  Only Spearman correlations 
with p-values ≤ 0.10 are shown. 
 
Restored and Reference Wetland Environmental Metrics (n=15):  
Spearman Correlation (p-value) 
Correlation 
Matrix 
(Part 3) 
Elevation 
(m) pH 
Na 
(%) 
CEC 
(%) 
Clay 
(%) 
Silt 
(%) 
Sand 
(%) 
N 
(mg/kg) 
Organic 
Matter 
(%) 
pH -0.64 (0.03)         
Na (%) -0.49 (0.10)  -         
CEC (%)  -   -  0.57 (0.07)       
Clay (%)  -   -   -   -       
Silt (%) -0.54 (0.08) 
0.63 
(0.04)  -   -   -      
Sand (%)  -  -0.69 (0.02)  -  
0.63 
(0.04)  -  
-0.69 
(0.02)    
N (mg/kg)  -   -   -   -   -   -  -0.69 (0.02)   
Organic Matter 
(%)  -   -   -   -   -   -  
-0.52 
(0.10) 
0.93 
(0.00)  
Bulk Density 
(g/cm3)  -   -   -  
0.54 
(0.09)  -   -  
0.67 
(0.02)  -  
-0.84 
(0.00) 
River miles to 
Columbia  -   -  
-0.49 
(0.10) 
-0.83 
(0.00)  -   -   -   -   -  
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Figure 2.23: Conceptual diagram summarizing the correlations observed among the wetland plant 
community metrics and soil conditions among the sites. In the darkened native and non-native plant 
community boxes, up and down arrows indicate positive or negative correlations were observed among the 
native or non-native plant community metrics. In the white background corresponding environmental 
metrics boxes up and down arrows indicate positive and negative correlations were observed with these 
parameters and the native or non-native plant community metrics.* (+/-) Indicates significant change (+/-) 
observed over the chronosequence (time since tidal reconnection) and nesting of environmental metrics 
indicates further correlations were observed among the nested environmental metrics. For all trajectory 
and correlation details see Tables 2.8-2.10 
 
2.5.7 Multivariate Analysis of Plant Community Bray-Curtis Similarity 
 The Bray-Curtis similarity NMDS plot of the plant community composition 
similarity among the sites shows a clear gradient from unrestored pasture sites and young 
restored sites (<3 yrs old) on the left to reference sites and older (>3 yrs) restoration sites 
on the right (Figure 2.21). Environmental variable vectors were significantly associated 
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with the NMDS space and the un-restored to reference site gradient (Figure 2.21, Table 
2.11). The significant vectors and associated site plant community characteristics echo 
many of the relationships observed among the environmental conditions at the sites found 
through the trajectory and spearman’s correlation analysis (described in the sections 
above) (Table 2.8-2.9). Specifically, the younger restored and pasture site side of the 
NMDS were found significantly correlated with higher levels of non-native plant cover, 
non-native plant species richness, non-native plant height, and greater levels of soil sand 
and bulk density (Figure 2.22). In comparison, the reference and older site side of the 
NMDS space is significantly correlated with higher levels of native plant cover, native 
species richness, and native plant height and greater levels of soil silt and clay content, 
organic matter, Na, and higher pH levels (Figure 2.22). Among the restored and reference 
site NMDS, site elevation and age were also significantly associated with increased levels 
of non-native species abundance (Figure 2.22). Older restoration sites and higher 
elevations were associated with greater P. arundinacea, Reed canarygrass, abundance 
and lower soil pH and Na levels, while slightly younger sites with lower elevations were 
associated with greater native species abundance, such as Eleocharis palustris, spikerush, 
Lilaeopsis occidentalis, Western grasswort, and Schoenoplectus lacustris, bulrush, and 
higher levels of soil Na and pH (Figure 2.22). The one and two year old restoration sites 
were most significantly associated with non-native species richness and cover, such as 
common field and wet pasture species Lotus corniculatus, Birdsfoot trefoil, Ranunculus 
repens, creeping buttercup, Alopecurus geniculatus, water foxtail, Alopecurus pratensis, 
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meadow foxtail, Trifolium repens, white clover, and Holcus lanatus, velvet grass (Figure 
2.22, complete species list and information in Appendix D, Table D.1 and Table D.2).  
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Figure 2.24: NMDS plot of Bray-Curtis Similarity of the plant communities by site type and age. Vectors 
(p<0.10) included for plant community and soil summary metrics. For details on the vector analyses in 
Table 2.11.  
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Figure 2.25: NMDS plot of Bray-Curtis Similarity of only restoration and reference plant communities by 
site type and age (no pasture sites). Significant vectors (p<0.10) included for plant community and soil 
summary metrics. S. microcarpus, (Scurpis microcarpus, small-headed bulrush, native) P. arundinacea 
(Phalaris arundinacea, reed canarygrass, non-native),C. lyngbyei (Carex Lyngbyei, lyngbye’s sedge, 
native), S. lacustris (Schoenoplectus lacustris, bulrush, native), L. occidentalis (Lilaeopsis occidentalis, 
Western grasswort, native), E. palustris (Eleocharis palustris, spikerush, native), A. geniculatus 
(Alopecurus geniculatus, water foxtail, non-native), A. pratensis (Alopecurus pratensis, meadow foxtail, 
non-native), T. repens (Trifolium repens, white clover, non-native), H. lanatus (Holcus lanatu, common 
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velvet grass, non-native), R. repens (Ranunculus repens, creeping buttercup, non-native), L. corniculatus 
(Lotus corniculatus, birdsfoot trefoil, non-native). For details on the vector analyses in Table 2.11.  
 
Table 2.11: NMDS vector plant community analysis for all sites and only restoration and reference site 
NMDS analyses. Only vectors with p<0.10 were included. 
NMDS Vector - Plant Community Analysis  
All vectors with p-values <0.1 All Sites (Figure 2.21) 
Only Restoration and 
Reference Sites 
(Figure 2.22)  
Plant Community 
Parameters R
2 P-Value R2 P-Value 
Elevation  -   -  0.43 0.035 
Native species richness 0.62 0.003 0.49 0.021 
Non-native species richness 0.69 0.002 0.48 0.028 
Native plant height (cm) 0.56 0.004 0.34 0.076 
Non-native plant height (cm) 0.32 0.066  -   -  
Native relative cover (%) 0.69 0.001 0.46 0.029 
Non-native relative cover (%) 0.69 0.001 0.44 0.035 
Soil Parameters R2 P-Value R2 P-Value 
Organic Matter (%) 0.31 0.071 0.36 0.076 
Bulk Density (g/cm3) 0.61 0.005 0.45 0.035 
pH 0.72 0.001 0.57 0.004 
Na (%) 0.68 0.001 0.53 0.012 
Clay (%) 0.36 0.041 0.36 0.074 
Silt (%) 0.44 0.012  -   -  
Sand (%) 0.44 0.013  -   -  
 
2.5.8 Hypothesis 5: High to Low Marsh Development 
2.5.8.1 High to Low Marsh Plant Community Development  
 To further explore the influence of elevation, and by proxy tidal flooding and age 
on the restoration of native and non-native plant communities, plant community data for 
each site were separated out by high (>2.5 m), mid (2.5-2.0 m), and low (<2.0 m) marsh 
elevation thresholds. Trajectory analysis on the high, mid, and low marsh elevations of 
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each site across the chronosequence revealing a faster recovery of native plant cover in 
the low marsh elevations, ≤ 7 years, compared to the high marsh, which still showed 
>10% non-native cover, even 25-54 years post-tidal reconnection (Figure 2.26, Table 
2.11, Appendix D, Table D.3). The high elevation marsh of one of the reference sites, 
CT, also showed very high levels, >50% of mean non-native cover, likely due to its 
adjacent proximity and possible exposure to grazing from the active pasture site (Figure 
1.2). The DP reference site also showed elevated ( >10%) non-native cover in the high 
marsh. This site’s high marsh is also located adjacent to grazing pastures (Figure 1.2). 
Similar to the restoration sites, both the CT and DP reference sites, showed reductions in 
non-native plant cover in the mid-low marsh elevation zones (Figure 2.26, Appendix D, 
Table D.3). The more isolated (not located adjacent to grazing pastures) reference sites, 
CS and GI, showed low non-native cover levels across the high to low-marsh gradient 
(Figure 1.2, 2.26, Appendix D, Table D.3).  
 
 
 
104 
 
Figure 2.26: Mean 
restored wetland native 
and non-native relative 
cover by elevation (high, 
mid, and low marsh) and 
years after tidal 
reconnection (±SE). 
Green shading 
represents the range of  
mean native relative 
cover observed among 
the reference sites, 
yellow shading 
represents the range of  
mean non-native relative 
cover observed among 
the reference sites. 
Squares = non-active 
pasture, diamonds = 
active pasture, circles = 
restoration sites, 
triangles = reference 
sites, missing data points 
indicate that the site had 
<3 samples in that 
elevation class. 
Regression curve shown 
with untransformed data 
points; linear regression 
was conducted by taking 
the natural log (ln) of the 
restoration site age. See 
further site information 
in Table 2.12. See 
Appendix D Table D.3 
for % cover data of each 
site and marsh zone.  
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Table 2.12: Regression analysis of high to low marsh native and non-native cover (%) across the 
chronosequence (Figure 2.26). High to low marsh elevation designations were selected based on the 
distribution of flooding conditions observed among several of the restoration sites. High marsh conditions 
were generally characterized by flooding once a day or less while mid-low marsh conditions were 
characterized by flooding twice a day (Appendix C). 
 
High to Low Marsh Native and Non-
native Relative Cover (%) Recovery 
Trajectory Regression (0-54 yr) 
R2 P-value Equation 
N
at
iv
e 
High Marsh (>2.5 m) 25-54 yr 0.48 0.007 y = 11.191ln(x+1) + 28.252 
Mid-Marsh (2.0-2.5 m) 9-25 yr 0.62 0.002 y = 12.807ln(x+1) + 39.157 
Low Marsh (<2.0 m) 7 yr 0.77 0.003 y = 15.373ln(x+1) + 48.399 
N
on
-n
at
iv
e High Marsh (>2.5 m) >25-54 yr 0.41 0.020 y = -11.55ln(x+1) + 68.16 
Mid-Marsh (2.0-2.5 m) 9 yr 0.77 0.002 y = -15.29ln(x+1) + 58.259 
Low Marsh (<2.0 m) 4 yr 0.77 0.004 y = -15.61ln(x+1) + 48.113 
 
2.5.8.2 High to Low Marsh Soil Development  
 Soil composition along the high to low marsh elevation zones within each site 
were also evaluated to see if there were corresponding differences in soil development 
along the elevation gradient. Soil organic matter, bulk density, total N, pH, CEC, and Na 
were all found to show a differential response to restoration within the high to low marsh 
elevation zones across the chronosequence of sites (Table 2.13-2.15, Appendix D, Tables 
5.D-7.D). Soil texture, sand, silt, and clay showed variability among and within the 
elevation zones of the restoration and reference sites; however, these were not found 
significant, potentially due to the lower number of texture soil sample numbers evaluated 
per-site (Table 2.15, Appendix D, Tables 5.D-7D). Additionally, no patterns in total soil 
P among the different elevation zones across the sites were identified (Table 2.15, 
Appendix D, Tables 5.D-7D).  
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 Soil organic matter varied significantly across the high to low marsh elevation 
gradient among the restoration and reference sites with marsh soil organic content being 
generally lower in the low marsh than in the mid and high marsh zones across the 
restoration and reference sites (Figure 2.27, Table 2.13). In the low marsh zone soil 
organic matter content was similar across the pasture, restoration (all ages), and reference 
sites, while the mid and high marsh zones of the 3-54 yr restoration sites and reference 
sites had greater soil organic matter content than the mid-high marsh zones of the 
younger restoration sites (1-2 yr sites). Summary analysis showed that these soil organic 
matter content elevation differences were significant among the high to low marsh 
elevation zones in the 3-54 yr old restoration sites and reference sites (Table 2.13). The 
one and two year restoration sites did not follow this trend, with high-low elevations 
having similar organic matter levels among them (Table 2.13, 2.15).  In time, it would be 
anticipated that these younger restoration sites would develop soil organic matter levels 
similar the trends seen in the older sites, with higher levels of organic matter 
accumulating in the mid and high marsh zones (Figure 2.27, Table 2.15).  
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Table 2.13: Soil summary part 1. M mean (±SE) site soil parameters summarized by high (H, >2.5 m), mid 
(M, 2.0-2.5 m), and low (L, <2.0 m) elevation zones and by site groupings including: pastures (active 
pasture and non-active pasture sites combined), younger restoration sites (1 and 2 year sites combined), 
restored sites (3-54 yr restoration sites combined), and reference (all reference sites combined). Shared 
letters across elevation and site groupings within each parameter indicate no significant (p>0.05) 
differences via Tukey’s HSD Analysis. *Pastures high marsh (H) not included in the statistical analysis due 
to overall low sample size.  
Soil 
Summary 
Part 1 
Elevation 
Zone n Elevation (m) 
Organic 
Matter 
(%) 
Bulk 
Density 
(g/cm3) 
Total N 
(mg/kg) 
Total P 
(mg/kg) pH 
Pastures 
H* 1 3.34  18.8 0.5 2163.6 495.2 4.3 
M 4 2.02 
(0.04) bc 
16.4  
(1.5) def 
0.99  
(0.03) a 
5369.6 
(282.7) 
bcd 
921.7 
(68.1) ab 
4.8  
(0.0) cd 
L 19 1.61 (0.06) c 
22.2 
(1.9) bcd 
0.65  
(0.07) b 
5852.2 
(602.8) bc 
661.5 
(52.4) b 
4.6 
(0.1) d 
Younger:  
1 & 2 yr 
H 18 2.95 (0.12) a 
9.9  
(1.3) f 
0.75  
(0.03) ab 
1899.2 
(362.3) d 
970.3 
(79.2) ab 
4.7  
(0.1) cd 
M 5 2.26 
(0.07) b 
8.7  
(1.1) f 
0.77  
(0.10) ab 
1699.6 
(381.9) d 
1175.9 
(189.1) 
ab 
4.8  
(0.1) cd 
L 6 1.62 
(0.11) c 
10.0 
(1.3) ef 
0.6  
(0.08) bc 
2107.5 
(258.8) cd 
1136.8 
(215.4) 
ab 
5.3  
(0.1) abc 
Restored: 
3-54 yr  
H 43 2.73 (0.04) a 
27.7 
(2.1) ab 
0.34  
(0.02) d 
7214  
(543.3) ab 
1260.2 
(80.5) a 
4.9  
(0.1) cd 
M 44 2.23 (0.02) b 
19.8  
(1.0) cde 
0.38  
(0.02) d 
5438  
(377.4) bc 
1326 
(108.7) a 
5.2  
(0.1) bc 
L 45 1.67 (0.03) c 
16.5  
(1.6) def 
0.41  
(0.02) cd 
4313.2 
(346.2) cd 
1056.8 
(50.6) ab 
5.3  
(0.1) ab 
Reference 
Sites  
H 22 2.64 (0.04) a 
35.2  
(3.1) a 
0.26  
(0.03) d 
9033.4 
(707.4) a 
1447 
(52.7) a 
5.3  
(0.1) ab 
M 25 2.38 (0.02) b 
26.9  
(2.3) abc 
0.26  
(0.02) d 
7567  
(576.1) ab 
1283.6 
(67.5) a 
5.2  
(0.1) bc 
L 19 1.57 (0.08) c 
11.2  
(1.0) ef 
0.47  
(0.03) cd 
3710.9 
(358.8) cd 
1120  
(93.6) ab 
5.6  
(0.1) a 
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Table 2.14: Soil summary part 2. Mean (±SE) site soil parameters summarized by high (H, >2.5 m), mid 
(M, 2.0-2.5 m), and low (L, <2.0 m) elevation zones and by site groupings including: pastures (active 
pasture and non-active pasture sites combined), younger restoration sites (1 and 2 year sites combined), 
restored sites (3-54 yr restoration sites combined), and reference (all reference sites combined). Shared 
letters across elevation and site groupings within each parameter indicate no significant (p>0.05) 
differences via Tukey’s HSD Analysis. *Pastures high marsh (H) not included in the statistical analysis due 
to overall low sample size.  
Soil 
Summary 
Part 2 
Elevation 
Zone n CEC Na (%) n Clay (%) Silt (%) Sand (%) 
Pastures 
H* 1 29.4 0.8 1 14.4 41.0 44.6 
M 4 30.9 (2.7) bc 
1.8 
(0.7) b 4 
6.4 
(2.1) ab 
31.0 
(7.4) d 
62.6 
(2.6) a 
L 19 26.9 (1.7) c 
6.1 
(1.2) b 16 
9.6 
(1.6) ab 
37.7 
(6.0) d 
52.7 
(4.7) a 
Younger:  
1 & 2 yr 
H 18 39.7 (3.4) ab 
8.8 
(1.2) b 18 
5.6 
(0.6) ab 
47.2 
(21.4) bcd 
47.3 
(4.0) abc 
M 5 44.4 (3.3) ab 
12.5 
(1.0) ab 5 
6.9 
(1.3) ab 
49.5 
(13.1) abcd 
43.6 
(4.7) abc 
L 6 39.2 (1.4) abc 
19.1 
(2.0) a 6 
5.1 
(1.5) ab 
46.5 
(10.7) bcd 
48.5 
(4.7) abc 
Restored:  
3-54 yr 
H 43 32.0 (1.9) bc 
9.1 
(0.9) b 10 
10.6 
(2.2) ab 
47.9 
(9.1) abcd 
41.5 
(4.2) abc 
M 44 36.3 (1.4) bc 
17.6 
(0.7) a 27 
6.3 
(1.3) ab 
58.5 
(11.1) ab 
35.3 
(3.7) bc 
L 45 33.2 (1.2) bc 
17.6 
(0.9) a 31 
8.8 
(1.2) ab 
59.0 
(4.9) a 
32.2 
(3.6) c 
Reference 
Sites 
H 22 49 (2.8) a 
15.9 
(0.5) a 7 
8.5 
(1.4) ab 
41.0 
(10.4) cd 
50.6 
(3.2) ab 
M 25 41.9 (2.0) ab 
16.6 
(0.6) a 8 
8.2 
(0.9) ab 
53.0 
(10.8) abcd 
38.8 
(2.5) abc 
L 19 29.2 (1.0) bc 
20.8 
(1.5) a 16 
12.1 
(0.9) a 
56.5 
(8.4) abc 
31.4 
(2.8) c 
 
 Soil bulk density showed similar inverse trends to organic matter among the high 
to low marsh zones (Figures 2.27-2.28, Table 2.13, 2.15). Soil bulk density was generally 
lower in the high marsh and higher in the low marsh zones across the restoration and 
reference sites (Figure 2.28, Table 2.13). When comparing restoration trajectories within 
each elevation zone, slower soil recovery was observed for both soil organic matter and 
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bulk density in the mid and high marsh zones across the restoration sites (Figure 2.28, 
Table 2.15, Appendix D, Table D.4-6).  
 No significant trajectories in N soil levels were observed among the elevation 
zones across the chronosequence (Figure 2.29, Table 2.15). Soil N levels did, however, 
show a pattern of increasing from the low to the high marsh, with restored (3-54 yr) and 
reference sites having significantly greater soil N levels in the high marsh relative to the 
low marsh (Figure 2.29, Table 2.13, Appendix D, Table D.4-D6). An opposite trend in N 
levels were observed among the pasture sites and younger (1 and 2 yr) restoration sites, 
with generally higher N levels residing in the low marsh relative to the high marsh within 
these sites. This change N levels mirrors the changes observed in soil organic content 
among the sites and is likely an indication of a transition from palustrine wetland 
conditions to tidal, which results in a shift in the soil organic matter and nutrient 
holding/accumulation capacity of the soil across the elevation gradient  
(Figure 2.27, 2.29, Table 2.13, Appendix D, Table D.4-D6). 
 Soil pH was also found to vary significantly among the high to low elevation 
zones of the pasture, restoration, and reference sites, with the high marsh having 
generally lower soil pH levels than the low marsh zones (Figure 2.30, Table 2.13, 
Appendix D, Table D.4-D6). Across the high to low marsh zone recovery trajectories, 
soil pH appeared to recover fastest (0-4 yrs) in the low and mid-marsh zones of the 
restoration sites (Figure 2.30, Table 2.15). Soil pH recovery was variable in the high 
marsh, with the restored site soil pH remaining generally lower than the levels observed 
among the reference high marsh zones (Figure 2.30, Table 2.13, 2.15). 
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 Soil CEC was found to be significantly greater in the high marsh than the low 
marsh among the reference sites, but did not show a strong pattern among the restored 
and pasture sites (Figure 2.31, Table 2.14, Appendix D, Table D.4-D6). Among the high 
and mid-marsh zones of the restoration sites, soil CEC levels appeared to show variable 
restoration outcomes overtime, with a significant trajectory towards reference conditions, 
within 6-25 yrs, observed in the low marsh zone across the chronosequence (Figure 2.31, 
Table 2.15). Additionally, soil Na levels (measured as a % of the CEC) showed a 
significant pattern among the restored and reference sites, with significantly greater levels 
of soil Na in the low marsh compared to the high marsh zones (Figure 2.32, Table 2.14, 
Appendix D, Table D.4-D6). On average, restored high marsh zones also retained 
significantly lower soil Na levels than restored high marsh reference soil (Table 2.14). 
Soil Na levels showed trends of recovering much more quickly in the mid-low marsh 
zones than in the high marsh zones across the chronosequence (Figure 2.32, Table 2.15).  
 Overall, the high marsh zones of the restored sites (≤ 54 yr) generally showed 
significantly lower soil organic matter, pH, CEC, and Na levels compared to the 
reference sites (Table 2.13-2.15). On the other hand, the low marsh zone soil conditions 
were found recover to reference levels fairly quickly, with soil pH, N, CEC, and Na 
exhibiting reference levels in the low marsh within the 1-2 years after tidal reconnection 
and soil organic matter and bulk density exhibiting reference levels in the low marsh 
within 3 years after tidal reconnection (Figures 2.28-2.32, Table 2.13-2.15). These 
differences in soil composition among the sites and elevation zones mirror those 
differences observed in native and non-native plant community recovery observed within 
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the high to low elevation gradient, with high marsh zones showing a lack of both plant 
community and soil recovery compared to the mid-low marsh zones across the 
chronosequence (Table 2.13-2.14).  
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Figure 2.27: Mean restored 
wetland soil organic matter 
content by elevation (high, 
mid, and low marsh) and 
years after tidal reconnection 
(±SE). Green shading 
represents the range of mean 
soil organic matter observed 
among the reference sites. 
Squares = non-active pasture, 
diamonds = active pasture, 
circles = restoration sites, 
triangles = reference sites, 
missing data points indicate 
that the site had <2 samples 
in that elevation class. 
Regression curve shown with 
untransformed data points; 
linear regression was 
conducted by taking the 
natural log (ln) of the 
restoration site age. See 
further site information in 
Table 2.15 and Appendix D 
Tables D.4-D.6. 
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Figure 2.28: Mean restored 
wetland soil bulk density by 
elevation (high, mid, and low 
marsh) and years after tidal 
reconnection (±SE). Green 
shading represents the range 
of mean levels observed 
among the reference sites. 
Squares = pastures, circles = 
restoration sites, triangles = 
reference sites, missing data 
points indicate that the site 
had <2 samples in that 
elevation class. Regression 
curve shown with 
untransformed data points; 
linear regression was 
conducted by taking the 
natural log (ln) of the 
restoration site age. See 
further site information in 
Table 2.15 and Appendix D 
Tables D.4-D.6. 
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Figure 2.29: Mean restored 
wetland soil pH by elevation 
(high, mid, and low marsh) 
and years after tidal 
reconnection (±SE). Green 
shading represents the range 
of  mean levels observed 
among the reference sites. 
Squares = pastures, circles = 
restoration sites, triangles = 
reference sites, missing data 
points indicate that the site 
had <2 samples in that 
elevation class. Regression 
curve shown with 
untransformed data points; 
linear regression was 
conducted by taking the 
natural log (ln) of the 
restoration site age.  See 
further site information in 
Table 2.15 and Appendix D 
Tables D.4-D.6. 
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Figure 2.30: Mean restored 
wetland soil N by elevation 
(high, mid, and low marsh) 
and years after tidal 
reconnection (±SE). Green 
shading represents the range 
of  mean levels observed 
among the reference sites. 
Squares = non-active pasture, 
diamonds = active pasture, 
circles = restoration sites, 
triangles = reference sites, 
missing data points indicate 
that the site had <2 samples 
in that elevation class. 
Regression curve shown with 
untransformed data points; 
linear regression was 
conducted by taking the 
natural log (ln) of the 
restoration site age. See 
further site information in 
Table 2.15 and Appendix D 
Tables D.4-D.6.  
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Figure 2.31: Mean restored 
wetland soil CEC by elevation 
(high, mid, and low marsh) 
and years after tidal 
reconnection (±SE). Green 
shading represents the range 
of  mean levels observed 
among the reference sites. 
Squares = non-active pasture, 
diamonds = active pasture, 
circles = restoration sites, 
triangles = reference sites, 
missing data points indicate 
that the site had <2 samples 
in that elevation class. 
Regression curve shown with 
untransformed data points; 
linear regression was 
conducted by taking the 
natural log (ln) of the 
restoration site age. See 
further site information in 
Table 2.15 and Appendix D 
Tables D.4-D.6. 
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Figure 2.32:  Mean restored 
wetland soil Na by elevation 
(high, mid, and low marsh) 
and years after tidal 
reconnection (±SE). Green 
shading represents the range 
of  mean levels observed 
among the reference sites. 
Squares = non-active pasture, 
diamonds = active pasture, 
circles = restoration sites, 
triangles = reference sites, 
missing data points indicate 
that the site had <2 samples 
in that elevation class. 
Regression curve shown with 
untransformed data points; 
linear regression was 
conducted by taking the 
natural log (ln) of the 
restoration site age. See 
further site information in 
Table 2.15 and Appendix D 
Tables D.4-D.6. 
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Table 2.15: Regression analysis of high to low marsh soil conditions across the chronosequence. High to 
low marsh elevation designations were selected based on the distribution of flooding conditions observed 
among several of the restoration sites. High marsh conditions were generally characterized by flooding 
once a day or less while mid-low marsh conditions were characterized by flooding twice a day (Appendix 
C). For more site specific information see Appendix D Tables D.4-D.6. 
High to Low Marsh Soil Organic 
Content (%) and Bulk Density (g/cm3) 
Recovery 
to 
Reference 
Trajectory Regression (1-54 yr) 
R2 P-value Equation 
O
rg
an
ic
 
M
at
te
r (
%
)  High Marsh (>2.5 m) 9-54 yrs 0.54 0.037 y = 5.1274ln(x) + 10.846 
Mid-Marsh (2.0-2.5 m) Generally lower 0.14 0.359 y = 1.6693ln(x) + 13.208 
Low Marsh (<2.0 m) Generally Similar 0.07 0.496 y = 1.2939ln(x) + 13.455 
Bu
lk
 D
en
si
ty
 
(g
/c
m
3 )
 High Marsh (>2.5 m) 3 yrs 0.50 0.049 y = -0.101ln(x) + 0.6414 
Mid-Marsh (2.0-2.5 m) 25-34 yrs 0.41 0.086 y = -0.117ln(x) + 0.7411 
Low Marsh (<2.0 m) Variable 0.05 0.596 y = -0.03ln(x) + 0.4873 
To
ta
l N
 
(m
g/
kg
) High Marsh (>2.5 m) 9 yrs 0.30 0.162 y = 1009.6ln(x) + 3299.3 
Mid-Marsh (2.0-2.5 m) Generally lower 0.09 0.469 y = 180.15ln(x) + 3862.1 
Low Marsh (<2.0 m) Variable 0.24 0.177 y = 502.47ln(x) + 3134.1 
pH
 
High Marsh (>2.5 m) Generally lower 0.06 0.108 y = 0.061ln(x) + 4.8272 
Mid-Marsh (2.0-2.5 m) 4-7 yrs 0.55 0.057 y = 0.1412ln(x) + 4.8608 
Low Marsh (<2.0 m) Generally Similar 0.13 0.128 y = 0.0294ln(x) + 5.2846 
CE
C 
High Marsh (>2.5 m) Generally Similar 0.02 0.752 y = 1.6645ln(x) + 35.163 
Mid-Marsh (2.0-2.5 m) Variable 0.17 0.308 y = -2.184ln(x) + 43.247 
Low Marsh (<2.0 m) 6-34 yrs 0.47 0.042 y = -2.682ln(x) + 39.383 
N
a 
(%
) 
High Marsh (>2.5 m) Variable 0.28 0.237 y = 1.7828ln(x) + 8.1784 
Mid-Marsh (2.0-2.5 m) Variable 0.13 0.374 Y=1.1651ln(x) + 14.459 
Low Marsh (<2.0 m) Generally Similar 0.09 0.439 y = -0.758ln(x) + 19.817 
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2.5.8.3 Multivariate Analysis of High to Low Marsh Development  
The influence of elevation and age on native plant community development was 
also clearly depicted in an NMDS analysis of the high to low marsh plant community 
similarity among the sites (Figure 2.33). The plant communities in the restored low marsh 
areas had much greater similarity to the plant communities in the reference marsh areas 
than they did to plant communities in the high marsh areas and pasture sites (Figure 
2.33). The low marsh restoration and reference marsh plant communities clustered tightly 
in the lower right hand side of the NMDS, while the high to mid-marsh plant 
communities of these sites showed greater degrees of dissimilarity in the upper half of the 
NMDS. Vector analysis highlighted that the low marsh areas of the restored and 
reference sites were correlated with greater levels of soil silt, pH, and Na, and native 
plant height, while the mid-high marsh areas of the older restored sites (25-54 yrs) and 
reference marshes were more closely correlated with greater levels of soil organic matter, 
clay, nitrogen, and native species richness. The newly restored (1-2 yrs) sites and pastures 
were more closely correlated with greater soil sand content, higher bulk density levels, 
and greater levels of non-native species cover and species richness. These environmental 
vectors closely mirror those observed in the overall site NMDS analyses (Table 2.12).  
Cluster analysis (i.e. the complete linkage dendrogram) of the high to low marsh 
plant community similarity among the sites revealed four overall major clusters, defined 
by six dominant plant community groups (Figure 2.34). Complete linkage cluster analysis 
defined cluster distance by the maximum dissimilarity (Bray-Curtis) of high, mid, and 
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low marsh plant community compositions among the sites, with closely linked site areas 
being more similar than those farther apart (Boutin and Keddy 1993). Indicator species 
analysis was conducted to identify the important plant species for each cluster. Indicator 
species analysis uses both frequency and relative abundance to determine which plant 
species defines the composition of each cluster (Dufrene and Legendre 1997). Overall the 
major plant community clusters were simplified into two major groups, with two clusters 
(1-2) dominated by native species and composed of reference sites and mid-low marsh 
restored sites and the other two clusters (3-4) dominated by non-native species and 
composed of younger restoration sites, high-mid marsh areas of restored sites (young and 
old), and the pasture sites. These major clusters are also clearly visible in the NMDS 
analysis conducted on the high-low marsh and pasture site plant community composition 
data, with the non-native plant communities, clusters 3-4, dominating the left side of the 
NMDS and the native plant communities, clusters 1-2, dominating the right (Figure 2.35).  
The first major cluster (1) contained most of the reference sites and was broken 
into two sub-clusters, including one (1a) composed of only high-mid marsh reference 
sites with a mean elevation of 2.55 m (± 0.1 SE) and dominated by native species 
Athyrium filix-femina, common ladyfern, and further characterized by the presence of 
native species Potentilla anserina, silverweed cinquefoil, Carex obnupta, slough sedge, 
and Rubus spectabilis, salmonberry (Figure 2.34, Table 2.17-2.18). The second sub-
cluster (1b) was composed of both mid-low reference sites and low marsh restored sites 
with a mean elevation of 1.45 m (± 0.1) (Figure 2.34, Table 2.17-2.18). These sites were 
dominated by native species Schoenoplectus lacustris, bulrush, and defined by the 
121 
 
presents of non-native aquatic species Myriophyllum spicatum, Eurasian watermilfoil, 
and native species Triglochin maritima, seaside arrowgrass (Figure 2.34, Table 2.17-
2.18). The second overall cluster (2) adjacent to the first (i.e. that was most similar to the 
first), was also composed of primarily mid-low marsh reference and restored sites and 
broken into two sub-clusters (Figure 2.34, Table 2.17-2.18). The first sub-cluster (2a) was 
made up primarily of low marsh restored sites with an average elevation of 1.79 m (± 0.1) 
and these sites were dominated by native species Eleocharis palustris, spikerush, and 
further defined by the presence of native aquatic species Alisma plantago-aquatica, 
American water plantain, and Lilaeopsis occidentalis, Western grasswort Figure 2.34, 
Table 2.17-2.18). The other sub-cluster (2b) was made up of mostly mid-high marsh 
restored and reference sites with a mean elevation of 2.27 (± 0.1)  dominated by Carex 
lyngbyei, lyngbye's sedge, and further defined by the presence of the native wetland 
species Oenanthe Sarmetosa (Oe sa), water parsley (Figure 2.34, Table 2.17-2.18).  
The third major cluster (3) was composed of high to mid-marsh restored sites and 
the un-grazed pasture with a mean elevation of 2.64 m (± 0.2) dominated by the non-
native wetland species Phalaris arundinacea (Ph ar), reed canarygrass, and further 
defined by the presence of the non-native wetland species Juncus effusus subsp effusus, 
common rush, and native wetland species Scirpus microcarpus, small-fruited bulrush 
(Figure 2.34, Table 2.17-2.18). The fourth (4) major cluster was composed of the active 
pasture site, the newly restored sites (1-2yr), and the high marsh areas of both 6 year sites 
with an overall mean elevation of 2.34 m (± 0.2) (Figure 2.34, Table 2.17-2.18). This 
group of sites was dominated and defined by a mix of common non-native wet pasture 
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species Alopecurus geniculatus, water foxtail, Lotus corniculatus, birdsfoot trefoil, 
Agrostis stolonifera, creeping bentgrass, Holcus lanatus, common velvet grass, and 
Ranunculus repens, creeping buttercup (Figure 2.34, Table 2.17-2.18). ANOSIM analysis 
revealed that the cluster and sub-cluster plant community compositions were significantly 
different from one another, and within clusters the plant community compositions were 
found not significantly different from one another (p <0.001) (Figure 2.34). This 
confirms that even within the same wetland, plant communities varied drastically 
depending on the age and elevation range of the site, with the low marsh conditions of 
newly restored wetlands (3 yrs or older) having more similar compositions to the low 
marsh of reference sites than the high marsh plant community compositions of the same 
sites (Figure 2.34-2.35).  
The cluster and indicator species analysis highlighted several dominant species 
and revealed clear patterns in their distribution and abundance among the pastures, 
restored, and reference sites, with native high to low marsh conditions being 
characterized by A. filix-femina, C. lyngbyei, S. lacustris, and E. palustris, respectively 
and non-native marsh and wet pasture conditions being characterized by P. arundinacea, 
J. effusus, A. geniculatus, and other non-native field species (Table 2.17-2.18). These 
common species are clearly distributed along an age and elevation gradient, with the 
restored site high marsh areas remaining much more similar to their pre-restoration wet 
pasture (both grazed and/or un-grazed) conditions than the restored low marsh areas, 
which show greater similarity to those low marsh plant communities observed among the 
reference sites (Table 2.17). This cluster analysis also highlighted the lack of reference 
123 
 
high marsh plant communities dominated by A. filix-femina among the restored sites, 
indicating that although the native plant community may be recovering in terms of total 
% cover across the entire site (Figure 2.5), the high marsh native plant assemblages are 
still lacking (Figure 2.34).  
Analysis of the characteristics of each cluster highlight that the differences 
observed among the indicator species, elevations, site age, and type of the clusters are 
also paired with differences in overall plant community and soil conditions. Most notable 
are differences in native and non-native species richness, relative cover, plant height, soil 
organic matter, bulk density, N, pH, and Na content among the clusters (Appendix D, 
Table D.7). Overall, the reference high marsh cluster (1a) had the greatest native species 
richness, native plant height, and native relative cover and the lowest non-native species 
richness, non-native plant height, and non-native relative cover. The reference high marsh 
cluster (1a) also had the greatest soil content of organic matter, N, and the lowest bulk 
density. The low to mid restored and reference marsh clusters (1b-2b) also generally had 
higher levels of native species richness, height, and cover and lower levels of non-native 
species richness, height, and cover compared to the restored high marsh and pasture 
clusters (3-4). While the high marsh and un-grazed pasture cluster (3) appeared to have 
developed similar soil bulk density and organic matter content to the high reference and 
low-mid restored marsh areas (1-2), the soil pH, Na, N content were generally much 
lower and coupled with greater levels of non-native species richness, cover, and height. 
The newly restored and active pasture sites cluster (4) had generally similar conditions to 
the high marsh cluster in terms of non-native and native plant community characteristics 
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(3); however, it also had greater soil bulk density and sand content than the other clusters 
(Appendix D, Table D.7). These environmental differences further echo what was found 
in the larger scale site by site, correlation, and high to low marsh elevation analysis, with 
lower elevation sites hosting greater soil salinity (CEC, Na), higher pH levels, and greater 
native species abundance and similarity to the reference wetlands (Figure 2.20, 2.27-2.32, 
Table 2.8-2.10). 
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Figure 2.33: NMDS plot of Bray-Curtis Similarity of the plant communities by site type, elevation, and age. 
Vectors (p<0.10) included for plant community and soil summary metrics included, for vector analyses 
details see Table 2.16.  
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Table 2.16: NMDS vector plant community analysis for high, mid, and low marsh groupings. Only vectors 
with p<0.10 were included. 
NMDS Vector - Plant Community Analysis  
All vectors with p-values <0.1 
High, Mid, and Low 
Marsh Groupings  
(Figure 2.23) 
Plant Community 
Parameters R
2 P-Value 
Elevation 0.37 0.001 
Native species richness 0.42 0.001 
Non-native species richness 0.81 0.001 
Native plant height (cm) 0.54 0.001 
Native relative cover (%) 0.81 0.001 
Non-native relative cover (%) 0.83 0.001 
Soil Parameters R2 P-Value 
Organic Matter (%) 0.26 0.001 
Bulk Density (g/cm3) 0.52 0.001 
N (mg/kg) 0.18 0.011 
pH 0.43 0.001 
Na (%) 0.51 0.001 
Clay (%) 0.10 0.084 
Silt (%) 0.42 0.001 
Sand (%) 0.36 0.001 
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Figure 2.34: Bray-Curtis Dissimilarity cluster analysis complete linkage dendrogram. Dendrogram 
organized clusters of sites by elevation: high (H), mid (M), and low (L) and site type:  Active pasture (AP), 
Un-grazed pasture (P), reference sites (site initials, see table), age (number of years post-tidal 
reconnection). Latin codes for the indicator species identified for each cluster:  1a) A. filix-femina (At fi), 
common ladyfern, Potentilla anserina (Po an), silverweed cinquefoil, Carex obnupta (Ca ob), slough 
sedge, and Rubus spectabilis (Ru sp), salmonberry, 1b) Schoenoplectus lacustris (Sc la), bulrush, 
Myriophyllum spicatum (My sp), Eurasian watermilfoil, and Triglochin maritima (Tr ma), seaside 
arrowgrass. 2a) Eleocharis palustris (El pa), creeping spikerush, Alisma plantago-aquatica (Al pa a), 
American water plantain, and Lilaeopsis occidentalis (Li oc), and Western grasswort. C. lyngbyei (Ca ly), 
2b) lyngbye's sedge, and further defined by the presents of the native species Oenanthe Sarmetosa (Oe sa), 
water parsley.3) Phalaris arundinacea (Ph ar), reed canarygrass, Juncus effusus subsp effusus (Ju ef), 
common rush, and Scirpus microcarpus (Sc mi), small-fruited bulrush 4) Alopecurus geniculatus (Al ge), 
water foxtail, Lotus corniculatus (Lo co), birdsfoot trefoil, Agrostis stolonifera (Ag st), creeping bentgrass, 
Holcus lanatus (Ho la), common velvet grass, and Ranunculus repens (Ra re), creeping buttercup. Status 
NA – Native, NN- Non-native species, more information about indicator species Table 2.17-2.18 and 
Appendix D, Table D.7. 
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Figure 2.35: NMDS plot of Bray-Curtis Similarity of the plant communities by site type. Shown are active 
pasture (AP), un-grazed pasture (P), reference sites (site initials, see Table 2.1 ), age (number of years 
post-tidal reconnection), and elevation  high (H), mid (M), and low (L) marsh. Complete linkage 
dendrogram analysis clusters are highlighted (Figure 2.34).   
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Table 2.17: Indicator species analysis based on complete linkage dendrogram analysis clusters. See more 
information in Figure 2.34 and organized by mean cover in Table 2.18. 
Indicator Species Analysis based on Cluster Groupings 
Cluster Code Latin Name Common Name Status WIS 
Indicator 
Species 
Value 
P-value 
1a At fi Athyrium filix-femina 
Common 
Ladyfern Native FAC 95 0.001 
1a Po an Potentilla anserina 
Silverweed 
cinquefoil Native OBL 53 0.005 
1a Ca ob Carex obnupta Slough sedge Native OBL 73 0.001 
1a Ru sp Rubus spectabilis Salmonberry Native FAC 69 0.002 
1b Sc la Schoenoplectus lacustris Bulrush Native OBL 41 0.021 
1b My sp Myriophyllum spicatum 
Eurasian 
watermilfoil 
Non-
native OBL 74 0.002 
1b Tr ma Triglochin maritima 
Seaside 
arrowgrass Native OBL 57 0.004 
2a El pa Eleocharis palustris 
Creeping 
spikerush Native OBL 51 0.001 
2a Al pl a Alisma plantago-aquatica 
American water 
plantain Native OBL 61 0.006 
2a Li oc Lilaeopsis occidentalis 
Western 
grasswort Native OBL 42 0.029 
2b Ca ly Carex lyngbyei Lyngbye's sedge Native OBL 48 0.001 
2b Oe sa Oenanthe sarmetosa Water Parsley Native OBL 22 0.001 
3 Ph ar Phalaris arundinacea 
Reed 
canarygrass 
Non-
native FACW 68 0.001 
3 Ju ef Juncus effusus subsp effusus Common rush 
Non-
native FACW 22 0.001 
4 Al ge Alopecurus geniculatus Water foxtail 
Non-
native OBL 63 0.001 
4 Lo co Lotus corniculatus Birdsfoot trefoil 
Non-
native FAC 43 0.013 
4 Ag st Agrostis stolonifera 
Creeping 
bentgrass 
Non-
native FAC 65 0.003 
4 Ho la Holcus lanatus Common velvet grass 
Non-
native FAC 45 0.014 
4 Ra re Ranunculus repens 
Creeping 
buttercup 
Non-
native FAC 48 0.009 
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Table 2.18: Mean relative cover (%, ±SE) of indicator species in each cluster grouping.   
Mean Relative Cover (%, ±SE) of Indicator Species In Each Cluster Grouping   
Group Cluster Code Status 1a 1b 2a 2b 3 4 
Re
fe
re
nc
e 
Hi
gh
-M
id
 
M
ar
sh
 
1a At fi Native 35.4 (10.5) 
0.2 
(0.2)  
1.1 
(0.7) 
0.4 
(0.3)  
1a Po an Native 7.1 (2.9) 
0.2 
(0.2)  
3.5 
(1.4) 
1.4 
(0.7) 
1.0 
(0.5) 
1a Ca ob Native 2.6 (1.1)   
0.7 
(0.5) 
0.2 
(0.2) 
0.1 
(0.1) 
1a Ru sp Native 2.1 (1.1)   
0.1 
(0.1) 
0.2 
(0.1)  
Re
st
or
ed
  a
nd
 R
ef
er
en
ce
 L
ow
-M
id
 M
ar
sh
 1b Sc la Native 
18.2 
(8.7) 
33.3 
(7.2) 
18.2 
(6.3) 
11.0 
(3.8) 
0.4 
(0.4) 
1.0 
(0.5) 
1b My sp Non-native  
10.3 
(3.2) 
0.7 
(0.7) 
2.0 
(1.7)  
0.8 
(0.5) 
1b Tr ma Native  
4.1 
(2.5) 
0.2 
(0.1) 
0.1 
(0.1)   
2a El pa Native 1.0 (0.6) 
18.2 
(5.3) 
35.1 
(6.1) 
8.8 
(2.5) 
2.3 
(1.7) 
3.8 
(1.7) 
2a Al pl a Native  
0.9 
(0.6) 
5.2 
(3.0) 
0.2 
(0.1) 
0.1 
(0.1) 
2.2 
(1.7) 
2a Li oc Native  
2.2 
(0.3) 
2.8 
(1.5) 
0.2 
(0.1)  
0.2 
(0.2) 
2b Ca ly Native 4.3 (1.8) 
15.1 
(2.9) 
4.4 
(1.6) 
30.3 
(3.8) 
4.5 
(2.0) 
0.7 
(0.7) 
2b Oe sa Native 4.1 (2.0) 
1.2 
(1.2) 
7.1 
(2.1) 
9.6 
(2.2) 
3.5 
(1.6) 
1.3 
(1.0) 
Re
st
or
ed
 H
ig
h 
M
ar
sh
  a
nd
 
Pa
st
ur
e 
3 Ph ar Non-native 1.4 (0.9) 
0.6 
(0.5) 
3.8 
(1.3) 
3.8 
(1.0) 
33.8 
(4.9) 
6.0 
(3.4) 
3 Ju ef Non-native 0.2 (0.2)  
5.6 
(3.5) 
1.0 
(2.3) 
12.1 
(7.7) 
8.5 
(3.6) 
3 Sc mi Native 3.7 (2.4)  
0.2 
(0.2) 
2.3 
(0.8) 
7.2 
(2.2) 
0.7 
(0.5) 
Re
st
or
ed
 ≤
6 
yr
 M
ar
sh
 
an
d 
Pa
st
ur
e 
4 Al ge Non-native     
0.8 
(0.7) 
14.5 
(5.3) 
4 Lo co Non-native 0.8 (0.6) 
0.2 
(0.2) 
0.2 
(0.1) 
1.6 
(0.8) 
6.3 
(2.1) 
8.6 
(2.3) 
4 Ag st Non-native  
0.5 
(0.4) 
0.1 
(0.1) 
0.6 
(0.4) 
0.5 
(0.2) 
5.0 
(1.8) 
4 Ho la Non-native    
0.4 
(0.3) 
2.0 
(1.3) 
3.2 
(1.0) 
4 Ra re Non-native     
1.1 
(0.6) 
2.9 
(1.3) 
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2.6 Discussion 
2.6.1 Plant Community Restoration Trajectories  
 In support of the theory of ecological restoration-recovery, this study uncovered 
several significant trajectories of ecological recovery over the 54 year chronosequence of 
the 11 tidally re-connected restoration sites. The overall plant community native and non-
native species abundance and non-native species richness were observed at levels similar 
to those observed on the reference sites as early as three years after tidal reconnection 
(Figure 2.4-2.5).  BCI similarities to reference plant community conditions were observed 
as early as four years after tidal reconnection (Table 2.2).  These findings were sooner 
than the hypothesized 5-10 year time frame (H1, Figure 2.1). Native species richness 
accumulation was observed within the hypothesized time frame with recovery observed 
as early as six years after tidal reconnection (Figure 2.4). Overall plant biomass and 
height both showed reference level recovery within two years of tidal reconnection, and 
native and non-native plant height showed recovery as early as three years after tidal 
reconnection (Figure 2.6-2.7), which is also sooner than the 4-14 years hypothesized (H2, 
Figure 2.1). The shifts in plant community and native abundance overtime were also 
found to be strongly tied to restored wetland elevation, with faster native plant 
community development occurring in the low and mid marsh zones of these sites 
compared to the high marsh zones which retained greater levels of non-native plant 
abundance across the chronosequence (Figure 2.26). These findings are similar to those 
observed by other researchers studying recovery of tidally reconnected/constructed salt 
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and brackish marshes in Washington (Simenstad and Thom 1996, Gray et al. 2002, and 
Thom et al. 2002) who observed plant community and species richness recovery within 
3-6 years after tidal reconnection (Appendix B, Table B.1), and a brackish marsh in 
North Carolina (Craft et al. 2002), which showed recovery of low marsh plant 
communities within three years after tidal reconnection, indicating that oligohaline tidal 
wetland plant community recovery may generally follow trends observed in saltier 
brackish and saltmarsh wetland habitats.  
2.6.1 Soil Restoration Trajectories  
 Trajectories of soil bulk density reduction and organic matter accumulation were 
observed across the chronosequence with reference levels developing within three years 
post-tidal reconnection (Table 2.5, Figure 2.8-2.9). These soil trajectories were found to 
be tied to restored marsh elevation, specifically with low marsh zones (and low marsh 
dominated restoration sites) recovering more rapidly than hypothesized (H3, Figure 2.1), 
with the soil bulk density (BD) and organic matter (OM) showing reference levels of 
recovery (0.25-0.44 g/cm3 BD and 18-30% OM) as early year as three years after tidal 
reconnection (Table 2.6). High marsh zones within these wetlands were found to have 
less clear restoration trajectories, with most sites retained lower (while not always 
significantly different) soil organic matter and higher bulk density levels than reference 
sites (Figure 2.27-2.28, Table 2.13). Other researchers have reported mixed longer-term 
outcomes when looking at soil recovery, with Zelder and Craft (1999) reporting a greater 
than 22 year recovery timeline for organic matter accumulation in a California 
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constructed salt marsh, while Burden et al. (2013) reported a greater than 15 year timeline 
for organic matter and bulk density recovery in a tidally reconnected salt marsh in the 
UK. Additionally, Craft et al. (2002) reported an anticipated 70 year timeline for bulk 
density reduction in a constructed brackish marsh in North Carolina. While Simenstad 
and Thom (1996), monitoring a Washington saltmarsh project pre- and post-restoration, 
reported recovery of soil organic matter within 6-7 years after tidal wetland construction. 
The variability among these study outcomes likely stems from different starting points 
(soil conditions) at the time of restoration and variability in the restoration of tidal 
flooding conditions. The initial levels of soil organic matter, bulk density, and soil texture 
are critical to the overall recovery time of these soil parameters within a restoration site, 
the degree of change needed to reach reference levels may vary from site to site.  
 The results from this study are not completely unprecedented; researchers 
studying restoration projects along the Oregon coast have also reported similar bulk 
density and organic matter recovery times. Mitchelle (1981), monitoring an Oregon 
saltmarsh dike removal project pre- and post-restoration, recorded reference levels of soil 
bulk density (by observing a shift from 1.20-0.80 to 0.60-0.44 g/cm) and of soil organic 
matter (by observing a shift from 19-33 to 36-70%) accumulation three years after tidal 
reconnection. These soil bulk density and organic matter levels are very similar to those 
observed along the chronosequence of sites and reference wetlands in this study (Table 
2.6).  
 The correlations among soil organic matter, bulk density, and soil texture 
observed among the sites in this study highlight a possible mechanism for bulk density 
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reduction after tidal reconnection. Specifically, the % soil sand content was found to be 
negatively correlated with organic matter content and positively correlated with bulk 
density (Table 2.10). Organic matter content and bulk density were, in turn, found to be 
inversely correlated with each other, with increases in organic matter being tied to lower 
levels of bulk density (Figure 2.10, Table 2.10). These findings are reasonable given 
organic matter has a much lower density than sand, so when the proportion of organic 
matter in soil increases, a decrease in soil bulk density can be expected (Avnimelech et 
al. 2001). The accumulation of organic matter in the soil after flooding, from slower soil 
respiration due to anoxic conditions and to the establishment of wetland plant roots and 
rhizomes, likely aided in the reduction of soil bulk density after tidal reconnection.  
 Additionally, trajectory analysis indicated that soil sand content declined and soil 
silt and clay content increased significantly over the chronosequence (Figure 2.17, Table 
2.5). The reintroduction of tidal flooding also re-introduces the restoration sites to tidal 
sediment and organic matter deposition, resulting in higher proportions of fine particles 
being deposited in the soil over time (Darkea and Megonigal 2003). Silt content was 
found correlated with wetland elevation, with lower areas having greater silt content than 
higher areas, further cementing the importance of re-introduced tidal flooding to shifting 
these soil compositions (Table 2.7). Darkea and Megonigal (2003) and Ensign et al. 
(2014) also noted the importance of the duration of flooding (i.e. elevation), in addition to 
plant community development, on fine particle sediment accretion and organic matter 
accumulation in tidal wetlands. These relationships highlight the complex 
interdependence of restored environmental conditions and restoration trajectories on each 
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other, with tidal flooding conditions, plant community development, soil organic matter 
accumulation, soil texture, and soil bulk density conditions all acting on each other over 
time. 
 Soil organic matter content among the sites was also found to be tightly correlated 
(0.93, p<0.001, Figure 2.15) with soil N levels indicating that organic matter 
accumulation is also likely a key mechanism for N retention among the sites (Zedler and 
Callaway 1999). Overall soil P and N content did not, however, follow a clear trajectory 
over the chronosequence. Soil P and N among the sites was hypothesized to be initially 
higher than reference levels followed by a decline over a 3-15 year period to reference 
levels (H4, Figure 2.1). This hypothesized timeline was based on the assumption that pre-
restoration levels of both N and P would be elevated, given the historic input of manure 
from cattle grazing, compared to the natural reference marshes. Lower than reference 
levels of P were, however, observed among the pastures and the one year post-tidal 
reconnection sites. This indicates that P may accumulate over time among the restored 
sites; however, P levels also varied among the reference sites making a general trajectory 
towards reference conditions difficult to determine (Figure 2.13, Table 2.5). Total P 
levels were also not found correlated with soil Na levels or pH levels as anticipated (or 
with any of the parameters tested). Increases in pH and soil salinity are known to promote 
P availability and may possibly increase leaching from restored wetland soils leading to a 
reduction of soil P levels over time (Baldwin and Mitchell 2000, Schlesinger and 
Bernhardt 2013, Williams et. al. 2014).   
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 Comparatively, soil N levels also showed no significant trajectory; however, the 
newly restored one and two year old sites showed much lower levels of N and organic 
matter content than the others including the pasture and reference sites (Figure 2.14, 
Table 2.5). These overall low soil organic matter and soil N content levels observed in 
the one and two yr sites were tied to the sites being primarily composed of high marsh 
elevations (Figure 2.30, Table 2.13). The low marsh zones of the one and two year sites 
did have similar organic matter and N levels to the low marsh zones of the reference sites 
(Figure 2.27, 2.30, Table 2.13). This indicates that these high marsh zones may be slower 
to accumulate both organic matter and N, resulting in different recovery timelines for the 
different elevation zones within each restored wetland (Table 2.15). Additionally, the low 
overall soil organic matter and N content in the high marsh zone of the one and two year 
sites mirror those conditions observed within the pasture sites, which exhibited greater 
levels of soil organic matter in the low marsh than the high marsh zones (Table 2.13). 
This elevation and soil organic matter and N gradient appears to reverse in the older 
restored and reference sites, with the highest levels of soil organic matter and N being 
found in the high marsh zone and the lowest in the low marsh (Table 2.13). This may 
indicate a potential loss of N and organic matter in the low marsh zone initially after tidal 
reconnection, followed by an accumulation in the high marsh over time, with the older 
24-54 year old sites all having similar levels of soil N and organic matter content 
compared to the reference sites (Figure 2.9, 2.14, 2.27, and 2.30, Table 2.6 and 2.13). 
This pattern of initial loss of soil organic matter and soil N content is not completely 
unexpected; if soil conditions tend to be anaerobic but primarily from fresh water 
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saturation (which commonly occurs seasonally in the wet pastures sites, i.e. pre-
restoration), an introduction of saltwater can increase respiration through sulfate 
reduction and cause an initial decline in existing soil organic matter levels (Portnoy 
1999). Reintroduced water salinity can also influence the availability of soil nutrients for 
plant uptake and export. With increased salinity levels, nitrogen is released from the soil 
as ammonium from saltwater ion exchange (Osborne 2014). This also results in a lower 
rate of ammonium to nitrate conversion, which causes a decrease in available nitrate for 
nitrate reduction (Osborne 2014). When these reactions are combined with an increase in 
sulfate reduction (instead of denitrification), which also results from the introduction of 
saltwater, the resulting soil nitrogen levels may increase over time (Osborne 2014). Other 
studies have reported long-term recovery timelines of N accumulation of between 30-40 
years in a constructed brackish marsh in North Carolina (Craft et al. 2002) and >40 years 
in a constructed salt marsh in California (Zedler and Callaway 1998). Given the wide 
variability in soil P and N within and among the sites, it is also possible that natural 
variability of these nutrient levels is high among the sites or that the low within-site soil 
sample size (n=12-21) did not provide enough data to fully evaluate the soil nutrient 
trends. More research is needed to fully understand the P and N nutrient dynamics of 
tidally reconnected wetlands.  
2.6.2 Invasive Species and Plant Community Restoration  
 There were a few sites along the chronosequence that did not follow the observed 
trend of plant community recovery and these sites were found to be invaded by 30% or 
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greater non-native species cover (Figure 2.5, Table 2.4). Specifically, the six year old 
NPS site was found to have an overall mean non-native cover of 49 (±5) % which was 
primarily composed of 31(±4) % J. effusus cover and 8 (±2) % P. arundinacea cover and 
the 9 year old site was found to have an overall mean non-native cover of 40.6 (±3.9) % 
primarily composed of 36 (±4) % P. arundinacea (Table 2.4, Appendix D, Table D.1). 
The other restored sites > 3 yrs old hosted 10-20% non-native cover (Table 2.4), while 
the reference sites hosted an overall average of about 15% non-native cover (Table 2.4). 
P. arundinacea and J. effuses plant communities have also commonly been observed in 
reference and restored wetlands throughout the CRE (Christy 2004, Borde et al. 2012a, 
Kidd and Yeakley 2015). Nearby, in Everett, Washington, Tanner et al. (2002) also 
observed wetland plant community dominance by P. arundinacea 4 years after tidal 
reconnection, in a freshwater restoration site, with no sign of decline. Given that both J. 
effusus and P. arundinacea are commonly found throughout the region and as part of the 
pre-restoration pasture plant community, it is possible that these restoration sites did not 
experience a large enough shift in environmental conditions post-tidal reconnection to 
promote native wetland species dominance over these existing non-native wet pasture 
species. This reasoning is further supported through the analysis of the high to low marsh 
plant community similarity (H5, Figure 2.2) among the sites, which found that the high 
marsh areas of the restored sites hosted greater proportions of non-native species 
abundance and similarity to the pasture sites than the restored mid and low marsh 
restored wetland areas (Figure 2.26,2.33-2.35, Table 2.17-2.18).   
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2.6.1 Trends in Plant Community and Soil Recovery along the Elevation 
Gradient 
 As hypothesized (H5, Figure 2.2) high (>2.5 m), mid (2.5-2 m), and low (<2.0 m) 
marsh native plant community development were found to vary independently among the 
restoration sites of different ages (Figure 2.23-2.26, Table 2.12). Mid-low marsh 
elevations showed significantly more plant community BCI similarity to mid-low marsh 
reference sites compared to restored high marsh elevations, which retained more of the 
non-native pre-restoration plant community dominance (Figure 2.34). Cluster analysis 
also revealed several dominant native and non-native plant communities along the age 
and elevation gradient spectrum indicating that high marsh recovery may take an 
alternate trajectory if invaded with non-native species P. arundinacea and J. effusus 
(Figure 2.2, 2.34).  
 Other researchers, in freshwater systems through the region, have also reported 
issues with P. arundinacea invasion in restoration wetlands; however, few have 
specifically identified how its dominance varies based on tidal wetland elevation zone 
(Tanner et al. 2002, Christy 2004, Borde et al. 2012). The pattern of non-native high 
marsh dominance observed in Youngs Bay may be in part due to the oligohaline 
conditions to which P. arundinacea and J. effusus are exposed within these restoration 
sites. Both species are typically considered exclusively freshwater wetland plants and the 
exposure to low salinities may reduce their ability to dominate the more stressful (greater 
salinity and flooding exposure) lower wetland elevations (Zika 2003, Lavergne and 
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Molosky 2006, Appendix A) in this system. This concept is further supported by the 
differences in soil salinity and pH observed between restored high and low marsh zones, 
which indicate different growing conditions between the restored native and non-native 
plant communities. Specifically, lower soil pH levels and lower soil salinities (% Na) 
were observed within these invaded high marsh zones compared to the restored mid-low 
marsh areas and reference marshes (Appendix D, Table D.7). Soil pH levels were also 
found positively correlated with native plant community recovery and non-native plant 
community decline (Table 2.9). In summary, greater exposure to flooding, higher salinity 
conditions, and elevated pH levels were all tied to lower wetland elevation and greater 
native plant abundance and overall plant community recovery (Figure 2.35, Appendix D, 
Table D.3-D.7).  
 Other researchers have also noted the importance of tidal reconnection and the 
reintroduction of flooding to the recovery of wetland soil pH levels. Mitchell (1981) 
reported similarly low soil pH levels (4.7) in a dike pasture located in the Salmon River 
Estuary (Oregon) with soil pH levels increasing significantly (5.5), towards reference 
levels, within three years after tidal reconnection of the salt marsh. He did not, however, 
report these findings in terms of wetland elevation. Portnoy et al. (1999) also highlighted 
the importance of the re-introduction of saline tidal flooding conditions to buffer the 
acidic diked soil conditions post-tidal reconnection. Portnoy (1999) found that higher 
salinities coupled with increases in flooding can contribute to elevated soil pH levels 
through the reduction of sulfate and Fe minerals. Lower soil pH also generally indicates a 
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more oxidized soil environment, highlighting the lower levels of soil flooding 
experienced in the restored high marsh zones (Pezeshki and DeLaune 2012).   
 Essentially, high marsh zones retain the general character of an un-grazed pasture, 
with only some conditions changing over time such as soil organic content and bulk 
density, while other conditions such as soil pH, salinity, and native plant community 
abundance and composition are not changing. While generally at the same elevation as 
reference high marsh areas, none of the restored site high marsh zones along the 54 year 
chronosequence showed any trend towards the development of reference high marsh A. 
filix-femina dominated plant community compositions (Figure 2.34, Table D.7). This is 
an important distinction, because when looking at overall site mean native and non-native 
cover, species richness, soil bulk density, and organic content, it would be easy to assume 
restoration to reference conditions is occurring swiftly among and within the restoration 
sites. When the restoration sites are broken down by high-low marsh elevation zones, 
however, it becomes clear that restoration success is only occurring in the mid-low marsh 
elevation zones while the high marsh zones remain seemingly unchanged in terms of 
native species recovery, soil salinity, and pH conditions.  
 Clearly, the failure to recover an entire wetland zone and dominant native plant 
community is not a fully acceptable restoration outcome and it does not support the 
widely applied theory of restoration recovery.  This lack of recovery is not uncommon 
among tidally reconnected wetlands or in restoration of natural ecosystems in general 
(Tanner et al. 2002, Warren et al. 2002, Suding 2004). The theory of restoration recovery 
assumes the successional development of pre-restoration conditions through the re-
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introduction and establishment historic natural disturbances (such as flooding for tidal 
wetlands) and the removal of human mediated disturbances (such as grazing cattle), and 
ignores the constraints (such as the presence of invasive species) that long-term 
degradation may have imposed on the system. In situations such as those observed in this 
study, where invasive species are present and soil biogeochemistry has been significantly 
altered through diking and draining for 100+ years, simply restoring tidal flooding and 
removing cattle may not be enough to fully restore native plant community compositions 
and soil dynamics to all wetland areas.  Once established, non-native wetland plant 
communities appear to be resilient to the introduction of new plant species.  
 In this study, reference high marsh A. filix-femina plant communities host high 
levels of native species richness and very low to no abundances of non-native species, 
while restored high marsh non-native P. arundinacea and J. effusus plant communities 
host low overall species richness levels and low native abundances (Table 2.17-2.18). 
Given the ubiquity of P. arundinacea and J. effusus in the region, these restored non-
native high marsh plant communities have and will likely continue to maintain their 
acquired dominance through seed germination suppression (shading) and competition 
with native species (Chapter 3). This resilient non-native trajectory is further reinforced 
through positive feedback loops, with the non-native species quickly reproducing, self-
seeding, and spreading through rhizome growth, all of which further aids their 
competition with and the suppression of native species (Appendix A, Suding 2004). 
These resilient alternative feedback loops are a common phenomenon in degraded 
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ecosystems and require intensive management and manipulation, beyond passive 
restoration approaches, for successful restoration to take place (Suding 2004).  
 It is likely that the sustained lower soil pH and soil salinities, in addition to the 
pre-restoration presence of these species, all play a role in the failed recovery of native 
high marsh wetland plant communities. A. filix-femina, P. arundinacea, and J. effusus 
are, however, all known to be resilient under low soil pH levels, grow best in 
predominantly freshwater systems, and have low tolerance to increases in soil salinity 
(Dyer and Lindsay 1992, McCorry and Renou 2003, Lavergne and Molosky 2006). 
Given these similar environmental tolerances for the native A. filix-femina and the non-
native P. arundinacea and J. effusus, these species are likely in direct competition with 
one another in these restored high marsh zones. Additionally, the low salinity tolerance of 
P. arundinacea, and J. effusus may be primarily responsible for the suppression of these 
invasive species and the quick recovery of the low, mid, and a few high marsh zones 
where other more salinity tolerant C. lyngbyei and S. lacustris native plant communities 
have successfully developed (Figure 2.34, Appendix A). Further research is needed to 
identify the specific mechanisms promoting and sustaining these non-native plant 
invasions over native plant community establishment in these wetlands post-tidal 
reconnection. 
2.7 Conclusions and Management Implications  
 When examining the restoration success of these tidal wetland restoration sites by 
evaluating the overall site mean conditions, most site parameters fit along a clear 
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trajectory of recovery for plant community and soil development. These findings showed 
general support for the prevailing theory of ecological restoration-recovery in this system 
(Hilderbrand et al. 2005), indicating that by re-establishing tidal flooding to these sites, 
native plant community and soil conditions can recover passively without further human 
intervention. After, however, taking a closer look at the older sites (6 and 9 year sites) 
that did not exhibit recovery of native plant community conditions as predicted (within 
the 3-6 yr time frame) it became clear that the failure of these sites to follow the 
hypothesized trajectory was embedded in a more nuanced story of plant community and 
soil development within each site. This was something not easily distinguished when 
using overall site mean plant community or soil statistics to define success. By looking at 
the plant community development along the high to low marsh gradient of each site, it 
became clear that the issues of non-native plant invasion and lack of native plant recovery 
observed in the 6 and 9 year old sites were also occurring across most of the restoration 
sites (of all ages), with the high marsh zones not following a clear trajectory of native 
plant recovery towards reference high marsh conditions. Additionally, these non-native 
dominated high marsh zones were maintaining significantly different soil conditions than 
their mid-low marsh counterparts, and retaining lower soil pH and Na levels similar to 
those found in the wet pasture sites prior to restoration.  These more nuanced findings 
suggest that when tidal reconnection brings about dramatic changes to the existing 
environmental conditions through the introduction of frequent flooding and increased soil 
salinities, such as those observed in the low-mid marsh zones, passive restoration can be 
successful. In areas, however, where the change is less dramatic such as the high marsh 
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zone, which only receives infrequent short durations of tidal flooding, passive restoration 
approaches may not be as effective, especially in the presence of non-native wet pasture 
plant species. 
 Overall, these findings point to a need to include a more nuanced approach to 
tidal wetland restoration that includes detailed consideration of the restored wetland 
elevations, tidal flooding regimes, salinities, and pre-exiting plant community 
compositions. The restored high to low marsh zones should be monitored and tracked 
independently to ensure the expected native plant communities and soil conditions are 
being recovered. These findings are supported by other researchers who have also 
observed differences in wetland recovery based on restored site elevation and hydrology 
(Seneca et al. 1985, Craft et al. 2002, Warren et al. 2002). Craft et al. (2002) found 
variable rates of plant community recovery along the elevation gradient within a created 
brackish tidal wetland in Pamlico River estuary, North Carolina. Craft et al. (2002) 
observed lower elevation, more frequently flooded, marsh areas developed reference 
plant community compositions and biomass levels within 3 years of restoration while 
mid-level marsh areas took 9 years to recover and upper marsh areas did not show trends 
of recovery in the 15 year monitoring period. Craft et al. (2002) attributed the lack of 
recovery in the high marsh zone to the overall slow rate of wetland soil development 
resultant from infrequent flooding conditions (only flooded during spring tides and storm 
events).  
 Seneca et al. (1985) also studied wetland development over a 5 year period in a 
created salt marsh in North Carolina, focusing specifically on the development of native 
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and non-native plant cover over time.  Seneca et al. (1985) found that upper marsh 
elevations receiving ≤ 4 hours of tidal flooding a day had greater abundances of non-
native angiosperms (common weed species) and low recovery of the desired native 
species Spartina altemiflora. Seneca et al. (1985) concluded the failure of the native plant 
community establishment in the high marsh zone was due to competition with the non-
native species abundant in the soil seed bank that were tolerant of the low salinity and 
flooding conditions present in the restored high marsh zone. Additionally, Warren et al. 
(2002), in a 20 year study of Connecticut salt marsh restoration efforts, found non-native 
Phragmites australis dominance was reduced in the low marsh zones, but not the high 
marsh, when natural tidal flooding conditions were re-established. Warren et al. (2002) 
concluded that the wetland soil conditions (redox and sulfide accumulation) that 
developed in the high marsh zones post-tidal reconnection were different enough (over 
pre-restoration) to reduce the already established Phragmites australis communities and 
promote native development. While these studies are focused on the development of East 
Coast salt marshes, their ecological findings are echoed in the findings of this study, 
highlighting the transferability and importance of tracking wetland recovery along a 
restored hydrologic and salinity gradient.  
 Clearly, a blanket assumption that tidal reconnection will result in a natural 
succession towards a desired wetland state is not valid for all tidal systems and more 
attention needs to be paid to the restoration of specific tidal flooding regimes and soil 
conditions, as well as, to the presence of non-native plant species in these systems. 
Planning for, monitoring, and adaptively managing these conditions will allow for more 
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informed, targeted, and successful restoration efforts. In the PNW, as well as likely in 
other similar ecosystems world-wide, the ubiquitous presence of non-native wet pasture 
species, such as P. arundinacea, and J. effusus, will likely continue to make native plant 
community recovery challenging in fresh and oligohaline systems. Further research is 
needed to identify the drivers and ecological thresholds of these non-native plant 
community distributions to better inform these ongoing restoration and adaptive 
management efforts.   
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3 Chapter 3: Restored Oligohaline Tidal Wetland Seed Bank Response to 
Changes in Tidal Flooding and Salinity 
3.1 Abstract 
  Non-native plant community invasion is a common problem in tidal wetland 
habitats throughout the world; however, little work has been dedicated to understanding 
the mechanisms driving these invasions in restored oligohaline (salinity 0.5-5.5 ppt) tidal 
systems. In restored tidal habitats in the Pacific Northwest, two non-native plant species, 
Phalaris arundinacea and Juncus effusus subsp. effusus, are often found to dominate high 
marsh oligohaline tidal wetlands, which generally experience short periods of flooding 
(≥1 hr every 24 hours). In contrast, two native plants, Carex lyngbyei and Schoenoplectus 
lacustis, dominate the mid to low marsh zones, which are flooded for longer periods (≥3 
hr every 12 hours). Following van der Valk’s (1981) adapted Gleasonian theory of 
wetland plant community succession, it was hypothesized that the existing oligohaline 
tidal dominant native plant species, Carex lyngbyei and Schoenoplectus lacustris, and 
dominant non-native plant species, P. arundinacea and J. effusus, community 
distributions in the field were reflective of both their abundance in the seed bank and 
their environmental tolerance to the restored tidal wetland flooding and salinity 
conditions. To test these hypotheses, seed bank samples were collected from two tidally 
reconnected oligohaline wetlands located at the mouth of the Columbia River Estuary. 
Seed bank sampling locations were randomly stratified throughout the dominant native 
(n=10) and non-native (n=10) plant communities within in each (n=20) wetland. These 
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seed bank samples (n=40) were then evaluated for composition through direct seed 
counts and for seed bank germination viability under simulated tidal flooding and salinity 
conditions in the greenhouse for five months. Greenhouse conditions were designed to 
mimick the conditions observed in the field as well as those anticipated from future sea 
level rise. This included three flooding treatments representing the high marsh (1 hour 
daily), mid and low marsh (3 and 6 hours twice daily) conditions and three salinities 
including freshwater (<1 ppt), oligohaline (3 ppt), and brackish (10 ppt). The brackish 
salinity treatment was used to represent the higher salinity conditions to which this area 
may be exposed under future seal level rise scenarios.  
 Overall, non-native seeds vastly outnumbered native seeds in both seed banks 
with a mean of 31,416 per m2 non-native seeds in the native seed bank compared to only 
15,453 native seeds per m2 (Man-Whitney U, p < 0.01) and 78,030 per m2 non-native 
seeds in the non-native seed bank compared to only 7,701 native seeds per m2 (p = 
0.001). In the greenhouse, non-native species, P. arundinacea and J. effusus, were found 
to germinate more readily, relative germination frequency (RGF %) across treatments, 
out of the seed bank under high marsh flooding and freshwater treatments, P. 
arundinacea at 22.5% (±24.9) and J. effusus at 24.0% (±24.5), as compared to mid and 
low marsh flooding oligohaline (3 ppt) treatments, P. arundinacea at 5.8% (±8.4) to 5.4% 
(±7.6) and J. effusus at 9.7% (±22.8) to 2.5 (±4.7), and all brackish salinity (10 ppt) 
treatments, P. arundinacea  at 5.8% (±17.5) to 2.3% (±6.9) and J. effusus 1.5 (±3.9) to 
0.5% (±0.9). Native species, C. lyngbyei and S. lacustris, relative germination frequencies 
were variable but not found significantly different among the flooding and salinity 
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treatments (Kruskal Wallis, p < 0.10). These results indicate that the newly created 
salinity and flooding gradient of restored oligohaline marshes act to suppress germination 
of these non-native species in the low-mid marsh oligohaline regions, but not in the high 
marsh, where they are likely able to outcompete the native wetland species due to their 
overwhelming dominance in the seed bank. Furthermore, these results support van der 
Valk’s (1981) adapted Gleasonian theory of wetland succession by highlighting the 
importance of seed bank composition and restored tidal flooding and salinity gradients in 
plant community restoration and resilience.   
3.2 Introduction 
Restoring and maintaining native tidal wetland plant communities is one of the 
main goals of tidal wetland restoration and conservation efforts. The general ubiquity of 
invasive wetland plant species has, however, made this an especially difficult goal to 
achieve. Plant communities dominated by invasive species Phalaris arundinacea (P. 
arundinacea ), reed canarygrass, and Juncus effusus subsp effusus (J. effusus), common 
rush, have been observed within and among restored wetlands throughout the Columbia 
River Estuary (CRE) and other wetland habitats throughout North America (Christy 
2004, Borde et al. 2012). These invasive plant species can dominate wetland plant 
communities, reduce wetland biodiversity, degrade wetland habitat value, and stall native 
plant community recovery (Keddy 2004, Suding et al. 2004, Borde et al. 2012, Roman 
and Burdick 2012, Kidd and Yeakley 2015). Understanding the mechanisms promoting 
non-native plant community invasions within restored tidal wetlands is necessary for 
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refining the ecological premises that guide wetland restoration efforts. This is key for 
furthering our understanding of wetland plant community development in restored tidal 
wetlands and broadening our understanding of how climate change and sea level rise will 
impact these ecosystems in the future. 
3.2.1 Environmental Gradients and Plant Community Development  
Generally, researchers have established strong correlations between wetland plant 
community distributions and in-situ wetland elevation, tidal flooding, soil moisture, soil 
oxidation - reduction (redox) potential, and salinity gradients (e.g., Eicher 1987, Zedler et 
al. 1999, Keddy and Fraser 2000, Baldwin et al. 2001, Jenkins et al. 2008, Davy 2011, 
Spencer and Harvey 2012, Weilhoefer et al. 2012, Janousek et al. 2013a, Janousek et al. 
2013b, Moeslund et al. 2014). Specifically, hydrologic and salinity gradients found in salt 
marshes have often been used to explain patterns of plant community assemblages; 
however, less work has been done to understand the role of these gradients in more 
dynamic restored fresh to brackish transitional oligohaline (0.5-5ppt) tidal wetlands 
(Engles 2010, Janousek and Folger 2013b). Experimental work in tidal marshes has 
provided evidence that observed in-situ plant community patterns are representative of 
species-specific seed germination responses to abiotic gradients (Baldwin et al. 1996, 
2001, Keammerer 2011, Janousek and Folger 2013a). These researchers have found that 
the role of plant competition and exclusion is secondary to germination and growth 
requirements for determining plant species distributions (Baldwin et al. 1996, 2001, 
Keammerer 2011, Janousek and Folger 2013a). These studies provide evidence 
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supporting van der Valk's (1981) adapted Gleasonian theory for ecological succession in 
wetlands, which proposes that hydrologic conditions, i.e. timing and duration of wetland 
flooding, and seed bank response are the determining factors in plant community 
persistence and change over time.  
This theory further posits that the first species in the seed bank to respond 
favorably and in high densities to soil conditions (through germination) becomes locally 
dominant and suppresses further seed bank response and/or seedling establishment (Leck 
2003, Wilcox 2004, Keammerer 2011). In turn, these newly dominant plant species fill 
the local seed bank with their own seeds/propagules thus enhancing the likelihood of 
their continued existence (Leck 2003). This theory implies that restored soil conditions, 
seed bank composition, and seed bank viability play a significant role in determining the 
development and long-term persistence of plant communities within and among restored 
tidal wetlands. Observing how these mechanisms work together provides a framework for 
inferring the importance of seed bank composition, environmental gradients, and 
competition on overall plant community development (Figure 3.1). Although this theory 
was developed in non-tidal wetlands, its transferability appears to be more universal (van 
der Valk 1981). It is the aim of this study to apply and test this theory in restored tidal 
oligohaline wetlands, in an attempt to identify the mechanisms driving non-native plant 
community development in those systems.   
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3.2.2 Environmental Gradients Created Through Tidal Reconnection  
Tidal restoration subjects the soil and seed bank to a dramatic change in 
environmental conditions through the creation of a hydrologic stress gradient (from tidal 
flooding) resulting in chemical and hydrological shifts in a restoration site's soil 
environment (Davy 2011). Prior to tidal reconnection, agricultural fields typically host 
well-drained soils with high oxygen penetration (Portnoy 1999). Once tidal flooding is 
reintroduced, soils become saturated with water and oxygen levels drop because oxygen 
diffusion is dramatically reduced between the soil/water interfaces (Armstrong 1979, 
Portnoy 1999). Additionally, respiration from plants and soil organisms use up oxygen 
faster than it can be replenished under saturated conditions. Low oxygen levels in the 
saturated soil can lead to a shift in soil biota and respiration pathways from aerobic 
(where oxygen is the primary electron acceptor) to anaerobic (in which other ions such as 
nitrate, iron, magnesium, sulfate, and carbon are used as electron acceptors in the place of 
oxygen and each other) (Schlesinger and Bernhardt 2013). The salinity of the water 
reintroduced can also affect biogeochemical pathways. High salinities promote 
respiration through sulfate reduction, which can reduce the soil pH, reduce organic matter 
accumulation, and reduce nutrient availability (Schlesinger and Bernhardt 2013). The 
goal of reintroducing tidal flooding to these sites is to restore tidal wetland hydrologic 
gradients and associated environmental conditions. Very few plants are adapted to 
survive in sustained anoxic and/or saline conditions, making the transition from 
agricultural to tidal wetland plant communities seemingly swift (Davy et al. 2011).  
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The passive restoration approach of breaching dikes and reintroducing tidal flow 
comes with the assumption that after tidal reconnection, non-desirable pre-restoration 
agricultural plant species will die-off and the seed bank will respond to these new 
environmental conditions through germination and growth of desired wetland plant 
species specifically adapted to the tidal flooding environment (high soil moisture, low 
oxygen conditions, and increase in salinity). Little attention has been paid, however, to 
the precise conditions that need to be restored to promote the development of desired 
native plant communities over invasive plant communities out of restored tidal wetland 
seed banks.  
3.2.3 Wetland Seed Bank Germination  
As compared to naturally occurring tidal wetlands, the seed bank of a restored 
tidal wetland harbors plant species both from a legacy of agricultural land use and 
historic wetland status. These restored seed banks also hold newly dispersed seeds from 
nearby wetlands and riparian areas. The newly created environmental conditions 
associated with tidal reconnection are responsible for stimulating the germination, 
growth, and establishment of this myriad of plant species stored in the seed banks. The 
exact environmental conditions that control germination from the seed bank are 
genetically defined for each species. This is an adaptation of each species to its 
environment with germination only taking place when the environmental conditions 
present are likely to provide a suitable opportunity for the species to grow and become 
established (Finch-Savage and Leubner-Metzger 2006).  Environmental conditions such 
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as water, salinity, oxygen, temperature, and light levels are all known to influence seed 
germination.  
The exact requirements and biological mechanisms driving seed germination are 
complex and vary from one plant species to another. Most plant species require a 
particular combination of water, oxygen, and temperature changes for germination to take 
place (Deberry and Perry 2000). Some wetland plant species have also shown 
germination responses due to changes in light and soil-water chemistry (Leck 1989, 
Kettenring et al. 2006, McCormick and Gibble 2014). All these environmental shifts can 
result in external changes in the physical thickness, character, and/or moisture level of the 
seed coat and internal changes to germination suppressing hormones and abscisic acid 
production, which can result in a break of seed dormancy and subsequent germination 
(Finch-Savage and Leubner-Metzger 2006). Before the seed coat is broken and exposed 
to the outer environmental conditions, seedling respiration is assumed to be primarily 
anaerobic, with a switch to aerobic respiration after emergence (Deberry and Perry 2000). 
In all wetland environments, germinating seedlings must be adapted to the continued (or 
to the fluctuating) anaerobic conditions (low oxygen, low ORP) which persist in saturated 
soils (Deberry and Perry 2000). In estuarine tidal wetland environments germinating 
seedlings must also be adapted to fluctuating salinity conditions. Increases in salinity are 
related to a shift in osmotic potential, which reduces the ability of a seed and seedling to 
uptake water. Generally, this shift in osmotic potential acts to suppress germination and 
growth, with only a few species adapted to germinate under high salinity conditions 
(Ungar 1978, Janosek and Floger 2013a). Understanding different abilities of wetland 
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plant species to germinate and grow under varying restored wetland conditions, from 
saturated soils to high salinities, is essential to explaining the plant community outcomes 
seen in restored tidal wetlands.  
3.2.4  Dominant Plant Communities of the Columbia River Estuary 
In Young’s Bay, Oregon, and throughout the Columbia River Estuary (CRE), 
non-native plant communities dominated by P. arundinacea and J. effusus have been 
found abundant in restored oligohaline and freshwater tidal wetland high marsh zones 
(Borde et al. 2012, Chapter 2). These areas are higher in elevation, less frequently 
flooded, and have lower soil salinity than native plant assemblages dominated by C. 
lyngbyei and S. lacustris, which are found most frequency occupying the restored low 
marsh tidal wetland zones (Borde et al. 2012, Chapter 2). These same zonation patterns 
are less apparent in natural reference marshes, where C. lyngbyei and S. lacustris are 
commonly found co-occupying the high - low marsh zones and where P. arundinacea 
and J. effusus are much less abundant overall (Borde et al. 2012, Chapter 2). It is possible 
that the non-native wetland species P. arundinacea and J. effusus are more abundant in 
the seed bank and/or more successful at germinating in these newly created high marsh 
conditions than the common native species, giving them a competitive advantage. This 
would allow them to dilute the native component of the seed bank with their own seed 
production, further reducing the likelihood of successful native plant community 
recovery (Suding et al. 2004). This survival strategy could create resilience to ongoing 
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management efforts, suppress native plant community establishment, and in turn facilitate 
their continued spread throughout the system (Suding et al. 2004).  
3.2.5 Overall Study Objectives  
This study uses a combination of in-situ and greenhouse observations of existing 
native and non-native plant community distributions (and seed bank compositions, 
viability), with corresponding wetland soil, tidal flooding, and salinity conditions, to 
determine whether variations in these restored wetland conditions are responsible for 
promoting or suppressing native and non-native plant community establishment. The goal 
of this study is to develop a better understanding of the environmental and ecological 
mechanisms driving commonly observed native and non-native plant community 
zonation patterns, specifically focusing on the importance of restored in-situ 
environmental conditions and seed bank composition. These relationships and 
mechanisms were evaluated by 1) conducting in-situ field surveys of dominant plant 
community species composition and environmental conditions, 2) determining plant 
community seed bank compositions through direct seed identification, and 3) testing seed 
bank composition and germination response to a gradient of tidal flooding and salinity 
regimes. These data provided a foundation for understanding the importance of restored 
environmental conditions and seed bank composition on dominant native and non-native 
plant community development and resilience in these wetlands.  
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3.2.6 Ecology of Focal Plant Communities 
C. lyngbyei and S. lacustris are both native perennial species commonly found 
dominating reference tidal wetland plant communities throughout the PNW and are 
valued as cultural resources by Native Americans and for providing habitat and forage for 
local fauna (Morgan and Sytsma 2009). C. lyngbyei is a grass-like sedge that grows in 
dense stands, which spread through both rhizome and seed. Regionally, it is found most 
commonly in high to low coastal salt marsh and brackish marsh conditions (Morgan and 
Sytsma 2009). S. lacustris (L.) Palla is a species classification that encompasses both the 
hard stem, S. acutus var. acutu and soft stem bulrush subspecies, S. tabernaemontani and 
their hybrids (Morgan and Sytsma 2009)9. S. lacustris is a rush with a growth form that 
consists of dense narrow erect stems up to 3 meters tall (Morgan and Sytsma 2009). S. 
lacustris spreads through rhizome and seed, and is commonly found in low and high tidal 
fresh and brackish marsh conditions (Morgan and Sytsma 2009). Native tidal wetland 
species commonly occurring as sub-dominants to C. lyngbyei and S. lacustris include 
Scirpus microcarpus (S. microcarpus), small-fruited bulrush, Oenanthe sarmetosa (O. 
sarmetosa), water parsley, Potentilla anserine (P. anserine), silverweed cinquefoil, (G. 
triflorum), sweet smelling bedstraw, Typha latifolia (T. latifolia), broadleaf cattail, 
Eleocharis palustris (E. palustris), creeping spike rush, (A. plantago-aquatica), American 
                                                 
9 It should be noted that the genus for bulrush species has recently changed from Scirpus to 
Schoenoplectus.  
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water plantain, and Lilaeopsis occidentalis (L. occidentalis), Western grasswort (Chapter 
2, Appendix A). Most of these native species have been documented requiring moister 
(saturated/flooded) soil growing and germinating conditions than the common non-native 
tidal wetland species with the (Appendix A). The requirement for saturated/flooded 
conditions aligns with the common occurrence of these plant species in the low marsh 
zone of the restored tidal wetlands.  
 P. arundinacea and J. effusus are both perennial non-native wetland species 
introduced from Europe, and commonly found in wet pasture habitats. Both species have 
historically hybridized and/or replaced similar but less aggressive native species 
populations (USDA 2002, Zika 2003, Lavergne and Molosky 2006). P. arundinacea is a 
highly invasive grass, known to become dominant in wetland environments, reducing 
local species richness and habitat quality (Lavergne and Molosky 2006, Jenkins et al. 
2008, Hanson et al. 2016). P. arundinacea control efforts are very time and energy 
intensive with few successful eradications documented (Lavergne and Molosky 2006, 
Jenkins et al. 2008).  J. effusus is a grass-like rush that grows in dense tussocks, 
commonly found dominating wetlands, ditches, and slow-moving waterways in 
agricultural areas with high soil nutrient levels (McCorry and Renou 2003). J. effusus is 
well known as an agricultural weed throughout Europe and parts of North America; 
however, very little information is available regarding its biology or invasive control 
(McCorry and Renou 2003). Both P. arundinacea and J. effusus spread successfully 
through rhizome and seed (Zika 2003, Lavergne and Molosky 2006).  
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In a study of PNW palustrine wetlands (seasonally flooded) researchers found 
both P. arundinacea and J. effusus most commonly associated with higher wetland 
elevations subjected to fluctuating dry and moist soil conditions during the growing 
season (Kellogg et al. 2003). P. arundinacea and J. effusus commonly co-dominate 
upland tidal wetland areas, characterized by low frequency and short durations of tidal 
flooding (Chapter 2, Appendix C). Non-native species that commonly occur as sub-
dominants to both P. arundinacea and J. effusus include Agrostis stolonifera (A. 
stolonifera), creeping bent grass, Holcus spp, velvet grass species, Lotus corniculatus (L. 
corniculatus), birdsfoot trefoil, and Ranunculus repens (R. repens), creeping buttercup 
(Chapter 2, Appendix D). Most of these non-native species including P. arundinacea and 
J. effusus have been documented requiring dryer and less saline soil growing and 
germinating conditions than the common native tidal wetland species (Appendix A).  
3.3 Study Purpose and Hypotheses  
The purpose of this study is to investigate the mechanisms of tidal flooding 
regimes and salinity on native vs. non-native seed bank germination and plant community 
development in oligohaline tidally restored wetlands. These results will help wetland 
managers anticipate the impacts of salinity intrusion and changes in tidal flooding from 
sea level rise on existing native and non-native oligohaline wetland seed bank emergence.  
Following van der Valk’s (1981) adapted Gleasonian theory of wetland plant 
community succession and the known ecology of the target plant species, it was 
hypothesized that the existing native, C. lyngbyei and S. lacustris, and non-native, P. 
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arundinacea and J. effusus, tidal wetland plant community distributions are reflective of 
both their abundance in the seed bank and their environmental tolerance to the restored 
tidal wetland flooding and salinity conditions. van der Valk’s (1981) theory predicts that 
both the seed densities in the seed bank and the salinity and flooding gradient are the 
primary drivers of plant community development (Figure 3.1). If seed bank germination 
was not found to be affected by tidal flooding and salinity conditions and/or if seed bank 
densities were found to be similar among the plant communities, then plant competition 
may be the primary driver of the observed patterns of plant community development 
(Figure 3.1). 
Specifically, it was expected H1) that native and non-native seed densities would 
be significantly higher in their own respective seed banks. This difference in seed 
densities among the seed banks would indicate self-seeding by these species and the 
promotion of long-term plant community resilience. Additionally, it was expected that 
these species would show proportionally greater germination success out of the seed bank 
when subjected to the tidal flooding and salinity conditions characteristic of these 
standing plant communities in the field. Specifically, it was expected H2) that non-native 
plant species, P. arundinacea and J. effusus, would germinate more successfully out of 
the seed bank (higher density of germinating seeds) when treated with high marsh tidal 
flooding conditions as compared to the native plant species, C. lyngbyei and S. lacustris, 
which would comparatively germinate more successfully out of the seed bank when 
treated with low marsh tidal flooding conditions. Overall, it was expected that increases 
in flooding and salinity, such as those expected from sea level rise, would reduce seed 
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bank germination of non-native species, P. arundinacea and J. effusus, and 
comparatively increase germination of native species, C. lyngbyei and S. lacustris. These 
hypotheses provide a framework (Figure 3.1) for evaluating the drivers of plant 
community development and the applicability of van der Valk’s (1981) theory of wetland 
plant community succession in these systems.  
 
Figure 3.1: Framework for determining plant community drivers based on seed bank composition and 
germination response to environmental gradients (specifically, salinity and tidal flooding in this study).  
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3.1 Methods 
3.1.1 Overview  
 Approach - The restoration sites used in this study are located in the Lewis and 
Clark National Historical Park in the Youngs Bay watershed, near Astoria, Oregon in the 
lower Columbia River Estuary (Figure 3.2). The restoration sites were selected based on 
existing plant community compositions, both sites having well established native and 
non-native plant communities representative of similar restoration sites located 
throughout the watershed (Chapter 2). Previous vegetation and elevation surveys of the 
restoration sites enabled identification of the dominant plant communities and their 
general locations throughout the sites (Chapter 2). These observations assisted in 
identifying the existing native and non-native plant community locations within the sites.  
Water level and water salinity monitoring began on the site before seed bank sampling in 
the summer of 2014. During seed bank sampling, in April 2015, plant community species 
richness and cover (%), elevation, and soil characteristics (salinity, ORP, pH, 
temperature, bulk density, organic matter, and nutrient content) were collected at each 
seed bank location to help characterize environmental conditions among the plant 
communities. Site water level monitoring data and plant community elevation data were 
then used to develop the tidal flooding and salinity treatments for the seed germination 
experiment. Flooding treatments represent low, mid, and high marsh elevations observed 
on the site and salinity treatments represent the fresh to oligohaline (0 ppt-3 ppt) 
conditions currently characteristic of the site during the winter and spring seasons and 
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brackish (~10 ppt) conditions that represent the upper range of salinity the sites are 
exposed to in late summer (Appendix C).  
 Study Sites – The restoration sites used in this study were diked and drained for 
agricultural use in the early 1900’s. Each site has its own tidally influenced main channel 
that connects it to the Lewis and Clark River (Figure 3.3). Historically, Alder Creek was 
blocked with a dike and tide gate, but the tide gate failed (no longer held back tidal 
exchange) in 1959, and the failed tide gate was replaced with a bridge in 1962. Prior to 
2007, Colewort Creek was also blocked from tidal exchange with a dike and functioning 
tide gate; however, in 2007 the tide gate was removed and replaced with a bridge to 
restore tidal flooding to the site. Currently, the 2007 site’s main channel, Colewort creek, 
maintains freshwater flow during low tide events, while the 1959 site’s main channel, 
Alder Creek, drains completely. During high tide events, the sites are hydrologically 
connected through Alder Creek via culverts installed in 1962 which run under the 
highway and maintenance road that separate the sites (Figure 3.3). In 2011, the north end 
of the 2007 site was lowered (graded) to increase flooding in this portion of the site and 
further promote tidal connectivity with the 1959 site. To avoid ambiguity in the results, 
this newly altered portion of the 2007 site was avoided during sampling.  
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Figure 3.2: Youngs Bay watershed map.  Shown are the location of the seed bank study wetlands “research 
wetlands” relative to the other monitoring stations located in the watershed, the Tongue point NOAA tide 
gage, and the USGS flow gage (river mile 53). 
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Figure 3.3: Map of U.S. National Parks Service Lewis and Clark National Historical Park restoration sites 
surveyed in this study.  Shown are the historical dike breach locations, culvert placement, and the location 
of the seed bank/vegetation sampling throughout each site and water level data loggers. Map elevation 
data derived from 2009 LiDAR data. For a watershed perspective see Figure 3.2.   
 
3.1.2 Field Data Collection 
Seed Bank Collection - A total of 40 composite seed bank samples were collected 
across the two restoration sites (n=20 each) in April 2015.  Sampling locations were 
randomly stratified throughout the dominant (≥75% native or non-native cover) plant 
communities at each site, maintaining a distance of >10 m between sample locations 
(Figure 3.3).  This was done by visually identifying and mapping dominant plant 
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community locations, assigning numbers to these, and then using a random number 
generator to determine survey locations. This resulted in 10 native and 10 non-native 
sample areas within each restoration site (and an overall total of 20 native and 20 non-
native). Within the 1959 site native seed bank samples were taken from both C. lyngbyei 
(n=8) and S. lacustris (n=2) dominant plant communities, and the non-native samples 
were taken from P. arundinacea (n=10) dominant plant communties. Within the 2007 
site, the native seed bank samples were taken from C. lyngbyei (n=5) and S. lacustris 
(n=5) dominant plant communities, and non-native seed bank samples were taken from P. 
arundinacea (n=4) and J. effusus (n=6) dominant plant communities (Figure 3.3). 
Overall, this totaled 13 seed bank samples from C. lyngbyei and seven seed bank samples 
from S. lacustris native plant communities, as well as 14 seed bank samples from P. 
arundinacea and six seed bank samples from J. effusus non-native plant communities 
(Figure 3.3). Within each dominant plant community sampling location, composite 
samples were collected by taking five seed bank samples (5 cm diameter x 10 cm depth) 
randomly distributed within a 1 m2 quadrat and combining them to make one composite 
sample (total volume of soil sampled per composite was 981.5 cm³, ~1,250 grams). This 
composite sampling was done to account for the high variability in seed bank 
composition.  
Post processing (also see Processing, seed density, and composition) each 
composite seed bank sample was approximately 1000 ml in volume, representing 98.15 
cm2 of soil surface area sampled per each 1 m2 sample area. The 1000 ml sample was 
then divided into 10, subsamples of 100 ml each, each representing 9.815 cm2 of surface 
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area soil sampled. Seed density per 1 m2 surface area was calculated for each 100 ml 
subsample by multiplying by 1,018.84, which is the surface area of a 1m2 (10,000 cm2) 
divided by the surface area of one seed bank subsample (9.815 cm2).  This conversion 
represented the number of seeds anticipated to be present in the entire top layer of a 1 m2 
(x 10 cm deep) sample of soil based on the number of seeds found in the subsample. A 
subsample of each composite was reserved for seed bank composition analysis (seed 
counts to determine species presence and density), and the remaining soil was used for 
determining seed bank viability under experimental tidal flooding and salinity conditions. 
All seed bank collection and preparation were conducted following the methods outlined 
by McFarland and Shafer (2011) and by Steigerwalt and Adams (2011).  
Plant community - At each seed bank sample location standing plant community 
percent cover and species richness were recorded within the 1 m2 quadrat. Due to dense 
canopy overlap, the overall total percent cover within each quadrat could be greater than 
100%. For analysis, these data were summarized to relative cover which is the percent 
cover of each species in a quadrat divided by the total cover of all species in that quadrat. 
Taxonomic guides to regional flora were consulted (e.g., Hitchcock and Cronquist 1973, 
Guard 1995, Cooke 1997) to help with species identification. Native, non-native and 
wetland indicator status determination for each plant species was identified using the 
online NRCS PLANTS database (http://plants.usda.gov). If plant status was ambiguous, 
it was listed as unknown for analysis purposes.     
  Soil survey - Within each quadrat, in-situ surface soil salinity, conductivity, soil 
redox potential (ORP), pH, and temperature data were collected using Extech soil probes 
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placed 5 cm below the soil surface representing the midway point vertically of the sample 
(Bledsoe and Shear 2000, Neckles et al. 2002, Davy et al. 2011, Mossman et al. 2012, 
Gerla et al. 2013). All soil surveys were conducted in saturated soil conditions, timed 
near peak low tide (lowest tidal elevation), and surveyed in order from highest to lowest 
elevation. Although these soil parameters are dynamic over time depending on the 
precise environmental conditions present and the duration of tidal flooding, the logic in 
taking these in-situ samples was to capture the general gradient that existed among the 
different plant communities. If all samples were collected under similar conditions and at 
similar intervals of time, they become more comparable amongst each other. In addition, 
one soil core sample (5 cm diameter by 10 cm deep) was collected at each seed bank 
sample location and analyzed for bulk density, organic matter content (loss on ignition), 
texture, and salinity following the standard methods described by Kalra and Maynard 
(1991). Total soil N and P were analyzed using methods described by Bremmer (1995) 
and Taylor (2000). 
Topography- Real-time kinematic (RTK) and handheld GPS surveying equipment 
were used to establish field benchmarks and collect high-resolution positional data of 
each sample’s location (USGS 2012a, 2012b). These position data were also used to 
compare and correct site-wide elevations identified through LiDAR (Light Detection and 
Ranging) data. These data were used to characterize the plant community elevation 
ranges and overall topography for each site (Figure 3.3). The LiDAR was collected in 
2009 by Watershed Sciences, is publically available through OpenTopography.org, and 
was the most up-to-date data available for this area. Elevation extraction from the LiDAR 
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data used the ground point cloud processed into a high-resolution TIN (1 ft.) using the 
online data services of OpenTopography.org10. All elevations within this document are 
reported using the North American Vertical Datum of 1988 (NAVD88).  
Tidal flooding and salinity- Tidal flooding characteristics (timing, frequency, 
amplitude and duration of high/low water levels) and salinity data were collected from 
the research sites to identify the ranges of tidal flooding and salinity to which the non-
native and native plant communities were exposed in the field. These data were then used 
to development the tidal flooding and salinity treatments used in the greenhouse 
experiment. Monitoring was done using water depth recording data loggers (monitoring 
at 30 min intervals) installed into the main wetland tidal channels and in the adjacent 
tributary below the elevation of wetland vegetation establishment (Figure 3.2-3.3, 
Appendix C, Figure C.1). Along with these water level data loggers, a conductivity data 
logger was used to identify major trends in water salinity in the Lewis and Clark River 
(adjacent to the sites). Salinity data were collected using HOBO (U24) Salt Water 
Conductivity/Salinity Data Logger measuring salinity (±0.1 ppt) every 30 mins in the 
main Lewis and Clark River at the same location as the water level data logger (Figure 
3.3). Additionally, point measurements using a YSI probe (±0.1 ppt) of water salinity, 
temperature, and depth (using a meter stick) were collected for comparison during data 
logger deployment and retrieval. Due to a malfunction with the conductivity data logger, 
                                                 
10 This material is based on processing services provided by the OpenTopography Facility with support 
from the National Science Foundation under NSF Award Numbers 1226353 and 1225810. 
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salinity data were not recorded post-April 2015 on the sites. To supplement this data gap, 
salinity and water level data collected at two other locations in the watershed were also 
used to characterize seasonal conditions. Tidal flooding conditions were monitored from 
July 2014 through Sept 2015 following USGS protocols (USGS 2012c). For more details 
on water level and salinity monitoring see Appendix C.  
3.1.3 Seed Bank Experiment  
Processing, seed density, and composition - To prepare samples for greenhouse 
viability analysis and seed identification, composite samples were broken down, rinsed, 
and sieved to remove organic matter and debris (Figure 3.4: Photo A). During soil 
processing, all water used for rinsing and cleaning organic matter removed was reserved 
and passed through a 0.063 mm mesh sieve (small enough to retain Juncus species 
seeds). Processing produced approximately 1 liter of soil/seed slurry for each seed bank 
sample. Post processing this seed bank sample slurry was mixed by hand for one minute, 
and ten 100 ml subsamples were separated for further analysis. Nine of these subsamples 
were reserved for the greenhouse, and the tenth sample was reserved for seed 
identification and density counts.  
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Figure 3.4: Photos of the seed bank processing and greenhouse setup. Photos include: A) processing seed 
bank samples by removing large pieces of organic matter, B) greenhouse set up of treatment tanks with 
samples inside, C) treatment subsample with germinating seedlings, D) reservoirs and pumps used in the 
greenhouse to fill the treatment tubs, E) transplanted seedlings being tracked for positive species 
identification, F) greenhouse monitoring. For more details on experimental set up see Figure 3.6.  
 
Seed identification through direct counts – Direct seed counts and species 
identification were conducted at the Oregon State University Certified Seed Laboratory 
(Corvallis, Oregon). Before seed counting and identification, the 100 ml subsample was 
dried and separated into 5 size classes. Seeds were then removed and identified from 
these dried subsamples for a total of 3.5 hours for each sample. The same intensity and 
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duration of seed identification were maintained across all size classes and among all 40 
seed bank samples.  Seed counts only included undamaged seeds to avoid overestimating 
viable seeds within the soil samples. When possible, all seeds were identified to species.  
Seed bank viability – experiment rationale - Other researchers have examined 
wetland seed bank responses to differences in flooding and salinity (e.g., Baldwin et al. 
1996, 2001, 2012); however, this study is unique in both its field-based approach to 
identifying patterns of plant community development and tidal flooding and in its 
reproduction of those flooding conditions in the greenhouse. Commonly the influence of 
tidal flooding and salinity are reproduced in an experimental setting through the use of 
long-term ponded mesocosms of different water depths; however, the biogeochemical 
effects of using the same standing water levels over time versus daily fluctuating water 
levels over time are significant. Keeping stagnant ponded water over time promotes much 
lower average soil ORP conditions than fluctuating water levels, as draining the soil 
promotes soil oxygenation and shifts the soil biogeochemistry. These differences in soil 
conditions are important when trying to develop a better understanding of seed 
germination responses and species distributions within a dynamic tidally flooded system.  
Seed bank viability – experimental setup- In a controlled greenhouse 
environment, seed bank samples were subjected to a gradient of 3 tidal flooding regimes 
(a low marsh to high marsh gradient) and 3 salinity (fresh, oligohaline, brackish), for a 
total of 360 treated subsamples (see further treatment descriptions below and in Figure 
3.5). Tidal flooding in Youngs Bay is semidiurnal (different high and low tide levels 
twice each day) which is challenging to replicate in a greenhouse setting. Given this, 
174 
 
average frequencies and durations of flooding were calculated for each sampling 
elevation (see Tidal flooding and salinity methods above and calculations in Appendix 
C) and these average times and durations characterized the 24 hr tidal cycles used in the 
greenhouse to replicate field conditions. Three flooding treatments where used including 
low, mid, and high marsh elevation zones. Low marsh treatments, representing conditions 
in low elevation tidal wetland areas, were created in the greenhouse through flooding the 
treatments twice a day for 6 hours each tide, the first tide occurring at 1-7 pm and the 
second at 1-7 am.  Mid-marsh treatments, representing mid-elevation tidal wetland areas, 
were created in the greenhouse through flooding the treatments twice a day for 3 hours 
each tide, the first tide occurring at 1-4 pm and  the second tide at 1-4 am. The high 
marsh treatments, representing high elevation tidal wetland areas, was created in the 
greenhouse by flooding treatments once a day for 1 hour from 1-2pm.  
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Figure 3.5: Greenhouse study design. The design incorporates a gradient of inundation and salinity 
treatments tested on seed bank samples collected from National Park Service sites 2007, and 1959 year of 
tidal reconnection (Figure 3.3). Each treatment had 20 seed bank subsamples from native and non-native 
dominant plant communities (Total n=360). Inundation treatments were based on field observations of in-
situ plant community tidal flooding and salinity data (Appendix C). 
 
Filling and draining occurred rapidly, taking less than 2 mins (Figure 3.6). These 
treatments were developed based on the dominant plant community assemblages and 
their assessed tidal flooding frequency (Figure 3.5, Appendix C). In addition to the three 
tidal flooding treatments, seed bank samples were also subjected to three different 
salinity treatments including freshwater conditions (<1 ppt), oligohaline (3 ppt), and 
brackish (10 ppt). These salinity treatments were also determined based on locally 
observed salinity conditions, with fresh and oligohaline treatments representing 
commonly existing salinity conditions and brackish representing more extreme observed 
salinity conditions (Appendix C). Additionally, tidal wetlands in Youngs Bay are 
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anticipated to be increasingly exposed to brackish salinity conditions in the future from 
sea level rise and climate change, making the brackish treatment a proxy for possible 
future wetland salinity conditions (Glick et al. 2007, Jay et al. 2011, Tebaldi et al. 2012, 
Appendix C). Treatment water salinity conditions were adjusted using Instant Ocean 
(Aquarium Systems, Inc., Mentor, OH, U.S.A.) sea salt and monitored bi-weekly using a 
Milwaukee M 887 Seawater Refractometer (±1 ppt). Water salinity conditions were 
monitored and corrected bi-weekly and soil ORP conditions were monitored weekly to 
ensure consistency within the treatment groups (Appendix G). 
 A total of 40 independent seed bank samples from the field (Figure 3.3) were 
tested per flooding x salinity treatment (n=360, Figure 3.5-3.6). All seed bank samples 
were randomly stratified through 3 treatment tub/reservoir systems which were placed at 
random locations along the greenhouse bench to reduce the influence of variable 
greenhouse conditions (Figure 3.4: Photo B, F, Figure 3.6). Seed bank treatment pots 
were all filled with 3 cm of sand to promote draining between flooding, with approx. 2 
cm (100 ml) of composite seed bank sample (from each field sample) layered on top 
(Figure 3.6, Steigerwalt and Adams 2011). To keep each potted seed bank sample 
independent from one another, each pot was lined with landscaping fabric, which allowed 
tidal exchange but prevented cross-contamination of the seed bank samples during 
flooding (Figure 3.4: Photo C). During flooding, treatments maintained 10 cm of water 
above the seed bank samples and during low tide treatments water completely drained 
from the treatment tubs. Drains were used to prevent overtopping and cross 
contamination during high tide treatments. Control pots filled with only sand were 
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randomly placed in each treatment tub to identify whether any greenhouse weeds or 
cross-contamination occurred during the study. No seedlings were found growing out of 
these control tubs at any point during the study. Pumps were used to regulate treatments 
and treatment tubs were connected to individual water reservoirs (Figure 3.4: Photo D). 
The pumps were set on timers calibrated to provide a consistent level, duration, and 
timing of flooding for each subsample and treatment. Pumps were under 24 hr 
surveillance using motion sensor and video camera technology to prevent any disruptions 
in flooding regimes. During the 5 month study period (June-November 2016), primarily 
natural light was used. Natural light was supplemented with greenhouse lights starting in 
Oct-Nov to maintain light duration (12 hr/day) and to promote seedling maturation for 
successful species identification. Greenhouse temperature was regulated, preventing 
extreme high- or low-temperature conditions, to mirror the temperature range found in 
the study wetlands during the growing season (60-85°F, 15.6-29.4°C).  
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Figure 3.6: Detailed conceptual diagram depicting and describing the greenhouse experimental setup. 
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 Greenhouse data collection - Data collection consisted of recording the number 
and identifying the species of new seedlings on a weekly and then bi-monthly basis over 
a five month period for each sample in each treatment. Weekly monitoring was replaced 
by bi-monthly monitoring after ten weeks reflecting a decline in overall germination 
during that time. Counted and identified seedlings were removed from the sample to 
prevent competition from impeding further seedling emergence. Representative seedlings 
were removed from samples and grown separately until a positive species identification 
could be confirmed (Figure 3.4: Photo E, F, Steigerwalt and Adams 2011). If time and 
conditions allowed, representative species were grown to the point of flowering and then 
preserved as an herbarium specimen for later reference.   
3.1.4 Data analysis  
 Field and Seed Count Data - Field data including plant community (relative 
abundance and species richness), elevations, flooding, soil conditions, and direct seed 
count data were summarized and compared among and within the restoration sites and 
across the dominant plant community sampling locations (native vs. non-native, P. 
arundinacea , J. effusus, C. lyngbyei, S. lacustris). Seed count data were summarized to 
relative frequency (%) by dividing the number of seeds identified for each species in a 
sample by the total number of seeds identified in the sample overall. Transformation to 
normality was not possible for these data and Kruskal-Wallis one-way non-parametric 
analysis of variance by ranks and pair-wise Mann-Whitney U matched pairs signed ranks 
test were used to evaluate for significant differences (Wilcoxon 1945, Mann and Whitney 
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1947, Kruskal and Wallis 1952).  Significant levels were adjusted for multiple 
comparisons using a Bonferroni correction (Mossman et al. 2012).  
 Germination –To evaluate differences in germination across treatments and 
among species, seedling germination count data were summarized to relative frequency 
(%) of occurrence for each species across all treatments (n=9) for each seed bank sample. 
This was done by dividing the number of germinated seedlings for each species in each 
treatment pot (subsample) by the total number of germinated seedlings for that species 
identified across all treatment pots (9 subsamples) for that seed bank sample (total of 
100% when adding together all 9 subsamples). Transformation to normality was not 
possible for these data and non-parametric analysis was conducted to evaluate significant 
differences. The seed bank germination species richness and relative germination 
frequency data were compared among the flooding treatments and salinity treatments 
using the Kruskal-Wallis one-way non-parametric analysis of variance by ranks (Kruskal 
and Wallis 1952). When significant differences were detected, the non-parametric Dunn’s 
multiple comparison post hoc tests with a false discovery rate correction were used to 
determine significant differences between treatments combinations and dominant species 
(Dunn 1961, Pike 2010). 
 Multivariate analysis - To explore trends in standing plant community, seed 
bank, and germination species composition relative species cover and relative frequency 
data were used to calculate the Bray-Curtis Index (BCI). This was then used to evaluate 
the composition similarity among the sites, dominant plant community seed bank types, 
and treatments. Analysis of similarities (ANOSIM) was used to evaluate significant 
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differences among sites and seed banks and Permutational Multivariate Analysis of 
Variance (PERMANOVA) were used to determine significant differences and interaction 
effects among the treatment combinations (Anderson 2001, Mossman et al. 2012). The 
BCI data matrix of standing, seed bank, and germination species data was used to create 
non-metric multidimensional scaling (NMDS) ordination plots of the sites, seed banks, 
and treatments with distances (on the NMDS plot) representing similarity/dissimilarity in 
species composition. Linear vectors of field and treatment conditions were fitted to the 
NMDS plots to identify whether these factors were significantly (p<0.05) associated with 
similarity/dissimilarity among the samples (NMDS space). Proportional bubble plots 
were used with the NMDS vector plots to explore trends in the plant community, seed 
count, and germination characteristics such as native and non-native species 
abundance/frequency. All data analysis was conducted using R 2.15.3 statistical software 
and associated packages (R 2015). 
3.2 Results 
3.2.1 Field Observations: Standing Plant Community and Seed Bank 
Standing Plant Community and Seed Bank Composition - Within the overall 
standing native plant community a total of 15 different species were observed including 
11 native and 3 non-native species. Within the standing non-native plant community, 
there were also a total of 15 species observed, 10 native and 4 non-native (Table 3.1). In 
comparison, the native plant community seed bank samples (taken from these same field 
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survey locations) were composed of a total of 26 species, 13 native and 10 non-native, 
and the non-native plant community seed bank samples were composed of a total of 29 
species, 10 native and 14 non-native species (Table 3.2-3.3). Overall there was an overlap 
of 7 species (1 non-native and 6 native species) found in both the native seed bank and in 
the native standing plant community and 8 species (4 non-native, 4 native) found both in 
the non-native seed bank and non-native standing plant community (Appendix E, Table 
E.1).  
By study design, significantly more dominant native species cover (C. lyngbyei 
and S. lacustris) was observed in the standing native plant communities and significantly 
more dominant non-native plant cover (P. arundinacea  and J. effusus) was observed 
among the standing non-native plant communities sampled (Table 3.1-3.3). The dominant 
non-native species P. arundinacea was also observed growing at low levels (0.6 ± 1.5% 
relative cover) within the overall native plant community and the dominant native species 
C. lyngbyei was observed growing within the non-native plant community (2.5 ± 7.9 % 
relative cover) (Table 3.1). Other species that were found growing both within the 
dominant native and non-native plant communities at mean levels greater than 1% 
relative cover included three native species (E. palustris, O. sarmetosa, and P. anserine), 
1 non-native species (L. corniculatus), and 1 ambiguous potentially native/non-native 
hybrid cattail species (Typha sp) (Table 3.1).  Overall, there was no significant difference 
in the total mean standing species richness between the native (3.5 ± 1.4) and non-native 
(3.3 ± 1.3) plant communities. Shannon diversity indices between the native and non-
native plant communities were also not significantly different (Table 3.4). The native 
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plant community, however, did have significantly more native species richness (3 ± 1.2) 
and significantly less non-native species richness (0.4 ± 0.6) on average compared to the 
standing non-native plant community, which hosted an average of 1.6 (± 1.1) native and 
1.4 (± 0.9) non-native species per survey plot (Table 3.4).  
The seeds directly identified from the seed banks showed significant differences 
in native and non-native seed counts, relative abundance (%), and native seed richness 
across the native and non-native seed banks (Table 3.2-3.4, Appendix E, Table E.2). 
When looking at mean total seed counts (not relative abundance), non-native seeds vastly 
out numbered native seeds in both seed banks with 31,416 per m2 non-native seeds in the 
native seed bank compared to only 15,453 native seeds per m2 and 78,030 per m2 non-
native seeds in the non-native seed bank compared to only 7,701 native seeds per m2 
(Figure 3.7, Table 3.4).  Based on relative abundance, there were significantly more 
native seeds within the native seed banks, with a mean relative abundance of 53 ± 33% 
native seeds compared to only 15 ± 20% native seeds in the non-native seed bank 
samples (Table 3.4). Although abundant in both the native and non-native seed bank 
samples, there were significantly more non-native seeds in the non-native seed bank 
samples with a relative abundance of 83 (± 20)% non-native seeds in the non-native seed 
bank and 44 (± 34)% non-native seeds in the native seed bank samples (Table 3.4). J. 
effusus was the most abundant species found in the native seed bank followed by S. 
lacustris, O. sarmetosa, C. lyngbyei, and P. arundinacea. P. arundinacea was the most 
abundant species found in the non-native seed bank followed by J. effusus, S. 
microcarpus, S. lacustris, and O. sarmetosa in the non-native seed bank (Table 3.2-3.3). 
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Additionally, the overall native seed bank samples had an average native species richness 
of 2.7 (± 1.6) compared to the non-native seed bank which had a native species richness 
of 1.8 (± 1.3) (Table 3.4). No significant difference in the total and non-native species 
richness or Shannon Diversity Indices were observed between the native and non-native 
seed banks (Table 3.4).  
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Table 3.1: Native and non-native plant community field observations: standing species composition. Mann 
Whitney-U tests were used to identify significant differences among parameters and seed bank sampling 
locations. Bonferroni corrected significance level p<0.004, and marginally significant p<0.05 differences 
highlighted. Differences between sites and plant communities can be seen in Appendix F.  
Native and Non-native Plant Community Field Observations:  
Standing Species Composition – Mean Relative Cover (%, n= 1 m2) 
Latin Common Status WIS Code 
Native Seed 
Bank (n=20) 
Non-native Seed 
Bank (n=20) P-value 
Mean SE Mean SE 
Alnus rubra Red alder NAT FAC Al ru 0.2 0.1 0.1 0.1 N/A 
Alisma plantago-
aquatica 
American 
water 
plantain 
NAT OBL Al pa a 0.3 0.3   N/A 
Athyrium filix-
femina Ladyfern NAT FAC At fi   0.1 0.1 N/A 
Carex lyngbyei Lyngbye’s sedge NAT OBL Ca ly 66.5 10.6 2.5 1.8 0.000 
Eleocharis 
palustris Spikerush NAT OBL El pa 8.3 4.2 1.8 1.3 0.126 
Galium triflorum Bedstraw NAT FACU Ga tr 0.4 0.3 0.1 0.1 0.621 
Lathyrus  
nevadensis 
Purple 
peavine NAT NI La ne 0.3 0.3 0.1 0.1 0.554 
Lilaeopsis 
occidentalis  
Western 
grasswort NAT OBL Li oc 0.6 0.5 0.1 0.1 0.299 
Oenanthe  
sarmentosa Water parsley NAT OBL Oe sa 12.1 3.2 3.7 1.8 0.033 
Potentilla anserina Silverweed cinquefoil NAT OBL Po an 1.9 0.8 5.7 3 0.899 
Scirpus lacustris Bulrush NAT OBL Sc la 35 10.9   N/A 
Scirpus 
microcarpus 
Panicled 
bulrush NAT OBL Sc mi 0.8 0.8 0.3 0.3 1 
Symphyotrichum s
ubspicatum  Douglas aster NAT FACW Sy su 0.1 0.1   N/A 
Vicia nigricans 
subsp. gigantea  Giant vetch NAT FAC Vi gi   2.1 1.2 N/A 
Agrostis sp. Bentgrass NN NI Ag sp   1.3 1.3 N/A 
Callitriche  
stagnalis Starwort NN OBL Ca st 5.6 5   N/A 
Juncus effusus 
subsp. effusus Common rush NN FACW Ju ef   31.8 10.4 N/A 
Lotus corniculatus Birdsfoot trefoil NN FAC Lo co 0.1 0.1 3.3 2.5 0.144 
Phalaris 
arundinacea 
Reed 
canarygrass NN FACW Ph ar 0.6 0.3 72.9 9.8 0.000 
Typha latifolia x 
angustifolia Cattial Hybrid OBL Ty sp 0.6 0.3 1.1 0.5 0.426 
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 Table 3.2: Native and non-native seed bank composition: frequency of occurrence of native species 
identified through direct seed counts (n=100 ml/m2 soil each), only species with a relative frequency ≥0.1% 
shown. Mann Whitney-U tests were used to identify significant differences among parameters and seed 
bank sampling locations. Bonferroni corrected significance level p<0.002, and marginally significant 
p<0.05 differences highlighted. Differences between sites and plant communities can be seen in Appendix 
F.                                                                                                                                                                       
Native and Non-native Seed Bank Composition (direct seed count):  
Mean Native Species Relative Frequency (%) (n=100 ml soil each, only species with ≥0.1%) 
Latin Common Status WIS Code 
Native Seed 
Bank (n=20) 
Non-native 
Seed Bank 
(n=20) P-value 
Mean SE Mean SE 
Alnus rubra Red alder NAT FAC Al ru 0.2 0.1 0.1 0.1 N/A 
Carex lyngbyei Lyngbye’s 
sedge 
NAT OBL Ca ly 12.5 2.1 0.3 0.1 0.008 
Carex obnupta Slough 
sedge 
NAT OBL Ca ob 2.9 0.9   N/A 
Eleocharis 
obtusa 
Blunt 
spikerush 
NAT OBL El ob 0.2 0.1   N/A 
Eleocharis 
palustris 
Spikerush NAT OBL El pa 4.4 1.2 0.1 0 0.138 
Epilobium 
ciliatum 
Willow herb NAT FACW Ep ci 0.4 0.2 0.1 0.1 1 
Glyceria spp. Mannagrass NAT OBL Gl spp 0.3 0.1 0.3 0.1 0.689 
Juncus 
bufonius 
Toad rush NAT FACW Ju bu 0.6 0.3 0.8 0.2 0.196 
Oenanthe 
sarmetosa 
Water 
parsley 
NAT OBL Oe sa 12.8 2.3 2.1 0.7 0.526 
Scirpus 
lacustris  
Bulrush NAT OBL Sc la 15.6 2.2 2.5 0.7 0.006 
Scirpus 
microcarpus 
Panicled 
bulrush 
NAT OBL Sc mi 3 1.1 7.3 1.7 0.256 
Vaccinium sp. Blueberry NAT N/A Va sp 0.3 0.1 0.2 0.1 0.554 
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Table 3.3: Native and non-native seed bank composition: frequency of occurrence of non-native and 
unknown status species identified through direct seed counts (n=100 ml/m2 soil each), only species with a 
relative frequency ≥0.1% shown. Mann Whitney-U tests were used to identify significant differences among 
parameters and seed bank sampling locations. Bonferroni corrected significance level p<0.002, and 
marginally significant p<0.05 differences highlighted. Differences between sites and plant communities can 
be seen in Appendix F. 
Native and Non-native Seed Bank Composition (direct seed count):  
Mean Non-Native Species Relative Frequency (%) (n=100 ml soil each, only species with ≥0.1%) 
Latin Common Status WIS Code 
Native Seed 
Bank (n=20) 
Non-native 
Seed Bank 
(n=20) 
P-
value 
Mean SE Mean SE 
Alisma plantago-
aquatica 
American 
water 
plantain 
NN OBL Al pl a 0.1 0 0.2 0.1 0.163 
Alopecurus sp.  Foxtail species NN FAC/OBL Al sp 1.1 0.5 1.2 0.4 0.163 
Cirsium spp Thistle NN FACU Ci spp 1.6 0.5 0.1 0 0.275 
Conium 
maculatum 
Poison 
hemlock NN FAC Co ma   0.2 0.1 N/A 
Juncus effusus Soft rush NN FACW Ju ef 32.7 3.8 37.0 4.0 0.714 
Lotus corniculatus Birdsfoot trefoil NN FAC Lo co 0.3 0.1 0.7 0.2 0.653 
Phalaris 
arundinacea 
Reed 
canarygrass NN FACW Ph ar 7.9 1.1 41.9 3.9 0.013 
Plantago sp. Plantain NN FAC Pl sp   0.1 0 N/A 
Poa annua Annual bluegrass NN FAC Poa an 0.4 0.2   0.573 
Poa pratensis Kentucky bluegrass NN FAC Po pr 0.1 0.1   N/A 
Poa trivialis Rough bluegrass NN FAC Po tr   0.1 0 N/A 
Ranunculus 
repens 
Creeping 
buttercup NN FAC Ra re 0.3 0.1 0.3 0.1 0.554 
Rubus 
armeniacus  
Himalayan 
blackberry NN FACU Ru ar   0.4 0.1 N/A 
Trifolium repens Clover sp. NN FAC Tr re 0.1 0 0.4 0.1 0.588 
Trifolium sp. Clover NN FAC Tr sp   0.3 0.1 N/A 
Agrostis spp. Bentgrass N/A FAC Ag sp 0.1 0.1 1.7 0.8 0.081 
Eragrostis spp. Lovegrass N/A N/A Er spp 0.3 0.1   N/A 
Fimbristylis spp. Rush N/A N/A Fi spp   1.4 0.6 N/A 
Rumex sp. Dock N/A N/A Ru sp   0.1 0 N/A 
Unknown seed Unknown seed N/A N/A UNK1 1.7 0.6 0.4 0.1 0.621 
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Table 3.4: Field and seed bank composition summary by native and non-native dominant plant community 
status – standing vegetation and seeds identified from the soil. Mann Whitney-U tests were used to identify 
significant differences among parameters and seed bank sampling locations. Bonferroni corrected 
significance level p<0.004, and marginally significant p<0.05 differences highlighted in gray. Differences 
between sites and plant communities can be seen in Appendix F. 
Field and Seed Bank Composition Summary by Dominant Plant Community Status: 
Standing Vegetation and Seeds Identified out of the Soil 
Parameters 
Native Seed Bank Non-native Seed Bank P-
value n Mean SE n Mean SE 
St
an
di
ng
 
Ve
ge
ta
tio
n 
Native relative cover 20 96.6 2.2 20 10.7  1.2 0.000 
Non-native relative cover 20 3.0 2.2 20 87.9  1.5 0.000 
Total species richness 20 3.5 0.3 20 3.3 0.3 0.607 
Native species richness 20 3.0 0.3 20 1.6 0.3 0.002 
Non-native species richness 20 0.4 0.1 20 1.4 0.2 0.000 
Shannon Diversity Index 20 0.6 0.1 20 0.5 0.1 0.218 
Se
ed
 C
om
po
si
tio
n 
Native seed count (m2) 20 15,453 4,036 20 7,701 2,315 0.000 
Non-native seed count (m2) 20 31,416 11,609 20 78,030 22,157 0.000 
Native relative abundance(%) 20 53.3 3.3 20 15.4 2.0 0.000 
Non-native relative abundance(%) 20 44.0 3.4 20 83.1 2.0 0.000 
Total species richness 20 4.9 0.5 20 4.3 0.5 0.310 
Native species richness 20 2.7 0.4 20 1.8 0.3 0.026 
Non-native species richness 20 2.0 0.2 20 2.3 0.3 0.564 
Shannon Diversity Index 20 1.0 0.1 20 0.6 0.1 0.075 
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Figure 3.7: Mean (±SE) native and non-native plant species total seed counts (per m2) by native and non-
native dominant seed bank sampling locations. Mann Whitney-U tests were used to identify significant 
differences among parameters and seed bank sampling locations. Different letters indicate significant 
differences among groups (significance level p <0.05), see more details in Table 3.4.  
 
Environmental Conditions by Native and Non-native Seed Bank Sample Locations - 
 Environmental conditions across the native and non-native standing plant 
community seed bank sampling locations varied significantly. The non-native plant 
community was on average significantly higher in elevation than the native plant 
community, averaging about 0.4 meters (1.1 ft) higher in elevation, with a mean elevation 
of 2.5 (± 0.2) m (8.1 ± 0.5 ft) compared to the native plant community which had a mean 
elevation of 2.1 (± 0.4) m (7.0 ± 1.3 ft) (Table 3.5). Given this difference in elevation the 
native plant community experienced significantly greater tidal flooding frequency (on 
average flooded 24% more frequently) and duration (on average flooded for 1.5 hours 
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longer per high tide) than the non-native plant community (Table 3.5, Appendix C). This 
difference in tidal flooding frequency and duration was further highlighted by the 
difference in soil ORP conditions observed between the plant communities, with the 
native plant community having significantly lower ORP conditions averaging at 125.9  
(± 81.7) mV compared to the non-native plant community average of 234.0 (± 45.3) mV 
(Table 3.5). Soil Phosphorus (P, Bray II) levels were also found to be marginally higher 
(p = 0.04) in the native plant community, 56.9 (± 16.7) mg/kg as compared to the non-
native average of 45.6 (± 12.6) mg/kg. No significant differences were identified between 
the overall average native and non-native plant community soil conductivity, salinity, 
bulk density, organic matter, available nitrogen moisture, pH, texture (% sand, silt, clay), 
or total exchange capacity (Table 3.5).   
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Table 3.5: Native and non-native plant community field observations: environmental conditions. Mann 
Whitney-U tests were used to identify significant differences among parameters and seed bank sampling 
locations. Bonferroni corrected significance level p<0.003, and marginally significant p<0.05 differences 
highlighted. Differences between sites and plant communities can be seen in Appendix F. 
 
Native and Non-native Plant Community Field Observations:  
Environmental Conditions   
Parameters 
Native Seed Bank Non-native Seed Bank 
P-value 
n Mean SE n Mean SE 
Elevation (ft) 20 7 0.3 20 8.1 0.1 0.002 
Elevation (m) 20 2.1 0.1 20 2.5 0  
Frequency of flooding 
occurrence twice a day  
(%, March 2015) 
20 71.7 4.3 20 47.3 4 0.006 
Duration of each flooding event 
(hr, March 2015) 20 2.7 0.3 20 1.2 0.1 0.010 
Bulk density (g/cm3) 16 0.4 0 12 0.4 0 0.693 
Organic Matter (%) 18 15.1 2 20 15.3 1.6 0.784 
Soil moisture (%) 18 65.4 2 20 60.2 2 0.236 
Field Conductivity (µS/cm) 20 806.6 53.2 20 795.6 76.4 0.935 
Field ORP (mV) 20 125.9 18.3 20 234 10.1 0.000 
Field pH 20 5.9 0.3 20 6.4 0.1 0.401 
Field Salinity (ppm) 20 384.8 26.3 20 390 38.6 0.735 
Field Temp (°C) 20 12.6 0.3 20 12.3 0.3 0.267 
Clay (%) 15 4.4 0.8 17 3.1 0.4 0.165 
Sand (%) 15 67.5 3.3 17 73.3 2 0.132 
Silt (%) 15 28.2 2.7 17 23.6 1.8 0.246 
Bray II P (mg/kg) 18 56.9 3.9 20 45.6 2.8 0.038 
Estimated Nitrogen Release 
(N/acre) 18 125.3 2.7 20 126.7 2.1 0.768 
Total Exchange Capacity 
(meq/100 g) 18 29.7 2.3 20 26.7 1.7 0.497 
  
3.2.2 Field Observations: Field and Seed Count Data Multivariate 
Analysis 
Standing Plant Community - The Bray-Curtis similarity NMDS of the standing 
plant community composition similarity showed clear grouping of the dominant plant 
communities sampled (Figure 3.8). The P. arundinacea, J. effusus, C. lyngbyei, and S. 
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lacustris plant community samples are tightly clustered and arranged in the NMDS space 
with J. effusus and S. lacustris on the bottom and P. arundinacea and C. lyngbyei on the 
top (Figure 3.8). Plant community groupings were found to be significantly different 
from one another (ANOSIM, p < 0.01), and additionally no significant difference was 
found between samples from the same plant community collected from different sites 
(ANOSIM, p < 0.01). Overall, the standing plant community composition appears to be 
more heavily influenced by the dominant species present and flooding characteristics 
than by the site from which it was taken (Figure 3.8).  
Environmental variables (vectors) were significantly associated with the standing 
plant community groupings in the NMDS space (Table 3.6, Figure 3.8). These standing 
plant community groupings and associated significant vectors echo many of the 
similarities and differences among the overall native and non-native plant communities 
(described in the sections above) and differences observed between the sites (described in 
Appendix F). Specifically, the clustering of groups is reflective of the overall native and 
non-native plant community groupings, with the non-native plant communities P. 
arundinacea and J. effusus occupying the right-hand side of the NMDS space and the 
native plant communities C. lyngbyei and S. lacustris occupying the left-hand side of the 
space. The non-native side of the NMDS space is significantly associated with relative 
non-native plant abundance and non-native seed abundance vectors, which were also 
found to be greatest within these P. arundinacea and J. effusus plant community samples. 
Similarly, the native side of the NMDS space is significantly associated with relative 
native plant abundance and native seed abundance vectors, which were also found to be 
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greatest within these C. lyngbyei and S. lacustris plant community samples. Additionally, 
the top portion of the NMDS space is occupied by both C. lyngbyei and P. arundinacea 
sample groupings and these were both primarily taken from the 1959 site. The 1959 site 
was shown to have greater soil estimated N release, and this is highlighted as a significant 
vector in the NMDS space pointing right between these two plant communities (Figure 
3.8, Appendix F).  
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Figure 3.8: NMDS plot of Bray-Curtis Similarity of the standing plant communities by site and dominant 
standing plant species Reed canarygrass (P. arundinacea, Ph ar), Common rush (J. effusus, Ju ef), 
Lyngbye's sedge (C. lyngbyei, Ca ly), Bulrush (S. lacustris, Sc la). Significant vectors (p≤0.05) are included 
for environmental and vegetation summary metrics.  
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Plant community specific significant vectors are also highlighted in the NMDS 
space (Table 3.5, Figure 3.8). Greater soil P levels are significantly associated with the C. 
lyngbyei plant community grouping, and were found to be significantly higher in the C. 
lyngbyei plant community than the P. arundinacea and J. effusus plant communities 
(Appendix F). Elevation and soil ORP levels were found to be significantly associated 
with the P. arundinacea plant community grouping, and the P. arundinacea plant 
community samples were found to have the highest elevation and soil ORP values among 
the different plant communities (Table 3.6, Figure 3.8, and Appendix F).  Similarly, 
higher levels of flooding duration and frequency were significantly associated with the S. 
lacustris plant community grouping in the NMDS space, and the S. lacustris plant 
community samples were found to have the lowest elevation and highest flooding 
compared to all of the other plant communities (Appendix F). Additionally, native seed 
species richness was significantly associated with the S. lacustris plant community and 
was also found to be higher in the S. lacustris seed bank samples than the other plant 
communities. Non-native standing plant community species richness was found to be 
significantly associated with the J. effusus plant community grouping and also found to 
be greatest in the J. effusus samples compared to the other plant communities (Table 3.6, 
Figure 3.8, and Appendix F).  
Seed Bank - Using the multivariate Bray-Curtis Similarity Index to evaluate and 
compare the species composition of the seed bank (% relative species seed abundance), it 
was found that the dominant plant community seed bank samples were significantly 
different from one another; however, the C. lyngbyei seed bank samples collected from 
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the 2007 site were also significantly different from the C. lyngbyei samples taken from 
the 1959 site (ANOSIM, p <0.01, Figure 3.9, Appendix F). Overall, it appears that there 
was a greater similarity in seed bank composition among plant communities sampled 
within the same site than on their own as seen in the standing plant community 
composition similarity (Figure 3.9). This is clearly depicted in the NMDS space with the 
1959 seed bank samples falling onto the right-hand side of the Figure and the 2007 seed 
bank samples falling onto the left-hand side of Figure 3.9. Overall there was more 
similarity among the 2007 seed bank samples than the 1959 site seed bank samples, and 
this could be partially due to the high number of J. effusus seeds found across all of the 
samples and plant communities sampled in the 2007 site, while very few J. effusus seeds 
were found in the 1959 site samples (Appendix F). Additionally, the NMDS space is also 
organized loosely by native and non-native plant community groupings with the P. 
arundinacea  and J. effusus samples grouping on the bottom portion of the Figure and the 
S. lacustris and C. lyngbyei samples grouping themselves on the upper portion of Figure 
3.9.  
Many of the environmental vectors were found to be significantly associated with 
the seed bank composition similarity (Table 3.6, Figure 3.9). Soil salinity, conductivity, 
organic matter, and soil moisture were significantly associated with the 1959 site sample 
side of Figure 3.9, with the 1959 site samples having overall greater levels of soil salinity, 
conductivity, and organic matter compared to the 2007 site samples (Appendix F). Soil 
bulk density, non-native seed species richness, and total species richness were all 
associated with the 2007 site seed bank sample groupings, and this is also reflected in the 
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site data (Appendix F). Relative native seed abundance was found to be significantly 
associated with both the 1959 site C. lyngbyei and S. lacustris samples in the upper native 
region of NMDS space, with greater native seed abundance found, overall, in the 1959 
site samples and within the S. lacustris and C. lyngbyei plant communities. Relative 
native plant abundance was significantly associated with the upper native portion of the 
NMDS space, with the native plant community samples having greater levels of native 
abundance. Similarly, relative non-native plant abundance was found to be significantly 
associated with the lower non-native portion of the NMDS space, with the non-native 
plant community samples having greater levels of non-native abundance overall. 
Elevation, soil ORP, relative non-native plant abundance, and relative non-native seed 
abundance were all significantly associated with the overall P. arundinacea plant 
community grouping, which included samples from both sites, and the lower non-native 
portion of the NMDS space. Additionally, duration and frequency of flooding were 
associated with the C. lyngbyei and S. lacustris samples from the 2007 site and overall 
also associated with the upper native portion of the NMDS space.    
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Figure 3.9: NMDS plot of Bray-Curtis Similarity of the seed bank species composition by site and dominant 
standing plant species Reed canarygrass (P. arundinacea, Ph ar), Common rush (J. effusus, Ju ef), 
Lyngbye's sedge (C. lyngbyei, Ca ly), Bulrush (S. lacustris, Sc la). Significant vectors (p<0.05) are 
included for environmental and vegetation summary metrics.  
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 Standing Plant Community vs. Seed Bank - When compared separately as 
independent samples, the standing plant community and seed bank seed composition 
were found to be significantly different across sites and native and non-native plant 
community groupings (ANOSIM p = 0.01, Figure 3.10, Appendix F). The P. 
arundinacea standing vs. seed bank composition and the J. effusus standing vs. seed bank 
composition were not found significantly different. However, the C. lyngbyei standing vs. 
seed bank composition and the S. lacustris standing vs. seed bank composition were 
found significantly different (ANOSIM p = 0.01, Figure 3.10, Appendix F). Within the 
NMDS space, the standing plant communities and seed banks are clearly clustered by 
dominant plant species and by site. The 2007 site seed bank samples are more closely 
clustered than the 1959 site samples, likely due to the ubiquitous J. effusus seed 
abundance throughout that site; these seed bank samples were also similar to and cluster 
around the J. effusus standing plant community samples in the NMDS space.  
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Figure 3.10: NMDS plot of Bray-Curtis Similarity of the standing plant community vs. seed bank species 
composition by site and dominant standing plant species Reed canarygrass (P. arundinacea, Ph ar), 
Common rush (J. effusus, Ju ef), Lyngbye's sedge (C. lyngbyei, Ca ly), Bulrush (S. lacustris, Sc la).  
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Table 3.6: NMDS Vector analysis of the environmental, standing plant community, and seed bank 
composition metrics with the NMDS similarity evaluations. Significant vectors (p≤0.05) highlighted in 
gray.  
NMDS Vector Analysis  
Environmental Parameters 
Standing Vegetation Seed Bank 
R2 P-Value R2 P-Value 
Elevation  0.64 0.001 0.59 0.001 
Frequency flooded twice a day                        
(%, March 2015) 0.56 0.001 0.83 0.001 
Duration of each flooding event  
(hr, March 2015) 0.64 0.001 0.59 0.001 
Bulk density (g/cm3) 0.19 0.107 0.40 0.004 
Organic Matter (%) 0.15 0.165 0.37 0.014 
Soil moisture (%) 0.06 0.474 0.38 0.010 
Field Conductivity (µS/cm) 0.09 0.332 0.50 0.001 
Field ORP (mV) 0.64 0.002 0.59 0.001 
Field pH 0.07 0.439 0.00 0.978 
Field Salinity (ppm) 0.08 0.409 0.49 0.001 
Field Temp (°C) 0.05 0.568 0.01 0.888 
Clay (%) 0.25 0.038 0.08 0.444 
Sand (%) 0.17 0.129 0.01 0.866 
Silt (%) 0.11 0.281 0.02 0.811 
Bray II P (mg/kg) 0.25 0.057 0.01 0.925 
Estimated Nitrogen Release (N/acre) 0.22 0.072 0.30 0.035 
Total Exchange Capacity (meq/100 g) 0.10 0.332 0.07 0.464 
Standing Plant Community Composition R2 P-Value R2 P-Value 
Native relative cover (%) 0.90 0.001 0.29 0.015 
Non-native relative cover (%) 0.89 0.001 0.29 0.006 
Total species richness 0.22 0.075 0.16 0.136 
Native species richness 0.29 0.035 0.25 0.054 
Non-native species richness 0.38 0.009 0.051 0.596 
Shannon Diversity Index 0.15 0.174 0.21 0.099 
Seed Bank Composition  R2 P-Value R2 P-Value 
Native relative frequency (%) 0.25 0.057 0.91 0.001 
Non-native relative frequency (%) 0.25 0.054 0.9 0.001 
Total species richness 0.07 0.475 0.36 0.006 
Native species richness 0.24 0.049 0.26 0.035 
Non-native species richness 0.03 0.702 0.37 0.009 
Shannon Diversity Index 0.09 0.336 0.14 0.197 
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.  
3.2.3 Seed Bank Greenhouse Experiment: Germination Overview 
 Total Germination Seedling Counts and Species Richness – Moving to the 
greenhouse component of the study, overall a total of 23,920 seedlings from 43 different 
plant species were identified during the 5-month duration of the experiment. The total 
seedling count was composed of 20 native species (2,176 seedlings), 14 non-native 
species (20,087 seedlings), 1 native/non-native ambiguous species (Typha sp, 1,443 
seedlings), and 7 unknown species (214 seedlings) (Appendix E). The majority of species 
identified were perennial in life duration with a total of 34 perennial species (2,173 native 
and 20,037 non-native, and 1,443 Typha sp seedlings), with only 3 annual species (3 
native and 50 non-native seedlings), and 6 unknown duration species (164 unknown 
status seedlings) identified. Wetland indicator status of these seedlings varied with a total 
of 1 Facultative Upland (FACU) species (G. triflorum, 4 native seedlings), 9 Facultative 
(FAC) species (1,391 native and 308 non-native seedlings), 7 Facultative Wet (FACW) 
species (1,104 native and 18,109 non-native seedlings), and 18 Obligate (OBL) species 
(737 native and 606 non-native, 1,433 Typha sp seedlings) identified. The overall most 
abundant species found germinating out of the seed bank samples was J. effusus (non-
native, FACW), with a total seedling count of 18,085. The second most abundant species 
by total seedling count was Typha sp (native/non-native ambiguous, OBL) with 1,443 
seedlings, followed by A. filix-femina (native, FAC) with 1,389 seedlings, and P. 
arundinacea (non-native, FACW) with 1,060 seedlings.  
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The non-native seed bank samples produced more seedlings than the native seed 
bank, with a total of 15,584 seedlings composed of 36 species, 15 native species (1,067 
seedlings), 12 non-native species (14,318 seedlings), 1 native/non-native ambiguous 
species (Typha sp, 79 seedlings), and 8 unknown species (120 seedlings). The most 
abundant species that germinated out of the non-native seed bank were J. effusus (non-
native, FACW) with 12,867 seedlings, P. arundinacea (non-native, FACW) with 940 
seedlings, and A. filix-femina (native, FAC) with 757 seedlings. The native seed bank 
samples produced a total of 8,336 seedlings composed of 37 species, 17 native (1,174 
seedlings), 11 non-native (5,704 seedlings), 1 native/non-native ambiguous species 
(Typha sp, 1,364 seedlings), and 8 unknown species (94 seedlings). The greatest seedling 
counts in the native seed bank were contributed by J. effusus with 5,218 seedlings, Typha 
sp with 1,364 seedlings, and A. filix-femina with 632 seedlings.  
3.2.4 Seed Bank: Germination Results across Tidal Flooding and Salinity 
Treatments  
Mean Species Richness across Treatments - Across all tidal flooding and salinity 
treatment combinations (n= 40 over 9 treatments, Figure 3.5), the greatest total species 
richness was found in the freshwater high to low marsh treatments ranging from 5.2 
(±2.1) to 4.1 (±1.8), with the lowest total species richness occurring in the brackish low 
to high marsh conditions ranging from 1.2 (±1.2) to 1.5 (±1.0) (Table 3.7, Figure 3.11). 
Native species richness was significantly greater in the freshwater high marsh treatment, 
2.4 (±1.2) compared to the freshwater low marsh treatment, 1.2 (±1.0), and continued to 
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decline along the salinity and flooding treatment gradient with brackish low to high 
marsh treatments having the lowest native species richness ranging from 0.2 (±0.5) to 0.3 
(±0.5). Non-native species richness also declined with increased salinity and increased 
flooding, the highest non-native species richness occurring in the freshwater high to low 
marsh treatments ranging from 2.3 (±1.1) to 2.4 (±1.5) and declining significantly in the 
oligohaline mid to low marsh treatments, and further declining in the brackish high-low 
marsh treatments ranging from 0.7 (±0.8) to 0.8 (±1.0). Correspondingly, the mean 
Shannon Diversity Index was greatest in the freshwater mid and low marsh treatments, 
0.8 (±0.4) to 0.9 (±0.4), less in the oligohaline mid and low marsh treatments both at 0.5 
(±0.4), and lowest in the high to low brackish marsh treatments, 0.2 (±0.4) to 0.3 (±0.4) 
(Table 3.7).  
In summary, mean total, native, and non-native species richness were all 
significantly less in the brackish low marsh treatment conditions compared to the 
freshwater high marsh treatment conditions. Increases in salinity appeared to have a 
greater impact on species richness than increases in flooding duration and frequency 
across treatments. Generally, all brackish (10ppt) treatments had significantly lower 
species richness when compared to all other tidal flooding and salinity treatments (Table 
3.7, Figure 3.11). A clear interaction effect from an increase in salinity and flooding was 
evident along the treatment gradient with a significant drop in species richness occurring 
in the mid to low marsh oligohaline treatments compared to the freshwater high to low 
marsh and oligohaline high marsh treatments (Figure 3.11).  Seedling native species 
richness was significantly lower than non-native species richness across all tidal flooding 
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and salinity treatments except the freshwater high and mid-marsh treatments (Table 3.7, 
Figure 3.11).  
Shannon Diversity Index Across Treatments – Mean Shannon Diversity Indices 
followed a significant trend of declining across the salinity treatment gradient. The 
highest diversity values were found in the freshwater treatment combinations, 0.7 (±0.3) 
to 0.9 (±0.4) and the lowest in the brackish treatment combinations, 0.2 (±0.4) to 0.3 
(±0.4)  (Table 3.7). No significant differences, however, were observed among the 
different flooding levels within each salinity treatment category (Table 3.7).  
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Table 3.7: Germination experiment: species summary across flooding and salinity treatments (n=40 each, 
100 ml soil per sample). Flooding treatments highlighted: high marsh, flooded for 1 hour once a day, mid-
marsh, flooded for three hours twice a day, low marsh, flooded for six hours twice a day. Dunn’s post-hoc 
analysis shared letters among the treatment combinations indicate no significant difference (significance 
level p <0.05).  
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Figure 3.11: Total, native, and non-native germination species richness across tidal flooding and salinity 
treatments. Dunn’s posthoc analysis comparisons made among treatment levels for each species richness 
type– shared letters within a species richness type among the treatment combinations indicate no 
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significant difference (significance level p <0.05). *Indicates non-native species richness significantly 
greater than native species richness within that treatment group. 
 
 Mean Relative Germination Frequency Across Treatments - Across tidal 
flooding and salinity treatment combinations (n= 40 over 9 treatments, Figure 3.5), the 
high marsh freshwater treatment had significantly greater native relative germination 
frequency (RGF), 22.5% (±23.5%), than the other treatment combinations (Table 3.7, 
Figure 3.12). The lowest native RGF occurred across the brackish treatment 
combinations, with no significant difference in native RGF occurring among the brackish 
high-low marsh flooding treatments, high 0.2% (±0.6%), mid 0.1% (±0.3%), low 0.2% 
(±0.7%) (Table 3.7, Figure 3.12). These trends were mirrored by the non-native RGF 
across the treatment combinations, overall mean non-native RGF being highest in the 
freshwater treatments with 16.9-8.1% (±6.7-11.7%) RGF, and dropping significantly in 
the oligohaline mid and low marsh treatments at 4.8-2.6% (±7.2-3.0%) RGF, and then 
dropping further across the brackish treatments 1.7-0.7 (±3.3-0.9%). Overall, non-native 
RGF was also significantly greater than the native RGF across all treatment combinations 
(Table 3.7, Figure 3.12).  
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Figure 3.12: Native and non-native relative germination frequency across tidal flooding and salinity 
treatments. Dunn’s post-hoc analysis comparisons made among treatment levels. Shared letters among the 
treatment combinations indicate no significant difference (Significance level p <0.05) within the native and 
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non-native categories. *Indicates relative germination frequency significantly greater within that treatment 
group.  
 
 Relative Germination Frequency: Across Treatments - Species germination 
across all seed bank samples and treatment combinations revealed species-specific 
variability (Table 3.7-3.8, Figure 3.13-3.14). As hypothesized, dominant non-native 
species P. arundinacea  and J. effusus exhibited similar trends in germination suppression 
under increased flooding and salinity treatment combinations, with significantly less 
germination occurring under brackish low marsh conditions as compared to freshwater 
high marsh conditions (Table 3.7, Figure 3.13). It was also hypothesized that the 
dominant native species C. lyngbyei and S. lacustris would exhibit an increase in 
germination in response to increased flooding and salinity, mirroring their abundance 
along this gradient in the field (Table 3.7, Figure 3.13). This trend was not observed; 
instead, both C. lyngbyei and S. lacustris showed minimal flooding and salinity treatment 
effects, germinating at similar (no significant differences detected) relative frequencies 
across most treatment combinations (Table 3.7, Figure 3.13).   
 The greatest native species RGF occurred in the high marsh freshwater treatment 
(Table 3.7). The species contributing the greatest RGF in this treatment were A. filix-
femina (native, FAC), followed by C. lyngbyei (native, OBL), and O. sarmetosa (native, 
OBL). A. filix-femina showed a clear decrease in RGF under increased flooding 
frequency and duration and salinity, with significantly greater RGF in the freshwater high 
marsh treatment, 78.7% (±34.3%), compared to the freshwater mid, 13.6% (±26.0%), and 
low 0.2% (±0.5%) marsh treatments, and no germination under the oligohaline and 
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brackish treatment combinations (Table 3.8, Figure 3.14). O. sarmetosa  also showed a 
clear decrease in germination under increased flooding and salinity, with a significant 
drop in germination under the oligohaline high, 10.6% (±23.9%), mid, 4.2% (±15.0%), 
and low, 0.8% (±3.7%) marsh treatments, and very little germination under the brackish 
treatment combinations, 0.0 % (±0) to 2.5% (±15.8) (Table 3.8, Figure 3.14). C. lyngbyei, 
on the other hand, did not vary significantly across the treatment combinations. The only 
native species that did germinate across all of the brackish water treatment combinations 
were C. lyngbyei, 2.8% (±10.7) to 10.6% (±28.5), and S. lacustris, 0.6% (±2.2) to 3.4% 
(±16.7) (Table 3.8, Figure 3.13-3.14). S. lacustris RGF was similar across high to low 
marsh flooding treatments under fresh and oligohaline conditions, 10.3% (± 22.2) to 
9.7% (±21.5), and marginally reduced under brackish conditions, 0.6% (±2.2) to 3.4% 
(±16.7) (Table 3.8, Figure 3.13-3.14).  
 The greatest non-native species RGF also occurred in the high marsh freshwater 
treatment. The species contributing the greatest RGF were J. effusus (non-native, 
FACW), P. arundinacea (non-native, FACW), and C. stagnalis (non-native, OBL) (Table 
3.8, Figure 3.14). P. arundinacea and J. effusus showed a similar trend of RGF decline 
when exposed to increased flooding and salinity treatments with significantly higher RGF 
in the freshwater high marsh treatment, P. arundinacea, 22.5% (±24.9), and J. effusus 
24.0% (±24.5), compared to the brackish low marsh treatment, P. arundinacea  2.3% 
(±6.9) and J. effusus 0.5% (±0.9). Under the oligohaline (3 ppt) treatment combinations 
both P. arundinacea  and J. effusus germination frequency were reduced significantly in 
the mid to low, P. arundinacea  5.8% (±8.4) to 5.4% (±7.6) and J. effusus 2.5% (±4.7) to 
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9.7% (±22.8), marsh flooding treatments relative to the high, P. arundinacea  16.8% 
(±24.4) and J. effusus 18.6% (±20.2), marsh flooding treatments. P. arundinacea  and J. 
effusus germination were also significantly reduced under the brackish (10 ppt) 
treatments relative to the freshwater and oligohaline treatments; however, no significant 
difference in germination frequency was observed within the brackish low to high marsh 
flooding treatments, P. arundinacea  5.8% (±17.5) to 2.3% (±6.9) and J. effusus 1.5% 
(±3.9) to 0.5% (±0.9) (Table 3.8, Figure 3.13-3.14).  
 Overall, J. effusus germination frequency was significantly greater than the other 
non-native species compared within the freshwater low to high marsh treatments and the 
oligohaline high marsh treatment (Table 3.8, Figure 3.14). C. stagnalis germination was 
also significantly reduced under increased salinity, with the greatest RGF occurring under 
the freshwater treatment combinations, 14.5% (±26.4) to 14.1% (±25.1), and the lowest 
in the brackish treatment combinations, 0.0% (±0.0) to 3.2% (±15.9%). There were, 
however, no significant differences in C. stagnalis RGF among tidal flooding treatments 
within each salinity treatment combination (Table 3.8, Figure 3.14).  The only non-native 
species that germinated across all of the brackish water treatment combinations were J. 
effusus, 1.5% (±3.9) to 0.5% (±0.9), and P. arundinacea, 5.8% (±17.5) to 2.3% (±16.9) 
(Table 3.8, Figure 3.14). Typha sp (unknown, OBL) also germinated across all treatment 
combinations and although there was variability in the Typha sp RGF across the flooding 
and salinity treatments, no significant differences were detected (Table 3.8, Figure 3.14).  
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Figure 3.13: Dominant species germination frequency across tidal flooding and salinity treatments. Dunn’s 
post-hoc analysis comparisons made among treatment levels for each species. Shared letters within a 
species category among the treatment combinations indicate no significant difference (significance level p 
<0.05). *Indicates significantly greater than all other species within that treatment group.  
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Figure 3.14: Most abundant species relative germination frequency (%, SE) across tidal flooding and 
salinity treatments.  
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Table 3.8: Germination experiment: individual species mean relative abundance (%) across flooding and 
salinity treatments (n=40 each). Coloration from high (red) to low (green) relative germination, for all 
species see Appendix Tables E.2 and F.9.  
Germination: Individual Species Mean Relative Abundance (%) Across Treatments   
Flooding Treatments 
High Marsh  
(Flooded  
1 hr x 1 day) 
Mid-Marsh 
(Flooded 
 3 hr x 2 day) 
Low Marsh 
(Flooded  
6 hr x 2 day) 
Salinity Treatment Fresh (<1 ppt) 
Species 
Code 
Native 
Status 
Wetland 
Indicator Mean SE Mean SE Mean SE 
At fi Native FAC 78.7 5.4 13.6 4.1 0.2 0.1 
Ca ly Native OBL 17.4 5.2 5.9 3.1 9.3 3.9 
Ca st Non-native OBL 14.5 4.2 9.7 3.1 14.1 4.0 
Ju ef Non-native FACW 24.0 3.9 15.5 2.7 18.0 3.3 
Oe sa Native OBL 16.0 5.2 13.9 4.7 9.6 3.9 
Ph ar Native FACW 22.6 3.9 14.0 2.6 12.7 3.2 
Sc la Native OBL 10.3 3.5 11.1 3.8 12.4 4.3 
Ty sp Unknown OBL 10.5 3.3 13.1 3.7 6.1 2.8 
Salinity Treatment Oligohaline (3 ppt) 
Code Status Indicator Mean SE Mean SE Mean SE 
At fi Native FAC 0.0 0.0 0.0 0.0 0.0 0.0 
Ca ly Native OBL 8.0 3.6 1.7 0.9 6.6 2.7 
Ca st Non-native OBL 8.5 3.7 5.4 2.7 7.1 2.8 
Ju ef Non-native FACW 18.6 3.2 2.5 0.7 9.7 3.6 
Oe sa Native OBL 10.6 3.8 4.2 2.4 0.8 0.6 
Ph ar Native FACW 16.8 3.9 5.8 1.3 5.4 1.2 
Sc la Native OBL 13.6 4.6 9.1 3.9 9.7 3.4 
Ty sp Unknown OBL 4.2 1.2 4.5 1.7 12.8 4.1 
Salinity Treatment Brackish (10 ppt) 
Code Status Indicator Mean SE Mean SE Mean SE 
At fi Native FAC 0.0 0.0 0.0 0.0 0.0 0.0 
Ca ly Native OBL 2.8 1.7 0.1 0.1 10.6 28.5 
Ca st Non-native OBL 0.0 0.0 0.0 0.0 3.2 15.9 
Ju ef Non-native FACW 1.5 0.6 4.6 1.9 0.5 0.9 
Oe sa Native OBL 0.0 0.0 2.5 2.5 0.0 0.0 
Ph ar Native FACW 5.8 2.8 4.7 2.8 2.3 6.9 
Sc la Native OBL 0.6 0.3 2.2 1.5 3.4 16.7 
Ty sp Unknown OBL 0.5 0.3 7.2 2.1 6.2 13.7 
216 
 
3.2.5 Seed Bank: Germination Multivariate Analysis - NMDS and 
PERMANOVA  
The Bray-Curtis similarity NMDS of the germination composition data clearly 
shows a shift in germinating species composition across the tidal flooding and salinity 
gradient tested in the greenhouse experiment (Figures 3.15-3.16). Vector and 
PERMANOVA analysis both indicated that salinity and flooding treatments significantly 
affected the seed bank germination composition across the gradient of treatments (Tables 
3.9-3.10). Low marsh and brackish salinity treatment combinations had much greater 
similarity to each other than to the high marsh and freshwater treatments (Figures 3.15-
3.16). Germination species composition was also heavily influenced by the site and the 
dominant native and non-native standing plant communities from which the seed bank 
samples were taken (Tables 3.9-3.10, Figures 3.15-3.16). Germination composition was 
more similar among samples taken from the same site and/or native/non-native seed 
bank, both site and seed bank type being significant NMDS vectors (Tables 3.9-3.10, 
Figures 3.15-3.16). This similarity among samples is to be expected given the differences 
in seed bank compositions that were found between sites and seed banks identified 
through the direct seed count analysis (Table 3.4). 
 Native and non-native species richness and RGF were also significantly 
correlated with germination composition along the treatment gradient, with both native 
and non-native species richness and RGF decreasing with increased flooding and higher 
salinity levels (Figures 3.15-3.16). Native species richness and RGF were both associated 
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more closely with the 1959 site samples, and non-native species richness and RGF more 
closely related to the 2007 site samples. These results also mirror the differences in the 
site seed banks found through the direct seed count analysis (Table 3.4). Overall, the 
NMDS of the experimental germination data shows similar trends along the tidal flooding 
and salinity gradient to those observed in the standing plant community distributions, a 
significant shift in species composition and abundance occurring along the restored 
wetland elevation gradient. The experimental germination plant community compositions 
also exhibit a heavy influence from the seed bank composition of each sample tested, 
reflecting the influence of the standing plant community composition from which it was 
taken (Tables 3.9-3.10, Figures 3.16).   
Table 3.9: NMDS vector analysis of germination data, all vectors shown significant p-value < 0.05.  
NMDS Vector Analysis                                                                                                    Germination Data 
Parameters R2 P-Value 
Salinity Treatment Level 0.47 0.001 
Flooding Treatment Level  0.04 0.001 
Site 0.43 0.001 
Dominant Seed Bank Types  
(P. arundinacea, J. effusus, C. lyngbyei, S. lacustris)  0.10 0.001 
Total Species Richness (SR) 0.79 0.001 
Non-native Species Richness (SR) 0.66 0.001 
Native Species Richness (SR) 0.50 0.001 
Shannon Diversity Index  0.44 0.001 
Non-native Relative Germination Frequency (RGF) 0.53 0.001 
Native Relative Germination Frequency (RGF) 0.31 0.001 
 
 
 
218 
 
 
Table 3.10: Permutational multivariate analysis of variance (PERMANOVA) of the germination species 
community data, significant (p-value >0.05) parameters highlighted with gray background.  
Germination Community Data – PERMANOVA 
Parameters Df SS MS F R2 P-Value 
Flooding Treatment 2 3.21 1.61 6.65 0.02 0.000 
Salinity Treatment 2 11.99 5.99 24.81 0.09 0.000 
Site 1 17.29 17.29 71.59 0.12 0.000 
Seed Bank Status  1 4.67 4.67 19.34 0.03 0.000 
Dominant Standing Species Seed Bank 2 3.57 1.78 7.39 0.03 0.000 
Flooding x Salinity Treatments 4 4.51 1.13 4.67 0.03 0.000 
Flooding x Salinity Treatments x Sites 8 11.65 1.46 6.03 0.08 0.000 
Flooding x Salinity Treatments x  
Seed Bank Status 8 2.97 0.37 1.54 0.02 0.004 
Flooding x Salinity Treatments x  
Dominant Standing Species Seed Bank 16 3.73 0.23 0.97 0.03 0.587 
Flooding x Salinity Treatments x Site x  
Seed Bank Status 9 2.68 0.30 1.23 0.02 0.076 
  Residuals 306 73.91 0.24 0.53   
  Total 359 140.17 1.00     
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Figure 3.15: NMDS plot Bray-Curtis similarity of the species germination composition by salinity and 
flooding treatments with significant vectors. 
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Figure 3.16: NMDS plot Bray-Curtis similarity of the species germination composition with symbols 
indicating the site and dominant seed bank from which the samples were taken with significant vectors.  
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3.3 Discussion 
This study has provided clear evidence linking restored in-situ environmental 
conditions, including flooding frequency and duration, soil redox (ORP), and salinity, to 
patterns of seed bank expression and standing plant community composition. The field 
survey data clearly identified significant differences in elevations, flooding conditions, 
soil ORP, and soil salinity among the dominant native and non-native standing plant 
communities. Additionally, seed bank composition survey data supported the hypotheses 
that these plant communities are self-seeding, which promotes their own resilience. The 
seeds of the dominant non-native species, P. arundinacea and J. effusus, were also found 
to be more abundant and ubiquitously distributed throughout all of the seed bank samples 
(native and non-native) than the dominant native species, C. lyngbyei and S. lacustris. 
Although found throughout all of the seed bank samples, the expression out of the seed 
bank of the non-native species was not uniform, showing significant variability under the 
experimental gradient of tidal flooding salinity conditions.  
As hypothesized, the germination of non-native species echoed their in-situ 
abundance, with greater germination in the high marsh freshwater treatments than in the 
low marsh oligohaline and brackish treatments. Given the ubiquitous presence of the non-
native species in the seed bank, these germination results highlight the importance of the 
restored flooding and salinity gradients in preventing these species from becoming 
dominant in the lower marsh zones (Figure 3.1). The dominant native species, on the 
other hand, did not follow their hypothesized and observed in-situ trends, with their 
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germination being similar across of all of the high-low marsh and fresh-brackish 
treatments. This native germination response highlights the ability of these native species, 
unlike the dominant non-native species, to develop without germination suppression 
across the entire potential environmental gradient. Seed densities and germination of the 
dominant native species were, however, significantly less overall, than non-native 
species, especially in the high marsh zone where the non-natives were most successful 
(both in terms of germination and established in-situ dominance). These results suggest 
that both seed bank abundance and plant competition likely play important roles in the 
observed exclusion of these native species in the restored high marsh zone (Figure 3.1).  
In oligohaline tidal reference wetlands, which have never experienced the 
complete vegetational and environmental shift that occurs with draining and intense 
agricultural land use, J. effusus and P. arundinacea abundance was very low and C. 
lyngbyei and S. lacustris were commonly found growing as co-dominants with the native 
fern A. filix-femina in the high marsh elevation zone (Chapter 2). These observed high to 
low marsh distributions of C. lyngbyei and S. lacustris in the reference marshes were 
clearly echoed by the germination tolerances to high-low marsh flooding and fresh to 
brackish salinity conditions these species exhibited in the greenhouse, further 
highlighting the potential for these species to dominate the high marsh in the absence of 
J. effusus and P. arundinacea. Although present in reference marshes, A. filix-femina, on 
the other hand, was not included as a dominant native species in this study because it was 
not found growing in any great abundance within either of the restoration sites surveyed, 
with only trace abundances recorded within the 1959 site. It was, therefore, quite 
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surprising to see it germinate in great abundance out of the seed bank in the greenhouse 
experiment. A. filix-femina exhibited high germination abundance in the freshwater high 
marsh treatments, with germination dropping off significantly under increased flooding 
and salinity conditions. These germination responses mirror observations of A. filix-
femina abundance in the field, with A. filix-femina being primarily found only in the high 
marsh zone of reference wetlands located in the same watershed (Chapter 2). Other 
researchers have found that A. filix-femina spores have longevity in the seed bank and 
that their germination is suppressed by low light levels (Dyer and Lindsay 1992). Given 
that A. filix-femina was found abundant in the seed bank, but was not well represented in 
the standing plant communities, these results suggest that J. effusus and P. arundinacea 
are also growing at the exclusion of A. filix-femina in these high marsh areas.  
In a study of plant competition between C. lyngbyei and S. lacustris in a brackish 
tidal marsh, Pidwirny (1990) found that the availability and competition for light was a 
primary mechanism driving plant species distributions. Experimentally, Pidwirny (1990) 
tested the effect of light reduction on mature specimens of both species and found that 
shading significantly reduced the growth of both S. lacustris and C. lyngbyei. S. lacustris 
growth was, however, significantly more sensitive to reduced light conditions than C. 
lyngbyei. Pidwirny (1990) concluded that C. lyngbyei’s earlier emergence (in comparison 
with S. lacustris) in the spring and greater above ground biomass production worked to 
shade out S. lacustris in the high marsh zones. Through transplant and nutrient 
enrichment experiments by Pidwirny (1990) showed that S. lacustris was, on the other 
hand, better adapted to compete for resources in the more stressful low marsh zone, 
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outcompeting C. lyngbyei through below ground competition for nutrients and biomass 
production. When considered alongside this study’s greenhouse experimental 
germination findings, Pidwirny’s (1990) results further highlight the importance of 
restored abiotic gradients, in addition to species competition in determining native plant 
community development. Although Pidwirny (1990) did not observe non-native species 
invasions in his study site, Pidwirny’s results highlight the potential for both S. lacustris 
and C. lyngbyei germination and growth to be effectively suppressed through shading by 
each other and by the non-native species P. arundinacea and J. effusus (Appendix A).  
Pidwirny’s (1990)  findings further support the assumptions of this study that the most 
abundant species in the seed bank and first species to establish themselves out of the seed 
bank in these restored tidal wetlands will likely be able to suppress and generally prevent 
other species in the seed bank from establishing such as the native seeds found in the 
non-native invaded high marsh (Figure 3.1).  
In newly restored sites P. arundinacea and J. effusus may be getting a competitive 
jump start both in the standing plant community and seed bank, as both are commonly 
found in the agricultural pastures slated for restoration (Suding 2004, Chapter 2, Figure 
3.17). Other researchers have also noted the copious seed production and seed bank 
longevity of both J. effusus (Leck and Simpson 1994) and P. arundinacea (Budelsky and 
Galawitsch 2000) in wetland environments, suggesting this is an important biological 
mechanism promoting the continued spread and persistence of these non-native species 
(Suding et al. 2004, Figure 3.1 and 3.17, Appendix A). Given that S. lacustris and C. 
lyngbyei growth and development can be suppressed by shading and that P. arundinacea 
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and J. effusus are potentially present both in the standing plant community and seed bank 
at the time of tidal reconnection, this would effectively reduce the potential for these 
native species to successfully germinate and/or establish in the invaded high marsh zones. 
Additionally, researchers have noted that both J. effusus (Ervin and Wetzel 2000) and P. 
arundinacea (Lavergne and Molosky 2006) may release allelopathic chemicals that 
suppress nearby seedling germination which would also reduce native recruitment in 
areas where they become established (Figure 3.17).  
 The results from this study support van der Valk’s (1981) adapted Gleasonian 
theory for ecological succession in wetlands, with the restored environmental gradients 
and existing seed bank providing a template for wetland plant community development 
within these sites (Figure 3.17). Researchers have observed a similar pattern in P. 
arundinacea wetland dominance at the exclusion of C. lyngbyei and other native species 
throughout both the high to low marsh zones in freshwater wetlands (Christy 2004, 
Diefenderfer et al. 2013, Hanson et al. 2016). Comparing known distributions of these 
species in fresh water (Christy 2004, Diefenderfer et al. 2013), oligohaline (this study, 
Chapter 2), and brackish (Pidwirny 1990) tidal wetlands with the germination responses 
observed under similar conditions in the greenhouse, it is clear that the tidal flooding and 
salinity stress gradients are especially key in determining the J. effusus and P. 
arundinacea plant community distributions within these sites (Figure 3.17).  
 Clearly, tolerance to flooding and salinity, seed bank abundance, timing of 
emergence, and rate of development are key factors underlying plant community 
development within these restored tidal wetlands (Figure 3.17). In less stressful wetland 
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environments (freshwater tidal wetlands and low salinity high marsh zones), where these 
non-native species, P. arundinacea and J. effusus, are found most abundant, pre-
restoration plant community and seed bank compositions may be providing a competitive 
advantage to the post-restoration success of these species through both shading and 
allelopathy (Suding 2004, Figure 3.17). If these species are able to establish first, native 
species’ germination and growth could be suppressed. Then, continued growth and seed 
bank enrichment from the non-native species over time may prevent native plant 
communities from establishing. If, however, native plant communities establish before 
the non-native plant communities, such as those native dominant plant communities 
found in the high marshes of reference wetlands, it may be possible for these native plant 
communities to remain resilient through similar means of shading, preventing the large-
scale germination and growth of P. arundinacea and J. effusus (Ervin and Wetzel 2000, 
Lavergne and Molosky 2006). These potential feedback loops provide plant communities 
with long-term resilience, making the non-native species especially difficult to eradicate 
once established and the reference high marsh resilient to invasion (Suding 2004).  
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Figure 3.17: Conceptual diagram highlighting the major factors and interactions of wetland plant 
community restoration in tidal wetlands. Solid lines indicate immediate feedback mechanism and dotted 
lines indicate mechanisms and feedback loops responsible for wetland plant community resilience over 
time. Dark blue boxes are those mechanisms examined in this study. For a fuller understanding of these 
plant community dynamics, further research is needed to determine 1) how these mature native and non-
native plant communities respond to changes in the abiotic environment post-tidal reconnection, 2) 
evaluate their competitive interactions in the field including early emergence, allelopathy, and rates of 
biomass development, and 3) evaluate the potential feedback loops and plant community resilience 
stemming from these outcomes and interactions.  
 
3.3.1 Conclusions 
The novel approach taken in this experiment provided strong evidence tying seed 
bank composition and restored environmental flooding and salinity gradients to the 
development of mature and resilient native and non-native plant communities. These 
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results further support van der Valk’s (1981) adapted Gleasonian theory of wetland 
succession; they highlight the importance of seed bank composition and recreated 
environmental gradients in plant community restoration and resilience (Figure 3.17). This 
research is critical for understanding the mechanisms driving non-native plant community 
invasions and the associated ecological divergence from reference plant community 
development among these restored tidal wetland habitats (Chapter 2). Results from this 
study help to further develop the application of van der Valk’s (1981) adapted Gleasonian 
theory of wetland succession in cases of wetland restoration, where pre-exiting (pre-
restoration) plant communities may play a significant role in defining the seed bank 
composition and ultimately on the long-term trajectory of wetland plant community 
development post-restoration (Figure 3.17). Furthermore, this research emphasizes the 
importance of understanding plant species-specific tolerances to newly created wetland 
environmental conditions, such as re-introduced flooding and salinity conditions, for 
developing a more comprehensive understanding of wetland plant community 
development dynamics (Figure 3.17).  
3.3.2 Management Implications: Restoration  
Through examining seed bank composition and germination flooding and salinity 
thresholds, this research has provided insight into the potential competitive dynamics 
occurring between dominant wetland species, J. effusus, P. arundinacea, C. lyngbyei, and 
S. lacustris. Future wetland restoration and management efforts should pay close 
attention to the anticipated flooding conditions that will be restored to a site post-tidal 
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reconnection, small differences in flooding frequency and duration could have significant 
implications for the successful restoration of native plant communities. Results of this 
study suggest that the spread of J. effusus and P. arundinacea plant communities may be 
controlled by lowering the wetland elevation gradient and removing their existing seed 
banks. Depending on the local hydrology and seed bank composition, a 
flooding/elevation change as little as 0.1 m (0.32 ft.) could result in a complete shift in 
plant community dominance (Figure 3.12 and 3.13). Lowering the wetland elevations 
will, however, also come at the cost of losing potential high marsh habitat. It may be 
necessary to both remove the existing non-native dominant seed bank while maintaining 
high marsh elevations and supplement the high marsh seed banks with native seeds 
(and/or plantings) to promote native high marsh plant community establishment. Due to 
the ubiquitous abundance of J. effusus and P. arundinacea both as seeds and rhizomes, 
small increases in flooding and salinity, either from changes in management or sea level 
rise, may only serve to migrate the distributions of these species further up the elevation 
gradient. Given this study focused primarily on seed germination, further research is 
needed to evaluate how standing wetland plant communities with deep rhizome mats will 
respond to small shifts in flooding and salinity conditions. Due to the aggressive growth 
of these common non-native species, active adaptive management, and long-term 
monitoring should be used to improve tidal wetland restoration outcomes, especially of 
native high marsh plant communities. 
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3.3.3 Management Implications: Sea Level Rise  
Climate change and sea level rise scenarios and their impacts on estuary water 
levels and salinities are uncertain for the Columbia River Estuary (Glick et al. 2007, Jay 
et al. 2011, Tebaldi et al. 2012). Some of this uncertainty is tied to river flow 
management provided by the Columbia River Basin Dam complex and to the continued 
development and dredging of the river (Jay et al. 2011). If river flows and tidal 
amplitudes drop throughout the estuary as a result of shifts in regional climate, local 
glacial uplift, development, and dam management (Jay et al. 2011, Tebaldi et al. 2012), 
then there could be a shift in the current non-native, P. arundinacea and J. effusus, plant 
communities down the wetland elevation gradient into the current mid to low marsh plant 
community zones. If on the other hand, sea level rise outpaces glacial uplift and 
compensates for potentially low river flows (Glick et al. 2007, Jay et al. 2011), then this 
non-native zone may be reduced or migrate up the elevation gradient. While potentially 
helping to limit the extent of P. arundinacea and J. effusus, these increases in flooding 
and salinity may be detrimental to species richness, with increases in flooding and/or 
salinity significantly reducing both wetland native and non-native species richness 
germination, in addition to Shannon Diversity Index. In support of these findings, Sharpe 
(2009), Baldwin et al. (2001), and Janousek and Folger (2013b) also found a decline in 
species richness and diversity when experimentally exposing wetland seed banks to 
increases in flooding and salinity. These results provide insight into the plant community 
dynamics that could be expected along the elevation gradient of newly created tidal 
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wetlands and/or within wetlands exposed to increases in flooding and water salinity 
conditions. The specific changes in plant community zonation will be heavily dependent 
on the exact shifts in flooding and salinity conditions experienced throughout the estuary. 
Careful observation and management will be needed as other more salt and flood tolerant 
invasive species such as narrow leaf cattail, Typha angustifolia, and common reed, 
Phragmites australis, which are currently present but not dominant in the watershed, may 
spread.  
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4 Chapter 4: Dissertation Conclusions 
 Tidal wetland ecosystems provide a myriad of ecosystem services that are not 
easily replaced or restored. Understanding the conditions necessary for restoration 
success and the timeline within which the processes and functions of these ecosystems 
can be restored are essential to the long-term sustainability of estuaries across the globe. 
Currently, climate change poses a great risk to the continued existence of these 
ecosystems and it is essential that we continue to further our understanding of these 
systems and how they function before they are lost completely. Through the evaluation of 
the mechanisms and drivers of tidal wetland recovery, this dissertation provides 
fundamental information restoration ecologists and practitioners can use to improve the 
current use of ecological knowledge and theory in the tidal wetland restoration and 
conservation process.  
 The overall objective of this dissertation was to evaluate the rates and drivers of 
ecosystem recovery in tidally reconnected oligohaline wetlands of the Columbia River 
Estuary (CRE) and to test the theoretical ecological assumptions implicit to this passive 
restoration approach. This objective was achieved by 1) identifying whether restoration 
trajectories towards reference wetland conditions could be detected among oligohaline 
restoration tidal wetlands of different ages (time since tidal reconnection), 2) 
investigating the importance of tidal flooding regimes and salinity on seed bank 
germination and plant community development in tidally restored wetlands, and 3) using 
these data to anticipate the impacts of salinity intrusion and changes in tidal flooding 
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from sea level rise on existing tidal wetland seed bank emergence and plant community 
development.  
 Through the first study (Chapter 2) of this dissertation, wetland plant community 
and soil restoration trajectories were identified among tidally reconnected oligohaline 
wetlands of different ages. This research indicated that native plant community 
abundance, species richness, soil organic matter, and soil bulk density conditions can 
show signs of recovery within 3-6 years post-tidal reconnection. Generally these results 
support the theory of restoration recovery; however, there was a great amount of within 
and among site variability observed in native plant community development, with very 
few restored high marsh zones (>2.5 m) exhibiting native plant community recovery. 
This was due to the ubiquitous presence of common non-native wet pasture species, 
Phalaris arundinacea, and Juncus effusus subsp. effusus, in these areas. These invaded 
high marsh zones also retained lower soil pH and salinity levels more characteristic of 
pre-tidal reconnection pasture conditions. Comparatively, the restored mid to low marsh 
zones (<2.5 m) showed a swift recovery to reference native plant community 
compositions, as well as, greater soil pH and salinity levels. These alternate trajectories of 
wetland development post-tidal reconnection indicate the passive restoration approaches 
supported by the theory of restoration recovery are not always appropriate (Suding 2004). 
This further highlights the importance of restored wetland elevations and associated tidal 
flooding and salinity regimes to the overall recovery of native plant communities and 
wetland soil conditions within these sites. Understanding these ecological dynamics and 
potential barriers to recovery are especially important in the presence of invasive species 
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such as P. arundinacea and J. effusus. Data from this study can be used directly by 
restoration practitioners, planners, and policy makers to refine the restoration and 
monitoring process and inform future research efforts.  
 The second study (Chapter 3) of this dissertation aimed to further explore the 
mechanisms driving these high marsh non-native plant invasions. This was done by 
collecting seed bank samples from both dominant native, Carex lyngbyei, and 
Schoenoplectus lacustris, and non-native, P. arundinacea, and J. effusus, restored 
wetland plant communities. These seed bank samples were then evaluated for seed 
composition and subjected to a high to low marsh gradient of simulated tidal flooding and 
salinity conditions in the greenhouse. Results from this study provided evidence that the 
distributions of non-native plant species, P. arundinacea and J. effusus, are primarily 
controlled by the tidal flooding and salinity conditions present along the elevation 
gradient, with germination of these species being significantly reduced under mid-low 
marsh flooding and oligohaline to brackish salinity conditions.  The ubiquitous presence 
of non-native species in the native and non-native seed banks and their general lack of in-
situ expression in the mid-low marsh wetland areas further support this finding. 
 Comparatively, the seed densities of native species were much lower overall and 
more isolated to the dominant native, Carex lyngbyei, and Schoenoplectus lacustris, plant 
communities. These native species, however, did not show any germination suppression 
from increases or decreases in tidal flooding or salinity, indicating that their in-situ 
distributions are likely determined through both their availability in the seed bank and 
competition with the dominant non-native species. These results indicate that the newly 
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created salinity and flooding gradient of restored oligohaline marshes acts to suppress 
these non-native species’ germination in the low-mid marsh regions but not in the high 
marsh, where they are able to outcompete the native wetland species in-part due to their 
overwhelming dominance in the seed bank. This experiment provided strong evidence 
tying seed bank composition and restored environmental flooding and salinity gradients 
to the development of mature and resilient native and non-native plant communities. 
Additionally, these results support van der Valk’s (1981) adapted Gleasonian theory of 
wetland succession, which highlights the importance of seed bank composition and 
recreated environmental gradients in plant community restoration and resilience (Figure 
3.1). 
 Results from both studies indicate that sea level rise induced increases in tidal 
flooding and salinity within the high marsh zones of restored wetlands may drive P. 
arundinacea and J. effusus further up the wetland elevation gradient, opening up these 
areas to C. lyngbyei and S. lacustris. This shift in salinity and flooding will, however, 
also likely negatively impact existing native high marsh zones dominated by Athyrium 
filix-femina. Increases in tidal flooding and salinity may also open these areas up to, 
currently less abundant, non-native species such as Typha angustifolia and Phragmites 
australis, which are known to be more tolerant of oligohaline-brackish low marsh 
conditions.   
 Data from these studies are essential for informing restoration managers 
anticipating the ecological consequences of climate change and future restoration efforts. 
and will enable improvements to restoration techniques, monitoring practices, and 
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management timelines. Additionally, these data provide a foundation for future tidal 
wetland research and aid in the continued evolution of ecological restoration theory and 
practice.  
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Appendix A: Common PNW Tidal Wetland Plant Species and Their 
Germination Requirements  
Table A.1: Part 1- A collection of biological data on the growth and germination requirements of common 
tidal wetland plant species, all basic data collected from the USDA plants database- data from all other 
references are numbered and listed below the table.  
 
 
 
 
 
 
 
 
Code Latin Common Group Family Duration Growth Habit
Native 
Status
Wetland 
Indicator Classification
Ag st Agrostis stolonifera Creeping bent grass Monocot Poaceae Perennial Graminoid Non-native FAC Subdominant
Al ge Alopecurus geniculatus Water foxtail Monocot Poaceae Perennial Graminoid Unclear OBL Subdominant
Al pl Alisma plantago-aquatica L. American water plantain Monocot Alismataceae Perennial Forb/herb Native OBL Subdominant
Al pr Alopecurus pratensis Short awned foxtail, meadow foxtail Monocot Poaceae Perennial Graminoid Native OBL Subdominant
Ca ly Carex Lyngbyei Sedge Monocot Cyperaceae Perennial Graminoid Native OBL Dominant
El pa Eleocharis palustris Creeping spike rush Monocot Cyperaceae Perennial Graminoid Native OBL Subdominant
Ga tr Galium triflorum Sweet smelling bedstraw Dicot Rubiaceae Perennial Forb/herb/vine Native FACU, FACW + Subdominant
Ho spp Holcus spp Velvet grass species Monocot Poaceae Perennial Graminoid Non-native FACW Subdominant
Ju ef Juncus effusus subsp effusus Common rush Monocot Juncaceae Perennial Graminoid Native FACW Dominant
Li oc Lilaeopsis occidentalis Western grasswort Dicot Apiaceae Perennial Forb/herb Native OBL Subdominant
Lo co Lotus corniculatus Birdsfoot trefoil Dicot Fabaceae Perennial Forb/herb Non-native FAC Subdominant
Oe sa Oenanthe Sarmetosa Water parsley Dicot Apiaceae Perennial Forb/herb Native OBL Subdominant
Ph ar Phalaris arundinacea Reedcanary grass Monocot Poaceae Perennial Graminoid Non-native FACW Dominant
Po an Potentilla anserina Silverweed cinquefoil Dicot Rosaceae Perennial Forb/herb Native OBL, FAC- Subdominant
Ra re Ranunculus repens Creeping buttercup Dicot Ranunculaceae Perennial Forb/herb Non-native FAC, FACW Subdominant
Hardstem bulrush Monocot Cyperaceae Perennial Graminoid Native OBL Dominant
Softstem bulrush Monocot Cyperaceae Perennial Graminoid Native OBL Dominant
Sc mi Scirpus microcarpus Small-fruited bulrush Monocot Cyperaceae Perennial Graminoid Native OBL Subdominant
Sy su Symphyotrichum subspicatum Douglas Aster Dicot Asteraceae Perennial Forb/herb Native FACW Subdominant
Ty spp Typha latifolia and Typha Angastofolia 
Broadleaf and Narrowleaf 
Cattail Monocot Typhaceae Perennial Forb/herb
Native, Non-
native, and 
Hybrid
OBL Subdominant
Vi am Vicia americana American vetch Dicot Fabaceae Perennial Vine/forb/herb Native FAC Subdominant
Schoenoplectus 
lacustris (L.) PallaSc la
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Table A.1: Part 2 - A collection of biological data on the growth and germination requirements of common 
tidal wetland plant species, all basic data collected from the USDA plants database- data from all other 
references are numbered and listed below the table. 
 
 
Code Germination Requires Dormancy Length
Germination Requires 
Light Germination Moisture Conditions
Germination Temperature 
Requirements Soil Requirements
Ag st Unclear (13, 14) Requires light (1) Moist, drianed (1)
Tolerant of frequently saturated, flooded soil 
conditions (12, 13), grows best in loam, clay-
loam, and sandy soils - can also grow in 
gravelly and rocky substrates (13)
Al ge None (potentially cold, moist stratification) (2)
20 Weeks 
(2) Moist, saturated (2)
Germinates best in sandy soil saturated with 
water (2)
Al pl Cold wet stratification, require scarification (3)
4-8 Weeks 
(3) Requires light (1,3) Moist, saturated (1, 3)
Germinates best in finely textured soils and 
adequate sustained soil moisture (1).
Al pr Cold, moist stratification (4)
4-40 Weeks 
(4)
Somewhat shade tolerant 
(4) Moist, saturated (4)
Grows best in moist, nutrient rich, fine to 
medium texture soils, pH between 5.6-8 (4), 
adapted to wet soils that are subject to 
frequent and/or prolonged flooding (4)
Ca ly Cold, moist stratification (2) 4 Weeks (1) Requires light (2)
Moist/Saturated, will not grow in 
standing water (3)
Similar species Carex obnupta, 
germinates best 21-24°C (1)
Can grow in fine grained silt or sand but can 
also grow in silt/gravel with pH between 5.0 to 
6.0 (2)
El pa Cold moist stratification (3), no dormancy (2) 8 Weeks (2) Requires light (2, 17)
Moist-saturated (2), can germinated 
in innudated soil (17)
High clay, low sand content (9), grows well in 
fine textured soils (17)
Ga tr None, or not shown to improve germination (19) Dappled light (19) Moist, well drained (19)
Ho spp None Requires light (20) Moist (20)
Fluctating temperatures 
increase germination, best 
germinating temperature 8-
-20 °C (20), 7-8 °C (21)
Grows best in moist soil conditions, prolonged 
drought or innundation supresses growth, can 
grow in soils with pH of 3.5 - 8, best in pH 5-6 
(20), grows in sandy, silt, and clay soils with 
Ju ef
None, however seeds 
require soaking for up to 
7 days for best 
germination (1)
Requires light (3) Moist (1,2,3)
Germinates best in spring - 
when exposed to flucuating 
temperatures (3), greenhouse 
temperature best between 32-
Can grow in compacted mineral soils (2) with 
pH between 4.0-6.0 (1), thrives in fine textured 
soil with water <6 inches deep (1) with medium 
nitrogen levels (2)
Li oc Moist, saturated, innundated (22)
Lo co
None, however seeds 
require 
soaking/scarification (5)
Requires light (5) Moist (1) Optiumum temperature for growth is 24°C (5)
Can grow in wet, acid, and infertile soil 
conditions, also considered drought resistant 
(5)
Oe sa Cold moist stratification (2, 23)
2-4 Weeks 
(2, 23) Can grow in shade (2) Moist/saturated (2, 23) Grows best in water less than 1.5 ft deep (24)
Ph ar None (2) Light increases germination rates (2)
Saturated (but will also germinated 
under moist and flooded conditions - 
but less) (25), germinates best in 
moist, well drained conditions (2)
Can germainate in 
temperatures ranging from 7-
27°C (25)
Grows in saturated clay and clay loam soils, 
tolerates soil pH ranging from 6.0 - 8.1 (25)
Po an Not required (1) Best in full light (1) Moist, well drained (26)
Grows best in alkaline soil conditions, tolerates 
slightly acidic soil (26), can grow in sandy, 
loam, and clay soil conditions (28)
Ra re
Yes (requires warmth 
>1C and moisture to 
break dormancy) (29), an 
increase in soil oxygen 
Not identified None (31) Moist or saturated (30) >1C (30)
Grows best in neutral pH clay soils, tolerant of 
compact soil conditions, can withstand water 
logging and short periods of drought (30), can 
grow in sand and gravel (4)
Cold wet storage (1) 4-10 Weeks (1)
Light increases 
germination rate (1) Best under moist, not saturated (1)
Germinates quickly in warm 
temperatures - 35 to 38° C (1)
Can grow in silt loam, clay, sandy loam, gravel, 
organic soils, in areas flooded with up to 1.5 m 
of water, can tolerate moderate drought (36)
Cold wet storage (3)
12 Weeks 
(3), 5-7 
Months (2)
Requires light (3), light 
increases germination 
rate (2)
Best under moist and saturated 
conditions (1, 2), will emerge under 
1 m of water (2)
Germinates best under 
alternating temperatures 
30°/5° C (2)
Grows best in saturated organic silty and clay 
soils, also grows in sandy soils (2, 34)
Sc mi Cold moist stratification (2)
8-12 Weeks 
(2) Can grow in shade (2, 37)
Flooded: under 3 cm of water, 
planted 2-5 cm into moist to wet soil 
(2), this species does not tolerate 
long periods of flooding (37)
Grows in silty-mucky soil with high water 
holding capacity, has a wide pH tolerance (2), 
<15 cm standing water (38)
Sy su Yes (3) 4 Weeks (3) Requires light (3), can tolerate partial shade (45) Moist, well drained (44)
Will grow in coarse, medium, and fine textured 
soils, does not tolerate drought, preference to 
low nutrient conditions (45)
Ty spp
None (39, 40), but some 
populations have shown a 
better germination 
response to cold 
12 Weeks 
(39) Requires light (3, 39)
Saturated, moist (not flooded)(2), 
best germination under 2 cm of 
water (39), T. angustifolia tolerates 
deeper water conditions than Ty la 
Germinates best under 25-30° 
C (39)
Will germinate in 5.7-9.2 pH levels, unaffected 
at 4-12 pH soil conditions, will grow in soils 
composed of sand, silt, loam, and clay (39)
Vi am Scarification increases germination time (1) Requires light (1) Moist soil conditions (43)
Sandy, clay, medium-textured, and high organic 
matter soils vary from acidic to moderately
basic (42)
               
Sc la
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Table A.1: Part 3 - A collection of biological data on the growth and germination requirements of common 
tidal wetland plant species, all basic data collected from the USDA plants database- data from all other 
references are numbered and listed below the table. 
 
Code Salinity Tolerance Asexual Reproduction Growth Season Flowering
Establishment 
Phase
Mature 
Seeds Seed Longevity Seed dispersal Other
Ag st
Found in Fresh, brackish, salt marsh 
conditions (10), germinates best <15 ppt 
salinity (11)
Rhizomes, stolons, 
moist, full light (13)
Spring - Fall (1) up to 90 days 
(1)
>4 yrs (1) Dispersed by wind, 
water, and animals 
Found in high and low 
elevations (10)
Al ge Medium , Found in freshwater marsh conditions (10)
Vegetatively from 
roots nodes (16)
Early spring (15) 2-4 Weeks 
(2,15)
June-Aug (16) > 3 yrs (16), Short 
(15)
Dispersed by wind (16), 
water, and animals 
Found in high elevations (10)
Al pl Freshwater marsh conditions (10)
Stem divisions, 
saturated/flooded 
conditions (1, 3)
June - Sept 
(1)
Dispersed by wind, 
water, and animals 
Found in high elevations (10)
Al pr Moderate 12ppt (4), freshwater marsh conditions (10)
Rhizomes, moist, 
full light (4)
2 Weeks (4) Short (4) Dispersed by wind, 
water, and animals 
Found in high elevations (10)
Ca ly
Can germinate in salinity conditions ≤ 20 ppt, 
best germination ≤10 ppt (6), Found in fresh, 
brackish, saline conditions (10)
Rhizomes, moist, 
full light (3) May-August (8) April-July (3)
Dispersed by wind, 
water, and animals 
Found in high and low 
elevations (10), less time 
innundated increases biomass 
(8)
El pa Found in fresh and brackish marsh conditions (10, 17)
Rhizomes, stem 
divisions, 
saturated, full light 
(3)
May-Aug (17) 1-2 weeks (3) Aug-Oct (3), 
Jul-Aug (17)
Seeds must be moist 
to maintian fertility (2)
Dispersed by wind, 
water, and animals 
Found in high and low 
elevations (10), Nitrogen fixer 
(2)
Ga tr Found in fresh and brackish marsh conditions (10)
Rhizomes, stolons, 
moist, dampled 
light (19)
June-August 
(19)
17-28 days (19) July-Sept (19) Dispersed by wind, 
water, and animals 
Found in high elevations (10)
Ho spp
Potentially low tolerance to prologned 
innundation or high salinity (20), Found in 
freshwater marsh conditions (10)
Tillering, not 
common (20)
June-August 
(20, 21)
1-2 Weeks (20) June-Sept 
(21)
>12 yrs (20)
Can disperse by water, 
animals, birds, humans 
(20)
Found in high elevations (10), 
rapid growth rate - seedling 
growth rate greater than reed 
canarygrass (20), allelopathy 
may increase species ability 
to compete against other 
species (20, 21)
Ju ef Tolerates salinities ≤ 14 ppt (1), Found in freshwater marsh conditions (10)
Rhizomes, moist 
(not saturated), full 
light (3)
Spring - Fall (1)
June through 
August, 
persist March - 
October (2)
7 days (1) - 30 
days (2)
June - 
September (1)
>60 yrs (2)
Dispersed via 
wind,water, and animals 
(1)
Found in high elevations (10), 
Invasive tendencies (7)
Li oc Found in brackish and saltmarsh conditions (10) Rhizomes (22)
Dispersed by water, 
remain buoyant in both 
fresh and saltwater for 
months, also dispersed 
by birds (22)
Found in low elevations (10)
Lo co Tolerates some salinity (1,5), Found in freshwater marsh conditions (10)
Rhizomes, moist, 
full light (1, 5)
Spring - Fall (5) June-
September
Grows slowly 
(5)
>11 yrs (4) Disperse via ballochory, 
water, and animals (4)
Found in high elevations (10), 
Nitrogen fixer (1,4,5)
Oe sa Not vary salt tolerant, found in freshwater marsh conditions (10) Stem divisions (23)
June-August 
(2)
30 days (2) August - Sept 
(2)
Dispersed by wind, 
water, and animals 
Found in high elevations (10)
Ph ar
May tolerate mildly saline conditions (25), 
found in freshwater and brackish marsh 
conditions (10)
Rhizomes, moist, 
full light (25)
Late winter/early 
spring, peaks mid-
June and declines 
by mid- August (25)
June - July 
(25)
8-10 days (25)
Late July - 
early August 
(25)
Can stay viable for 20 
years in seed bank, 
submergence limits 
viability after 24 
months (25)
Can disperse by water, 
wind, animals, birds, 
humans (25)
Found in high elevations (10)
Po an
Tolerates brackish wetland soil conditions 
(1), found in fresh, brackish, and saltmarsh 
conditions (10)
Rhizomes, stolons, 
moist, full light 
(1,27)
14 days (27) August - Sept 
(27)
5-7 years (27) Dispersed by wind, 
water, and animals 
Found in high elevations (10)
Ra re
Semi-tolerant of saline conditions - grows in 
tidal wetlands (4, 32), found in freshwater 
marsh conditions (10)
Rhizomes, stolons, 
moist, full light (30)
Can germinate from 
ealy spring - fall, or 
in mild winter 
conditions (29)
March - 
August (30) Summer (30)
20-80 yrs, acid or 
water-logged 
conditions increase 
duration of viability 
(32)
Seeds dispersed 
primarily though birds 
and mammals (30), also 
dispersed by wind and 
water (32)
It will grow best in alkaline, saline, and 
brackish soil (1), found in freshwater and 
brackish marsh conditions (10)
Rhizomes, 
saturated or 
flooded, full light (1, 
36)
June-August 
(2)
August - Sept 
(1)
Tolerates a wide range of salinities, grows in 
brackish and freshwater conditions (34)
Rhizomes, 
saturated (not 
flooded), full light 
(2, 34)
July-August 
(34)
July-Sept (34)
Sc mi
Found in freshwater marsh conditions (10), 
may tolerate slightly brackish conditions 
"mean 0.534 mS/cm with a range of 0.305 to 
0.922" (38)
Rhizomes, stem 
divisions, 
saturated, full light 
(3)
April - Sept 
(37)
30 days (3) Late Summer - 
Early Fall (37)
< 5 yrs (38) Dispersed by wind and 
water (1)
Found in high elevations (10)
Sy su Tolerant of saline conditions (45), found in freshwater and brackish conditions (10)
Stem 
cuttings/divisions, 
well drianed, full 
light (3)
Spring - Fall (44) July - October 
(45)
Dispersed by wind, 
water, and animals 
Found in high elevations (10)
Ty spp
Germinates best under feshwater conditions 
(39), may tolerage salinities up to 8000ppm 
(2) and brackish conditions (39), Typha 
latifolia found in freshwater conditions (10), 
Typha angustfolia tolerates more saline 
conditions than Ty la (41)
Rhizomes/basal 
shoots, saturated 
(not flooded) 
(3,39,40)
May - Sept (40) June-July 
(39)
Few weeks (2)
May-July (2), 
August - Sept 
(40)
>5yrs (2), Long-term 
(39), >70 yrs (40)
Dispersed by wind, 
water, and animals 
(39,40)
Typha latifolia found in high 
elevations (10), germination 
rate generally low, seedlings 
are fast growing (39)
Vi am Can tolerate moderate salinity (42), found in freshwater marsh conditions (10)
Creeping rhizomes 
(42)
Early spring - 
summer (42)
July - August (4  3-14 days (1) Dispersed by water and 
animals (no reference)
Found in high elevations (10), 
Nitrogen fixer (43)
Found in high and low 
elevations (10)
               
Sc la Dispersed by wind and water (36)
>20 yrs in the seed 
bank (34)7-10 days (1)
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Appendix B: A Review of Studies Evaluating the Rate (in years) of Tidal 
Wetland Recovery  
Table B.1: A review of studies evaluating the rate (in years) of tidal wetland recovery to reference wetland 
conditions. 
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Appendix C: Tidal Wetland Water Level and Salinity 
Methods: Tidal Flooding and Salinity Monitoring and Data Analysis  
Tidal flooding and salinity- Tidal flooding characteristics (timing, frequency, 
amplitude and duration of high/low water levels) were monitored to account for any 
potential site to site variability within these parameters. Monitoring was done using depth 
recording data loggers (monitoring at 30 min intervals) installed into the main wetland 
tidal channels and in the adjacent tributary below the elevation of wetland vegetation 
establishment (Figure C.1, Figure 3.2-3.3). Along with these water level data loggers, a 
conductivity data logger was used to identify major trends in water salinity in the Lewis 
and Clark River (adjacent to the sites). Salinity data was collected using HOBO (U24) 
Salt Water Conductivity/Salinity Data Logger measuring salinity (±0.1 ppt) every 30 
mins in the main Lewis and Clark River at the same location as the water level data 
logger (Figure 3.2-3.3). Additionally, point measurements using a YSI probe (±0.1 ppt) 
of water salinity, temperature, and depth (using a meter stick) were collected for 
comparison during data logger deployment and retrieval. Due to a malfunction with the 
conductivity data logger, salinity data were not recorded post-April 2015 on the sites. To 
supplement this data gap salinity and water level data collected at two other locations in 
the watershed were also used to characterize seasonal conditions. Tidal flooding 
conditions were monitored from July 2014 through Sept 2015 following USGS protocols 
(USGS 2012c). 
Water depth data were combined with site elevation data and atmospheric 
pressure data to determine tidal flooding characteristics for each vegetation quadrat 
surveyed (Farrelly 2012, USGS 2012c). The level of flooding for each vegetation quadrat 
was related to the elevation of water within the site at the location of monitoring (tidal 
channel). The assumption being that if the water level (elevation) is above that of the 
vegetation quadrat elevation, then the quadrat is flooded by the difference in these 
elevations (elevation of tidal channel water - elevation of vegetation quadrat = depth of 
water above vegetation quadrat) (Roegner et al. 2009, Farrelly 2012). These data have 
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been calibrated by collecting flooding depth data throughout the sites throughout 
different tidal periods and comparing these data to those calculated using the above 
method for that same time period. Tidal flooding data were summarized by averaging the 
duration and frequency of tidal flooding over a 12-hour cycle during the month of March 
(2015). Data were summarized for the month of March to represent tidal flooding during 
the early growing season when most seeds would begin naturally germinating in the tidal 
wetland. These parameters were calculated for the dominant plant communities surveyed 
and were used to define the experimental greenhouse tidal flooding treatments.  
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Figure C.1: Schematics for the placement and monitoring of water surface elevation data loggers in the wetland tidal 
channel. 
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Figure 3.2: (reproduced here for ease of readying) Youngs Bay watershed map including the location of 
the seed bank study wetlands “research wetlands” relative to the other monitoring stations located in the 
watershed, the Tongue point NOAA tide gage,  and the USGS flow gage (river mile 53). 
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Figure 3.3: (reproduced here for ease of readying) Map of U.S. National Parks Service Lewis and Clark 
National Historical Park restoration sites surveyed in this study including historical dike breach locations, 
culvert placement, and the location of the seed bank/ vegetation sampling throughout each site and water 
level data loggers. Map elevation data derived from 2009 LiDAR data. For a watershed perspective see 
Figure 3.2. 
Results:-Tidal Flooding and Salinity Observations and Determination of 
Treatment Conditions  
Observed tidal flooding water level elevations were similar among the two main 
tidal channels Alder Creek (1959 site) and Colewort Creek (2007 site) and the Lewis and 
Clark River which they feed into (Figure 3.2-3.3, Table C.1). Overall, channel depth 
varied between the two sites (and at the location of water level monitoring), with 
Colewort Creek being much deeper (-0.25 m, NADV88) and with a constant freshwater 
upstream contribution, compared to the Alder Creek which was more shallow in depth 
(0.92 m, NADV88) and did not receive as much upstream input (Figure 3.3, Table C.1). 
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These differences in channel depth and fluvial input are likely explanatory factors for the 
differences in soil salinity observed among the sites and dominant plant communities. 
Colewort Creek is providing more freshwater to the 2007 site (compared to Alder Creek 
and the 1959 site), especially to the eastern portion of the site farthest away from the 
confluence of the Lewis and Clark River, where most of the J. effusus dominance 
occurred (Figure 3.3, Figure C.2). The J. effusus plant community soil had significantly 
lower salinity than the other plant communities surveyed (Appendix E, Table E.8).  
Salinity measurements made in the Lewis and Clark River (river bank placement 
at 0.43 m, NADV88) between September 2014 and April 2015 indicate that tidal water 
salinity varied seasonally, with low salinities typically ranging from 0-3ppt persisting 
from the late fall through early spring and increasing during the summer, getting upwards 
of 10 ppt in September (Figure 3.2-3.3, Figure C.3, Table C.2). The water levels and 
salinity patterns of the Lewis and Clark River also tracked closely with those observed in 
Youngs Bay near the mouth of the Lewis and Clark River and those observed at the 
mouth of the Youngs River, both of which are located closer to the confluence of the 
Columbia River and the Pacific Ocean (Figure 3.2, Figure C.2- C.3, Table C.1-C.2). The 
salinity patterns observed track the seasonal changes in rain and flow, with more 
freshwater being present in the system locally and coming from increased flow of the 
Columbia during the rainier winter and spring months than in the drier summer and early 
fall months (Figure C.4, Table C.2). The salinity ranges observed were used to inform the 
salinity treatments in the greenhouse experiment, with fresh (<1 ppt) and oligohaline (3 
ppt) conditions representing those conditions typical of early and late spring and more 
brackish (~10 ppt) conditions representing extreme salinity levels already experienced on 
the site during dry, low fluvial flow conditions (Table C.2). The brackish treatments are 
demonstrating possible future conditions on the site under extreme sea level rise and 
climate change scenarios (Glick et al. 2007).    
A clear gradient in elevation, flooding, soil ORP, and plant community 
distributions was observed between the high and low marsh wetland areas (Table E.8, 
Figure C.5). The high marsh zone was found to be dominated by P. arundinacea and J. 
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effusus plant communities with some overlap in elevation range, and with P. arundinacea 
tending to dominate slightly higher elevation areas than J. effusus. In the mid marsh zone, 
C. lyngbyei plant communities were generally found dominant at a significantly lower 
elevation range than P. arundinacea plant communities, but with some J. effusus plant 
community elevation overlap with both C. lyngbyei and P. arundinacea. S. lacustris 
dominant plant communities were found primarily in the low marsh zone, which was 
significantly lower in elevation than all of the other dominant plant communities (Table 
E.8, Figure C.5). These significant differences were also observed in the corresponding 
flooding frequency, and duration characterizations and in the soil ORP levels observed 
within the plant communities (Table E.8, Figure C.5-C.6). The differences in soil ORP 
levels provide further evidence of the biogeochemical conditions created by the tidal 
flooding (duration and frequency) observed along the elevation and plant community 
gradient (Chapter 2). These flooding frequency and duration conditions, for the month of 
March, were used to inform the development of the tidal flooding treatments used in the 
greenhouse experiment (Figure C.2-C.6).  
It was estimated that > 60% of the time (March 2015) the high marsh zone plant 
communities, dominated by P. arundinacea, were only flooded once a day for ≤1.5 hr 
which was translated into a daily flooding treatment of 1 hr in the greenhouse (1 hr every 
24 hr ~2.5 m) (Figure C.6).  The high marsh elevation of  2.5 m (NAVD88) and greater 
was also found to coincide with the local NOAA tide gage Mean High Water (MHW) 
elevation designation, further confirming this high marsh zone regularly only receives 
flooding once a day or less (during the higher high tide) (Figure 3.2, NOAA 2015). The 
mid-marsh zone, between 2.5-2.0 meters in elevation, where C. lyngbyei was found 
dominant, and P. arundinacea  was mostly absent, was estimated to flood twice a day 60-
95% of the time for approximately 1.5-3 hours, which was translated into two daily 
flooding treatments of 3 hours (a total of  6 hours over a 24 hr period~2.2 m) (Figure 
C.6). The low marsh zone, less than 2 meters in elevation, where S. lacustris was found 
dominant, was estimated to be flooded twice daily 95-100% of the time, for 
approximately 4.5-6.5 hr, which translated into two flooding treatments for 6 hours (a 
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total of 12 hours over a 24 hr period~1.5 m) (Figure C.6). Overall, the flooding 
treatments were chosen to represent the average high marsh elevation and the lower 
(elevation) ends of the mid and low marsh gradient with the intention of reducing 
similarity and ambiguity among the treatment conditions tested.  
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Appendix C Figure C.2: Lewis and Clark River, Alder Creek, and Colewort Creek flooding from Sept 2014-2015 at the 
Lewis and Clark National Historical Park. See data logger location in Figure 3.2. Within each tidal wetland channel 
the data logger was placed near the channel bottom, and in the Lewis and Clark river the data logger was placed at a 
non-vegetated low elevation point along the river bank. No water level elevation measurements were made below the 
elevation of the data loggers which is why there are different end points for water depth among the channels and river 
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above. Wetland plants were generally not seen growing below 1.4 meters. The month of March is highlighted as these 
were the data used to calculate tidal flooding frequency and duration for the greenhouse study.  
 
Appendix C Table C.1: Summary of daily (every 24 hours) maximum water levels (elevations in meters, 
NAVD88) observed within Youngs Bay, Oregon. For locations see Figure 3.2 and 3.3. The month of march 
and overall monthly means are highlighted. 
Summary of Daily Maximum Water Levels (meters) 
Monthly 
Summary NOAA Tide Gage 
Youngs Bay Monitoring Station  
(25 Year Restoration Site) 
Youngs River Monitoring 
Station  
(CT Reference Site) 
Month Year n Max Mean SE n Max Mean SE n Max Mean SE 
Sep 2014 12 2.93 2.65 0.06 12 2.98 2.72 0.06 12 2.82 2.56 0.06 
Oct 2014 32 3.34 2.75 0.05 32 3.30 2.79 0.05 32 3.16 2.64 0.05 
Nov 2014 31 3.29 2.74 0.06 31 3.30 2.81 0.06 31 3.17 2.66 0.06 
Dec 2014 32 3.57 2.98 0.06 32 3.57 3.04 0.06 32 3.43 2.91 0.06 
Jan 2015 32 3.34 2.80 0.05 32 3.33 2.86 0.04 32 3.20 2.74 0.05 
Feb 2015 29 3.12 2.81 0.04 29 3.16 2.81 0.05 29 3.05 2.69 0.05 
Mar 2015 32 3.19 2.63 0.05 32 3.21 2.65 0.05 32 3.09 2.51 0.05 
Apr 2015 31 3.00 2.58 0.04 31 3.06 2.57 0.04 31 2.92 2.44 0.05 
May 2015 32 3.02 2.58 0.04 32 3.02 2.59 0.05 32 2.91 2.46 0.05 
Jun 2015 31 2.93 2.59 0.04 31 2.93 2.61 0.04 31 2.81 2.49 0.04 
Jul 2015 32 2.94 2.71 0.03 32 2.95 2.71 0.03 32 2.83 2.60 0.03 
Aug 2015 32 3.14 2.69 0.04 32 3.10 2.69 0.04 32 3.03 2.58 0.04 
Sep 2015 20 3.04 2.64 0.04 21 3.01 2.64 0.04 21 2.91 2.53 0.04 
Monthly Mean 13 3.14 2.70 0.05 13 3.15 2.73 0.05 13 3.02 2.60 0.05 
Monthly 
Summary Lewis and Clark River 
Alder Creek  
(54 Year Restoration Site) 
Colewort Creek  
(2012 & 2007 Year Restoration 
Sites) 
Month Year n Max Mean SE n Max Mean SE n Max Mean SE 
Sep 2014 12 2.81 2.55 0.06 12 2.80 2.57 0.06 12 2.93 2.69 0.05 
Oct 2014 32 3.13 2.62 0.05 32 3.16 2.65 0.05 32 3.27 2.76 0.05 
Nov 2014 31 3.14 2.65 0.06 31 3.17 2.67 0.06 31 3.26 2.77 0.06 
Dec 2014 32 3.41 2.89 0.06 32 3.43 2.92 0.06 32 3.54 3.03 0.06 
Jan 2015 32 3.17 2.72 0.04 32 3.19 2.74 0.04 32 3.32 2.85 0.04 
Feb 2015 29 3.03 2.69 0.05 29 3.04 2.70 0.05 29 3.16 2.79 0.05 
Mar 2015 32 3.09 2.52 0.05 32 3.10 2.53 0.05 32 3.19 2.63 0.05 
Apr 2015 30 2.92 2.45 0.05 31 2.94 2.47 0.04 31 3.04 2.48 0.08 
May 2015 32 2.92 2.48 0.05 32 2.93 2.49 0.05 32 3.02 2.57 0.05 
Jun 2015 31 2.82 2.50 0.04 31 2.82 2.51 0.04 31 2.90 2.58 0.04 
Jul 2015 32 2.84 2.61 0.03 32 2.84 2.62 0.03 32 2.92 2.69 0.03 
Aug 2015 32 3.03 2.59 0.04 32 3.03 2.59 0.04 32 3.08 2.67 0.04 
Sep 2015 21 2.92 2.55 0.04 21 2.93 2.55 0.04 21 3.00 2.63 0.04 
Monthly Mean 13 3.02 2.60 0.05 13 3.03 2.62 0.05 13 3.12 2.70 0.05 
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Appendix C Figure C.3: Lewis and Clark River, Youngs Bay, and Youngs River flooding and salinity levels from Sept 
2014-2015, Lewis and Clark River salinity data were only collected from September 2014 to April 2015 due to data 
logger malfunction, Youngs Bay salinity data were collected between Oct 2014 – Sept 2015. See data logger locations 
on Figure 3.2-3.3.   
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Appendix C Table C.2: Summary of daily (every 24 hours) maximum salinities (ppt) observed within 
Youngs Bay, Oregon. For locations see Appendix C Figure C.3. 
Summary of Daily Maximum Salinities (ppt) 
Monthly 
Summary 
Youngs Bay Monitoring 
Station 
Youngs River Monitoring 
Station Lewis and Clark River 
Month Year n Max Mean SE n Max Mean SE n Max Mean SE 
Sep 2014 12 8.5 6.7 0.4 3 6.4 6.1 0.1 12 10.0 8.1 0.5 
Oct 2014 32 7.3 5.5 0.2 32 10.5 6.7 0.3 32 9.5 6.5 0.3 
Nov 2014 31 5.2 3.6 0.2 31 7.7 3.7 0.4 31 6.7 3.5 0.3 
Dec 2014 32 4.8 2.3 0.2 32 6.0 2.1 0.3 32 6.4 2.1 0.3 
Jan 2015 32 3.8 1.5 0.2 32 4.3 1.2 0.2 32 4.7 1.3 0.2 
Feb 2015 29 3.4 1.2 0.1 29 3.0 0.8 0.1 29 3.9 0.9 0.2 
Mar 2015 24 3.1 1.9 0.1 32 3.6 1.4 0.1 32 4.1 1.7 0.2 
Apr 2015 15 5.0 3.1 0.4 31 2.6 1.3 0.1 22 2.5 1.3 0.1 
May 2015 32 5.8 3.4 0.2 32 3.0 1.9 0.1     
Jun 2015 31 7.3 4.2 0.2 31 4.1 2.4 0.1     
Jul 2015 32 7.1 5.4 0.2 32 4.2 3.3 0.1     
Aug 2015 32 7.1 4.8 0.1 32 4.2 3.3 0.1     
Sep 2015 21 7.6 6.0 0.2 21 4.9 4.2 0.1     
Monthly Mean 13 5.8 3.8 0.2 13 5.0 3.0 0.2 8 6.0 3.2 0.3 
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Appendix C Figure C.4: Daily mean Columbia River Discharge at river mile 53.8 (86.6 km) and daily precipitation 
collected at the Astoria Airport located near the Youngs Bay monitoring station on Figure 3.2. These data were 
obtained from the USGS (2016). River discharge is not monitored on any of the tributaries within the Youngs Bay 
watershed or closer than river mile 53.8 in the Columbia River estuary which is approximately 45 miles (72 km) 
upstream from the mouth of Youngs Bay (Figure 3.2).  
 
274 
 
 
 
Appendix C Figure C.5: Plant assemblage elevation ranges and tidal flooding duration and frequency observed in the 
restoration wetlands. Salinity is assumed to increase with depth from the salt water (wedge) which normally is found 
below a layer of freshwater in estuary systems. Plant community data are taken from Appendix E. 
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Appendix C Figure C.6: Graph showing the estimated average mean tidal flooding occurrence (%, estimate likelihood 
plant community/elevation is flooded twice a day) vs. mean duration of flooding every 12 hours for the month of March 
2015 for the elevations and plant communities sampled (these are highlighted with different colors and associated 
dominant species codes). The experimental flooding durations are highlighted – High marsh treatment, 2.5 m 
(NADV88): 1 hr, once a day(24 hrs.) reflecting the low occurrence of flooding observed every 12 hours observed in 
this elevation zone (on average >50% of the time this area was only flooded once a day), mid-marsh treatment, 2.2 m: 
3 hours of flooding every 12 hours, and low marsh treatment, 1.5 m: 6 hr of flooding every 12 hours. Both the mid and 
low marsh treatments were set to twice a day flooding (every 12 hours) reflecting the observed 90-100% occurrence of 
twice a day flooding observed in these elevation zones.  These estimates are based on the dominant plant community 
elevations measured at the time of seed bank sampling (April 2015) and the main tidal channel water level elevations 
monitored using water level data loggers recording every 30 mins during this time period.   
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Appendix D: Chapter 2 - Plant Community Data Tables  
Table D.1: All plant species with >0.01 mean relative cover (%) (±SE) among the pasture, restoration, and 
reference sites. 
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Table D.2: Complete plant species list (>0.01% overall mean relative cover), see Table D.1 for more 
details. 
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Table D.3: High-low marsh mean native and non-native relative cover (±SE). 
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Table D.4: High marsh mean soil parameters, significant (p<0.05) differences between sites and reference 
conditions using Tukey’s HSD test. Significant differences among sites and reference wetlands color coded, 
see key at bottom of table for further details.
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Table D.5: Mid-marsh mean soil parameters, significant (p<0.05) differences between sites and reference 
conditions using Tukey’s HSD test. Significant differences among sites and reference wetlands color coded, 
see key at bottom of table for further details.
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Table D.6: Low marsh mean soil parameters, significant (p<0.05) differences between sites and reference 
conditions using Tukey’s HSD test. Significant differences among sites and reference wetlands color coded, 
see key at bottom of table for further details. 
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Table D.7: Differences in mean (±SE) plant community and soil parameters among clusters. 
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Appendix E: Chapter 3 - Complete Seed Bank Study Plant Species Information 
and Occurrence   
Appendix E Table E.1: Seed bank study plant species occurrence and basic plant species information, plant species 
information collected from the USDA plants database.  
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Table E.2: Seed bank study overall mean plant species abundance across the field samples (standing plant 
community, % relative cover/m2), seed bank samples(seeds/m2), and the germination experiment 
(seedlings/m2).Coloration ranging from greater (red) to lower (green) values. 
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Appendix F: Chapter 3 Supplemental Results - Field Observations Standing 
Plant Community and Seed Bank 
Standing Plant Community and Seed Bank Data by Site - Overall 19 different 
plant species including 14 native, 4 non-native, and 1 of unknown status were identified 
during field surveys of the standing vegetation of the 1959 and 2007 restoration sites in 
April of 2015 (n=40 – 1 m2 quadrats, Table F.1). All of the standing species surveyed 
were perennial in life duration, with a distribution of wetland indicator statuses of 10 
OBL, 3 FACW, 4 FAC, 1 FACU, and 1 unknown. A total of 12 native and 2 non-native 
species were found on the 1959 restoration site (n=20), and a total of 9 native and 5 non-
native species were identified in the 2007 restoration site (n=20). Overall, the 1959 site 
had the greatest abundance of P. arundinacea and C. lyngbyei plant communities, and the 
2007 site had the greatest abundance of J. effusus and S. lacustris plant communities 
(Appendix F, F.1).   
In comparison, the seed bank samples taken from these same field survey 
locations were composed of a total of 34 species including 13 native and 15 non-native 
species, in addition to 6 species of unknown origin (n=40 – 100 ml soil/1 m2 quadrat, 
Table F.1). A majority of the seed bank species were perennial in life duration: 28 
perennial, 5 annual, and 1 unknown, with a distribution of wetland indicator statuses of 9 
OBL, 4 FACW, 11 FAC, 2 FACU, and 7 unknown. The seed bank of the 1959 site was 
composed of a total of 15 species, 8 native and 5 non-native, and the 2007 site seed bank 
consisted of a total of 34 species, 13 native and 15 non-native (n=20 each site, Table F.2).  
The most abundant species found in the 1959 site’s seed bank were P. arundinacea, S. 
microcarpus, S. lacustris, O. sarmetosa, and C. lyngbyei, while the most abundant 
species found in the 2007 site’s seed bank were J. effusus, P. arundinacea, E. palustris, S. 
lacustris, and Alopecurus species respectively (Table F.2). Only 10 of the total species 
identified in the seed bank were also found in the standing vegetation across the sites: 6 
native, 3 non-native, 1 unknown (Agrostis sp) species (Table F.1-F.2, Appendix A). 
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No significant difference was found in the standing plant community mean (n=20 
- 1 m2 quadrats per site) native and non-native cover (% relative abundance), total species 
richness, native species richness, or non-native species richness between the two sites 
(Table F.3).  In contrast, the seeds directly identified from the sites’ seed banks did show 
significant differences in seed species composition among the sites (Table F.3). The 1959 
site had a mean (±SD) total seed bank species richness of 3.1 ± 1.2 which was 
significantly lower than the 2007 site which had a mean total species richness of 6.0 ± 2.2 
(Table F.3). This difference in seed bank species richness among the sites was primarily 
from higher levels of non-native species identified out of the 2007 site, with that site 
having a significantly greater proportion of non-native species richness, 3.0 ± 1.1, over 
the 1959 site, 1.3 ± 0.6 (Table F.3). There was no significant difference found in native 
seed bank species richness between the sites (Table F.3).  
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Appendix F Table F.1: Field observations: standing plant species composition (% relative cover) by site, significant, 
Bonferroni corrected significance level p<0.01, and marginally significant p<0.05 differences highlighted.
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Appendix F Table F.2: Seed bank composition: frequency of occurrence of species identified through direct 
seed counts by site (n=100 ml/m2 soil each), only species with a relative frequency ≥0.1% shown. 
Significant, Bonferroni corrected significance level p<0.01, and marginally significant p<0.05 differences 
highlighted. 
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Appendix F Table F.3: Field and seed bank composition summary by site – standing vegetation and seeds 
identified out of the soil. Significant, Bonferroni corrected significance level p<0.004, and marginally 
significant p<0.05 differences highlighted. 
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Environmental Conditions by Site - Environmental conditions across the sites 
and sample locations varied significantly. The elevation range of the 1959 site was 
significantly higher than the 2007 site, averaging about 0.2 meters (0.5 ft) higher, with a 
mean elevation of 2.4 ± 0.4 m (7.8 ± 1.3 ft) compared to the 2007 site which had a mean 
elevation of 2.2 ± 0.3 m (7.3 ± 0.9 ft) (Table F.4). Given this difference in elevation the 
lower 2007 site experiences significantly greater tidal flooding (on average flooded 38% 
more frequently) and duration (on average flooded for 1.3 hours longer per high tide) 
than the higher 1959 site (Table F.4, Figure 3.3). This difference in tidal flooding 
frequency and duration was further highlighted by the difference in soil ORP conditions 
observed between the sites, with the 2007 site having significantly lower ORP conditions 
averaging at 149.5 ± 69.6 mV compared to the 1959 sites average of 210.4 ± 89.9 mV. 
Soil conductivity and salinity were significantly higher on the 1959 site likely due to the 
lack of freshwater fluvial input on the site compared to the 2007 site (Figure 3.3). The 
1959 site also had significantly greater soil salinity levels, 387.4 ±145.8 ppm, compared 
to the 2007 site at 300.5 ±119.1 ppm. Marginal differences (not significant with 
Bonferroni correction) in soil bulk density, organic matter, and available nitrogen 
(calculated based on organic matter content) were also observed, with the 1959 site 
having slightly more organic matter, estimated available nitrogen, and less bulk density 
than the 2007 site (Table 4). The 48-year difference in site age is a likely explanatory 
factor for these differences, soil organic matter accumulating and bulk density reducing 
slowly after tidal reconnection (Chapter 2, Table F.4). No significant differences were 
identified between the sites’ soil moisture, pH, texture (% sand, silt, and clay), 
Phosphorus (Bray II) content, or Total Exchange Capacity (Table F.4).   
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Appendix F Table F.4: Field observations: environmental conditions summarized by site, significant, Bonferroni 
corrected significance level p<0.003, and marginally significant p<0.05 differences highlighted. Abundance of 
flooding is the same as flooding frequency.  
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 Standing Plant Community and Seed Bank Data by Dominant Plant Species 
Seed Bank Sample Locations - Among the dominant native and non-native standing 
plant communities sampled P. arundinacea  had the greatest overall standing vegetation 
species richness with a total of 13 species, 9 native and 3 non-native identified, followed 
by S. lacustris with a total of 11 species, 7 native and 3 non-native, C. lyngbyei with a 
total of 10 species, 8 native and 1 non-native, and J. effusus with 7 total species, 4 native, 
and 3 non-native (Table F.5). Only 4 species were found in common among all of the 
dominant plant communities including 1 non-native species, P. arundinacea, and 3 native 
species, P. anserine, O. sarmetosa, and E. palustris (Table F.5). In comparison, the seed 
bank total species richness was also similar among the different plant communities with 
19 total species identified in the P. arundinacea (8 native, 7 non-native, 4 unknown), C. 
lyngbyei (9 native, 7 non-native, 3 unknown), and J. effusus (7 native, 9 non-native, 3 
unknown) seed banks and 20 total species in the S. lacustris (11 native, 6 non-native, 3 
unknown) seed bank (Table F.6). A total of 7 species were found in common among all 
of the different plant community seed banks including 4 native species, S. lacustris, S. 
microcarpus, O. sarmetosa, and Glyceria sp, and 3 non-native species J. effusus, 
Alopecurus sp, and Trifolium repens (Table F.6). 
 On average native species richness was found to be significantly greater in the S. 
lacustris standing plant community, 3.4 ± 1.0, compared to the P. arundinacea, 1.7 ± 1.2, 
and J. effusus, 1.3 ± 1.0, plant communities, but not significantly different than the C. 
lyngbyei plant community native species richness, 2.7 ± 1.3 (Table F.7).  Average non-
native species richness was significantly greater in the J. effusus plant community, 2.3 ± 
0.8, and lowest in the C. lyngbyei plant community, 0.2 ± 0.4 (Table F.7). Total standing 
species richness and Shannon Diversity Indices were not significantly different among 
the 4 different plant communities (Table F.7).  
 In comparison, native seed bank species richness was found to be significantly 
greater in the S. lacustris, 3.6 ± 2.4, and C. lyngbyei, 2.2 ± 0.8, seed banks compared to 
the P. arundinacea seed bank, 1.4 ± 0.8. The J. effusus seed bank’s native species 
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richness, 2.7 ± 1.8, was not significantly different from the others (Table F.7).On average 
the relative abundance of native seeds identified from the different seed banks was 
significantly greater in the C. lyngbyei seed bank, 55.1 ± 33.8%, compared to the P. 
arundinacea, 26.2 ± 33.5%, and J. effusus, 12.6 ± 13.8%, seed banks. The S. lacustris 
seed bank’s native seed abundance, 30.8 ± 25.5%, was not found to be significantly 
different from the others (Table F.7). There was no significant difference in relative non-
native seed abundance, total species richness, non-native species richness, or Shannon 
Diversity Indices among the different seed banks.  
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Appendix F Table F.5: Dominant plant community field observations: standing species composition. Significant 
Kruskal-Wallis analysis, Bonferroni significance level p<0.004, and marginally significant p<0.05 differences 
highlighted. Pairwise, Man-Whitney U tests, significant differences within species among plant communities marked by 
differing letters, Bonferroni corrected significance level p<0.003, marginally significant p<0.05 differences also 
marked with an *.  
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Appendix F Table F.6: Dominant plant community seed bank composition: frequency of occurrence of species 
identified through direct seed counts (n=100 ml/m2 soil each), only species with a relative frequency ≥.1% shown. 
Significant Kruskal-Wallis analysis, Bonferroni significance level p<0.01, and marginally significant p<0.05 
differences highlighted. Pairwise, Man-Whitney U tests, significant differences within summary metrics among plant 
communities marked by differing letters, Bonferroni corrected significance level p<0.002, marginally significant 
p<0.05 differences also marked with an*. 
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Appendix F Table F.7: Field and seed bank composition summary dominant plant community status – standing 
vegetation and seeds identified from the soil. Significant Kruskal-Wallis analysis, Bonferroni significance level 
p<0.004, and marginally significant p<0.05 differences highlighted. Pairwise, Man-Whitney U tests, significant 
differences within summary metrics among plant communities marked by differing letters. Bonferroni corrected 
significance level p<0.001, marginally significant p<0.05 differences also marked with an *. 
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 Environmental Conditions by Dominant Plant Species Seed Bank Sample 
Locations - Environmental conditions across the different standing plant communities 
(and seed bank sampling locations) varied significantly. The P. arundinacea  plant 
community was on average significantly higher in elevation, 2.5 ± 0.2 m (8.2 ± 0.5 ft), 
than the C. lyngbyei, 2.3 ± 0.2 m (7.7 ± 0.5 ft), and S. lacustris, 1.8 ± 0.4 m (5.8 ± 1.4 ft), 
plant communities (Table F.8). The J. effusus plant community, 2.4 ± 0.2 m (7.9 ± 0.6 
ft.), was not significantly different in elevation compared to P. arundinacea  and C. 
lyngbyei, but was significantly higher than the S. lacustris plant community (Table F.8). 
Overall, the P. arundinacea  plant community experienced a mean flooding 
abundance/frequency of 41 ± 23 % which was significantly less than C. lyngbyei, 59 ± 
26%, S. lacustris, 95 ± 9%, but not significantly different than J. effusus, 63 ± 26%, plant 
communities. Additionally, the greatest duration of flooding during each high tide was 
identified in the S. lacustris plant community, 4.6 ± 1.8 hr, followed by the C. lyngbyei 
and J. effusus, both at 1.7 ± 1.0 hr and P. arundinacea , 1.0 ± 0.7 hr, plant communities 
(Table F.8). This difference in tidal flooding abundance/frequency and duration was 
further highlighted by the significant difference in soil ORP conditions observed among 
the plant communities, with the S. lacustris plant community having the lowest ORP 
conditions averaging at 46.8 ± 60.0 mV, followed by progressively higher average ORP 
levels in the C. lyngbyei, 168.5 ± 56.3 mV, J. effusus, 210.9 ± 23.4 mV, and P. 
arundinacea , 243.9 ± 49.3 mV, plant communities.  
 Overall soil salinity was found to be significantly lower in the J. effusus plant 
community, 237.9 ± 115.9 ppm, which is about half as salty as all of the others which 
were not found significantly different from one another (Table F.8). Soil conductivity 
was also significantly lower in the J. effusus plant community, 499 ± 236 µS/cm, and 
highest in the P. arundinacea , 923 ± 302 µS/cm, followed by the  S. lacustris, 825 ± 250 
µS/cm, and C. lyngbyei, 797 ± 241 µS/cm,  plant communities. Soil pH was found to 
vary among the plant communities with P. arundinacea  and S. lacustris having the 
highest pH, with an average of 6.5, and C. lyngbyei having the lowest pH, with an 
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average of 5.6, and J. effusus falling in the middle with an average pH of 6.0 (Table F.8). 
Additionally, soil Phosphorus (P) was found to be significantly greater in the C. lyngbyei 
plant community with an average of 62.4 mg/kg, compared to the P. arundinacea and S. 
lacustris plant communities which both had an average of 48.4 mg/kg and J. effusus 
which had the lowest P levels with an average of 38.8 mg/kg. This elevated P is likely 
related to the slightly lower pH and slightly higher salinity levels also observed in the C. 
lyngbyei plant community, conditions which favor increases in P availability (Fox et al. 
1986, House 1999, Sundareshwar and Morris 1999).  No significant differences were 
identified among the plant communities’ soil bulk density, organic matter, moisture, 
texture (% sand, silt, and clay), available nitrogen, or total exchange capacity (Table F.8).    
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Appendix F Table 8: Dominant plant community field observations: environmental conditions. Abundance of flooding 
is the same as flooding frequency. Significant Kruskal-Wallis analysis, Bonferroni significance level p<0.003, and 
marginally significant p<0.05 differences highlighted. Pairwise, Man-Whitney U tests, significant differences within 
summary metrics among plant communities marked by differing letters; Bonferroni corrected significance level 
p<0.0005, marginally significant p<0.05 differences also marked with an*. 
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Table F.9: Germination experiment: individual species mean relative abundance (%) across flooding and 
salinity treatments (n=40 each). Dominant standing species highlighted in gray on the left, germination 
data heat mapped from red representing higher levels of germination to green representing lower levels of 
germination across the treatment gradient. 
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Appendix G: Greenhouse Experimental Setup and Supplementary Data  
 Greenhouse Setup and Environmental Conditions by Treatment- Treatment tubs 
were randomly stratified along the greenhouse bench and seed bank samples were 
randomly distributed within each treatment tub using a gridded schematic and a random 
number generator (Chapter 3, Figure 3.6). Environmental conditions were monitored to 
ensure consistency among treatment tubs including soil salinity (bi-weekly) and soil ORP 
conditions (weekly) before and after flooding treatments. No significant differences in 
environmental conditions within treatment groups (among tubs) were observed (Tables 
G.1-G.5). Post-flooding soil ORP treatment conditions followed similar patterns to those 
observed within the high to low marsh plant communities in the field (Table G.5, and 
Appendix E Table E.8).  
 
 
Appendix G. Table G.1: Mean bi-weekly salinity measurements for treatments (n= 276, June-November 2015) 
Salinity Treatment Flooding Treatment Mean Salinity (ppt) SD 
Fresh (0 ppt) 
High Marsh 0.2 0.4 
Mid-Marsh 0.2 0.4 
Low Marsh 0.2 0.4 
Oligohaline (3 ppt) 
High Marsh 3.1 0.6 
Mid-Marsh 3.1 0.7 
Low Marsh 3.2 0.7 
Brackish (10 ppt) 
High Marsh 10.2 0.9 
Mid-Marsh 10.2 0.7 
Low Marsh 10.2 0.8 
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Appendix G Table G.2: Mean bi-weekly salinity measurements for treatments by reservoir, no significant differences 
among reservoir salinities within treatment combinations (n=92 for each reservoir, June-November 2015) 
Measured Salinities (ppt)  
By Treatment Reservoirs  Reservoir 1 Reservoir 2 Reservoir 3 
Salinity Treatment Flooding Treatment Mean SD Mean SD Mean SD 
Fresh (0 ppt) 
High Marsh 0.3 0.5 0.1 0.3 0.2 0.4 
Mid-Marsh 0.1 0.3 0.1 0.3 0.3 0.5 
Low Marsh 0.2 0.4 0.2 0.4 0.1 0.3 
Oligohaline (3 ppt) 
High Marsh 3.1 0.6 3.1 0.6 3.1 0.6 
Mid-Marsh 3.2 0.8 3.2 0.6 3.1 0.6 
Low Marsh 3.2 0.6 3.2 0.7 3.2 0.7 
Brackish (10 ppt) 
High Marsh 10.2 1.1 10.1 0.8 10.3 0.9 
Mid-Marsh 10.2 0.6 10.2 0.8 10.3 0.8 
Low Marsh 10.3 1.1 10.1 0.6 10.1 0.6 
 
 
 
 
 
 
Appendix G Table G.3: End of study soil salinities measured after last tidal flooding cycle, all soils where processes 
with fresh water (soil salinities <0.1 ppt) when the study was initiated (n= 9 random subsamples tested from each 
treatment combination). 
End of Study – Mean Measured Soil Salinity (ppt) 
Salinity Treatment Flooding Treatment Mean SD 
Fresh (0 ppt) 
High Marsh 0.0 0.0 
Mid-Marsh 0.1 0.0 
Low Marsh 0.1 0.0 
Oligohaline (3 ppt) 
High Marsh 1.5 0.4 
Mid-Marsh 2.1 0.4 
Low Marsh 2.5 0.4 
Brackish (10 ppt) 
High Marsh 6.2 0.4 
Mid-Marsh 7.3 0.7 
Low Marsh 7.6 0.5 
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Appendix G Table G.4: End of study soil salinities measured after last tidal flooding cycle, all soils where processes 
with fresh water (soil salinities <0.1 ppt) when the study was initiated (n= 3 random subsamples tested from each 
reservoir treatment combination). 
End of Study – Mean Measured Soil Salinity 
(ppt) by Reservoir 
Reservoir 1 Reservoir 2 Reservoir 3 
Salinity Treatment Flooding Treatment Mean SD Mean Mean SD Mean 
Fresh (0 ppt) 
High Marsh 0.0 0.0 0.1 0.0 0.0 0.0 
Mid-Marsh 0.1 0.0 0.1 0.0 0.1 0.0 
Low Marsh 0.1 0.0 0.1 0.0 0.1 0.0 
Oligohaline (3 ppt) 
High Marsh 1.2 0.3 1.5 0.4 1.9 0.3 
Mid-Marsh 2.4 0.6 2.1 0.2 2.0 0.2 
Low Marsh 2.2 0.4 2.8 0.3 2.4 0.2 
Brackish (10 ppt) 
High Marsh 5.9 0.4 6.1 0.3 6.5 0.3 
Mid-Marsh 7.5 0.7 7.3 0.9 7.2 0.7 
Low Marsh 7.6 0.7 7.5 0.5 7.8 0.5 
 
 
 
 
 
 
 
Appendix G Table G.5: Mean Weekly Soil ORP Measurements for Treatments (June-September 2015, n= 13 weeks).  
Flooding Treatment Salinity Treatment Before Flooding SD After Flooding SD 
High Marsh 
(1 hr flooding x 1 
day) 
Fresh (0 ppt) 199 27 147 33 
Oligohaline (3 ppt) 200 34 154 40 
Brackish (10 ppt) 203 36 152 30 
Mid-Marsh 
(3 hr flooding x 2 
day) 
Fresh (0 ppt) 190 31 129 20 
Oligohaline (3 ppt) 193 30 135 31 
Brackish (10 ppt) 191 35 137 36 
Low Marsh 
(6 hr flooding x 2 
day) 
Fresh (0 ppt) 175 43 75 55 
Oligohaline (3 ppt) 168 39 78 45 
Brackish (10 ppt) 162 46 86 54 
 
